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CONTENIDOS Y ESTRUCTURA DE LA TESIS

En esta Tesis Doctoral se estudia la eliminacion de cinco contaminantes presentes en los
lixiviados (4&cido ftalico, bisfenol A, acido difenolico, acido 2,4-diclorofenoxiacético y
acido 4-cloro-2-metilfenoxiacético), en fase acuosa, mediante las técnicas de adsorcion
sobre carbones activados, fotooxidacion y radidlisis. Los resultados experimentales
obtenidos y la discusion de los mismos se presentan en esta Memoria divididos en siete

Capitulos.

El primer Capitulo, dedicado a la introduccion del trabajo desarrollado en la Tesis,
comienza analizando la problemadtica actual de la contaminacién de las aguas por los
contaminantes seleccionados para este estudio y los métodos més idoéneos para su
eliminacion. A continuacion, se exponen los fundamentos de los tratamientos utilizados

y, al final del Capitulo, se indican los objetivos de la Tesis.

En el segundo Capitulo se analiza el comportamiento de dos carbones activados
comerciales de diferentes caracteristicas texturales y quimicas en los procesos de
adsorciéon de los cinco contaminantes seleccionados. Este Capitulo se centra,
fundamentalmente, en el estudio de las cinéticas de adsorciéon de estos compuestos
aplicando diferentes modelos cinéticos y difusionales y relacionando los resultados
obtenidos con las caracteristicas fisicas y quimicas de los carbones activados y de los

adsorbatos.

En el tercer Capitulo se estudia el proceso de adsorcion del acido ftalico sobre
carbones activados tanto en régimen estatico como dinamico. Concretamente, en este
Capitulo, se analizan las isotermas de adsorcion y las curvas de rotura de las columnas y
se evalua la influencia de diferentes parametros como son: pH de la disolucion, fuerza
ionica, tipo de agua (ultrapura, subterrdnea, superficial y residual) y presencia de

microorganismos en el medio (bioadsorcion).

El cuarto Capitulo aborda el estudio de la eficiencia de la radiacion UV en la

fotodegradacion directa e indirecta (en presencia de generadores de radicales hidroxilo,



sulfato o carbonato/bicarbonato) del bisfenol A. Para ello, se realiza un estudio cinético
y se analiza la influencia de las distintas variables operacionales, asi como la evolucion
de la concentracion del carbono orgénico total y la toxicidad del sistema durante la
fotodegradacion del contaminante, tanto en agua ultrapura como aguas naturales

(subterranea, superficial y residual).

El quinto Capitulo estudia el papel que juega el carbon activado en la fotodegradacion
catalitica del acido 2, 4-diclorofenoxiacético mediante el Proceso de Oxidacion
Avanzada basado en radiacion UV/TiO,/carbdon activado. Se evalaa la influencia de las
caracteristicas texturales y quimicas de los carbones activados, tanto originales como
oxidados, en el rendimiento de la degradacion y se propone el mecanismo a través del

cual se potencia la degradacion del contaminante en presencia de carbon.

El sexto Capitulo se centra en el uso de la radiacion gamma, como Proceso Avanzado
de Oxidacién/Reduccion, para la eliminacion de los cinco contaminantes seleccionados.
Se estudian las cinéticas de descomposicion y se determinan los valores de las
constantes de velocidad de degradacion de cada uno de los compuestos con el radical
hidroxilo, electron y atomo de hidrogeno generados por la radidlisis del agua. Los
valores de estas constantes se relacionan con la composicion quimica de las

correspondientes moléculas de los contaminantes.

En el séptimo Capitulo se exponen los resultados obtenidos al tratar, con radiacién
gamma, aguas contaminadas con &cido difendlico. Se estudia el efecto de los
pardmetros operacionales (velocidad de dosis, concentracion inicial de contaminante,
pH y contenido de oxigeno de la disolucion) y de la presencia de diferentes aniones
inorganicos en la degradacion del contaminante. Ademas, se evalua la influencia de la
matriz del agua (ultrapura, superficial y residual) y la evolucion del carbono orgénico
total y la toxicidad del medio acuoso en funcion de la dosis de radiacion adsorbida. Esta
Memoria termina con un apartado donde se resumen las conclusiones globales

obtenidas de la presente Tesis Doctoral.
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1. ENVIRONMENTAL IMPACT AND TREATMENT OF CONTAMINANTS
PRESENT IN LANDFILL LEACHATES STUDIED IN THE PRESENT
DOCTORAL THESIS

This section analyzes the environmental problems created by the presence of
compounds used as plasticizers and herbicides in landfill leachates. Given the large
number of contaminants in this type of aqueous effluent, model compounds were
selected for each group: bisphenol A (BPA) and diphenolic acid (DPA), representing
plasticizers; and 2,4- dichlorophenoxyacetic acid (2,4-D) and 4-chloro-2-
methylphenoxiacetic acid (MCPA), representing herbicides. Phthalic acid (PA) was also
studied as a plasticizer of interest, therefore, an extensive review on its adverse
environmental effects was published in the Journal of Environmental Management (see

Section 1.7).

Landfills remain a prime concern of waste management systems throughout the world,
including Europe (Salem et al., 2008), and have been identified as one of the main
threats to groundwater resources (Fatta et al., 1999). The two most serious
environmental effects of landfills are related to the leachate formed during
decomposition from the percolation of rainwater through the waste layer and to the
toxic byproducts generated by chemical and biological processes during waste leaching
(Primo et al., 2008). Once landfill leachate is released into the environment, it can
pollute soils (Hernandez et al., 1999; Islam and Singhal, 2002), surface water
(Mangimbulude et al., 2009; North et al., 2006), groundwater (Mikac et al., 1998;
Reyes-Lopez et al., 2008), and wildlife, due to its toxicity (Clément and Merlin, 1995;
Pivato and Raga, 2006; Silva et al., 2004).

Various organic pollutants and chemical species have been detected in the composition
of landfill leachates, including: i) plasticizers and organic esters added to polymers in
order to improve the properties of the final product (Nascimento Filho et al., 2003), i1)
antioxidants or stabilizers used to improve the durability of materials (Marttinen et al.,
2003), and ii1) herbicides/pesticides or other widely-used anti-pest compounds (Slack et

al., 2005).
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The most common monomeric plasticizers are BPA and DPA, which have been
detected in landfill leachates and in different aqueous systems (Lagana et al., 2004;
Smith and Weber Jr., 1990; Oman and Hynning, 1993). Due to their very large
production and wide distribution, they have become ubiquitous environmental
pollutants; moreover, they are considered to be endocrine disruptors (Giiltekin and Ince,

2007; Tanaka et al., 2001).

Novel effects of herbicides at environmentally relevant concentrations were recently
reported (Orton et al., 2009). 2,4-D is a widely used herbicide (Han et al., 2010) that is
commonly preferred worldwide because of its low cost and good selectivity (Aksu and
Kabasakal, 2004). MCPA is frequently utilized to control a wide variety of broadleaf
weeds in crops, including corn, grapes, flax, sugarcane, and pulses, and in grasses and
orchards, as well as in non-cultivated areas. Both compounds have frequently been

detected in drinking water (Peixoto et al., 2009).

The following sections provide a brief description of the above pollutants and outline

the treatments commonly used for their removal from aqueous solutions.

1.1. Bisphenol A

BPA is a representative compound among endocrine disruptors. It causes reproductive
damage to aquatic organisms and is widely used as a raw material in the production of
polycarbonate plastics and epoxy resins. Due to the widespread utilization of BPA,
there is increasing interest in effective remediation technologies for its removal from
contaminated water (Lagana et al., 2004). BPA has been detected in all types of
environmental waters at varying concentrations: up to 17.2 mg/L in hazardous waste
landfill leachate (Yamamoto et al., 2001), 12 pg/L in stream water (Liu et al., 2009),
and 0.1 pg/L in drinking water (MHLWJ, 2000).

The production and application of BPA is rising with the increasing use of plastics, and
the global production of BPA was 3.9 million tons in 2006 and increased to 4.7 million
tons in 2008 (Nempo and Chosa-Kai, 1997; Morgan, 2006; Jiao et al., 2008). EU

countries are responsible for nearly 30 % of world production.
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The US National Institute for Occupational Safety and Health’s Registry of Toxic
Effects of Chemical substances describes BPA as a primary irritant, a mutagen, and an

agent that affects the reproductive system (NIOHS 1998).

1.2. Diphenolic acid

In the recent decade, it has been observed much attention from researchers to
synthesize new polyesters and polycarbonates using DPA instead of BPA (Cerbai et al.,
2008; Fischer and Hartraxft, 1966; Zhang and Moore, 2002; Zhang and Moore, 2003),
because DPA is commercially available and much cheaper than BPA and it can
introduce functional carboxyl groups into the polymer structure (Ping et al., 2009).
DPA has the same environmental risks of BPA because it is one of BPA derivatives.
Both pollutants cause not only strong estrogenic endocrine disrupting effect but also

various diseases including carcinogenesis, liver damage and obesity-promoting effects.

1.3. 2,4- Dichlorophenoxyacetic acid

Among the herbicides, 2,4-D is the most widely used herbicide in the world (Han et al.,
2010), due to its low cost and good selectivity (Aksu and Kabasakal, 2004). It is used
in cultivated agriculture, in pasture and rangeland applications, forest management,
home gardens, and to control aquatic vegetation (Benli et al., 2007). It has been
detected in water systems in various regions (Gold et al., 1988). It is considered
moderately toxic, with a maximum allowed concentration in drinking water of 100
ng/L. The toxicity of 2,4-D and its degradation products make this chemical substance
a potential hazard by contaminating our environment (Hameed et al., 2009). The
removal of 2,4-D from water, therefore, is one of the major environmental concerns

these days (Aksu and Kabasakal, 2004).

1.4. 4-chloro-2-methylphenoxyacetic acid

MCPA, which was developed in the 1940s, is one of the most frequently detected
herbicides in drinking water, with contamination levels up to 0.4 ng/L (Cabral et al.,
2003; Peixoto et al., 2009; Sun et al., 1995). MCPA belongs to the family of
phenoxyacetic acids, which are considered highly carcinogenic. Moreover, although it

generally causes low-to-moderate toxicity, poisoning can have serious and sometimes
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fatal sequelae, including coma, renal dysfunction, and central nervous system

depression (Bradberry et al., 2000; Roberts et al., 2005).

1.5. Removal of BPA, DPA, 2,4-D, and MCPA from aqueous solution by means of
different technologies

Numerous studies have addressed the removal of BPA, DPA, 2,4-D, and MCPA from

aqueous solution by means of different technologies. Tables 1-4 summarize some of the

most representative studies on the removal of these contaminants from water.

Physical, chemical, and biological processes have been used in systems for eliminating
BPA from aqueous solution (Bautista-Toledo et al., 2005; Gattullo et al., 2012; Zhou et
al., 2011). Activated carbons have a high BPA adsorption capacity, which depends on
the characteristics of the activated carbon, the solution pH, and the presence of

electrolytes in the water (Bautista-Toledo et al., 2005).

Biological treatment is effective to eliminate BPA from aqueous solution but requires a
long treatment time, and its application is limited to very low concentrations of BPA
(Gattullo et al., 2012), However, BPA biodegradation is enhanced by the presence of
natural organic matter (NOM), which acts as a substrate for the microorganisms (e.g.,
green alga) in the system, increasing their growth (Gattullo et al., 2012). The presence
of Fe’" in an anaerobic system was also found to improve the bioremediation of BPA,

attributed to the action of Fe*" as an alternative electron acceptor (Li et al., 2012).

Technologies based on advanced oxidation processes (AOPs) have proven highly
effective in the degradation of organic compounds in aqueous solution. BPA
photodegradation of up to 100% has been reported using electrocatalytic,
electrochemical, ultrasonic, gamma radiation, photo Fenton, UV, O3, UV/O3, UV/TiO,,
0;/Ti0,, UV/Os/carbon, UV/O3/Ti0,, and UV/O3/TiO,/carbon processes (Cui et al.,
2009; Guo et al., 2012; Ju et al., 2012; Katsumata et al., 2004; Rivas et al., 2009; Wang
et al., 2009; Zhang et al., 2011). However, the mineralization levels are rather low,
except in the case of UV/Os/activated carbon, UV/O;/TiO,/activated carbon, and

UV/03/Ti0,, which completely mineralize the organic matter after 2 h of treatment
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(Rivas et al., 2009). Table 1 summarizes the key studies on the technologies commonly

used to remove BPA from aqueous solution.

Few studies have been published on the elimination of DPA from aqueous solution by
adsorption or photocatalytic processes (Guo et al., 2009a; Guo et al., 2009b; Guo et al.,
2009c¢). These have shown a low effectiveness in DPA degradation in aqueous solution,
and there is a need for research into other processes that could mineralize DPA and
completely remove it from waters. Table 2 summarizes the most representative studies

on the removal of DPA from aqueous phase by different processes.

Activated carbons have a high capacity to adsorb 2,4-D from aqueous solution, which is
attributable to their large surface area (Aksu and Kabasakal, 2004; Hameed et al., 2009).
However, UV radiation was found to be inadequate to completely degrade or mineralize
2,4-D in water in either the absence or presence of promoter agents (Alfano et al., 2001;

Kundu et al., 2005).

Photocatalysis has been proposed as a good option for the degradation of 2,4-D, and
UV/TiO, and UV/TiO,/activated carbon processes achieved removal percentages of
75% and 100%, respectively (Akpan and Hameed, 2011; Matos et al., 2001). The
improved  2,4-D photodegradation obtained with the presence of activated carbon in
the photocatalytic process can be attributed to its synergistic effects with TiO,. Table 3
summarizes some of the most representative articles on 2,4-D removal from aqueous

solution.

The MCPA degradation percentage was only 1% with UV radiation and 12% with
adsorption on TiO, particles, but it was 90% when UV radiation and TiO, were

combined (Zertal et al., 2001).

Garcia-Segura et al. (2011) removed around 80% of MCPA from aqueous solution after
a 2-h of treatment with a solar photoelectron-Fenton process and obtained 75%
mineralization. On the other hand, MCPA degradation percentages were 74% with

ozonation and 94% with the combined UV/O; system (Benoit-Guyod et al., 1986).
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Gamma radiation obtained an optimal percentage MCPA removal (up to 100%) at a
solution pH of 1.5 and dose of 3000 Gy, MCPA can be completely removed by gamma
radiation and partially removed by photooxidation and photocatalytic processes
(Bojanowska-Czajka et al., 2006). Table 4 summarizes the main studies on the

elimination of MCPA from water.
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Table 1. Removal of BPA from aqueous solution.

Type of
treatment

Concentration

Experimental conditions

Removing ratio

Observations

Adsorption onto
activated carbon

[50-350 mg/L]

Three activated carbons with different
chemical nature were used to adsorb
BPA from aqueous solution.

The influence of solution pH (2-12),
ionic strength (NaCl (0.01 M and 0.10
M)), and the presence of mineral
matter in carbons on the adsorption of
BPA was analyzed.

129.6-263.1 mg/g

The adsorption of BPA fundamentally
depends on the chemical nature of the carbon
surface and the solution pH. Furthermore, the
presence of electrolytes in solution favored
the adsorption process due to a screen effect;
however, the presence of mineral matter in
carbons reduced their adsorption capacity
because of the hydrophilic nature of this
matter

Electrocatalytic
degradation
(Ti-based PbO,.
ionic
liquids (ILs)
electrode)

The influence of solution current
density, solution pH, concentration of
supporting electrolyte, and initial
concentration of BPA was studied on
the BPA degradation.

100% within 150

The electrode showed a high stability and
reusability due to the better
electroconductivity and reusability of ILs.
The hydroxyl radicals (HO®) generated in the
electrocatalytic process played a key role in
oxidizing BPA to form CO, and H,O.
Moreover, these results illustrated that PbO,.
ILs/Ti electrode was effective for pollutants
degradation and had a great potential
application.

The optimal conditions were (current density
(30mA/cm?), solution pH (9), and supporting
catalyst (0.07 mol/L)).

Electrochemical
(EC)
degradation

EC degradation of BPA was tested for
four types of anode materials: Pt,
Ti/Boron-doped diamond (BDD),
Ti/Sb—SnO, and Ti/RuO,.

Ti/BDD (100%)
Ti/Sb-SnO, (100%)
Ti/RuO, (75%)

BPA was readily destructed at the Ti/Sb—
SnO, and Ti/BDD anodes, the Pt anode had a
high ability to remove BPA, and the Ti/RuO,
anode was incapable of effectively oxidising
BPA. The BPA degradation was based on the
HO?® radicals produced by water electrolysis.
In comparison, with its high durability and
good reactivity for organic oxidation, the
Ti/BDD anode appears to be the more
promising one for the effective EC treatment
of BPA and similar endocrine disrupting
chemical (EDCs) pollutants.
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Table 1. Removal of BPA from aqueous solution (continued).

tlr'l;?t)ren(e)fn t Concentration Experimental conditions Removing ratio Ref Observations
The ultrasonic irridiation is directly related
to the HO® production as a result of BPA
degradation. The optimal experimental
conditions were determined to be the
The presence of different additives (H,O,, frequency of 800 kHz and the power
air bubbles and humic acid) were intensity of 3.0 W/cm® The addition of a
Ultrasonic [1 mg/L] investigated on the ultrasonic degradation (70-100%) (Zhang et  low concentration of H,O, could facilitate
irradiation & of BPA under various operating ’ al.,,2011) BPA ultrasonic degradation efficiently.
conditions, 1i.e., ultrasonic frequency, However, further increased dosage of H,0,
power intensity and power density. was shown to decrease the degradation
efficiency of BPA. It was also found that
the BPA ultrasonic degradation was
inhibited by aeration and the presence of

humic acids.
BPA:
(100%) for all
treatments
The elimination and mineralization of TOC:O The Processes such s ozonation _ or
BPA by using several technologies such UV (15%) photoqx1dat10n are capable of efficiently
Advanced . . 05 (25%) . removing BPA from water, however,
A as UV, O;, UV/O;, UV/TiO,, 05/TiO (Rivas et . 2.
oxidation [0.10 mmol/L] Uv/o }actis\’/ate d ¥ carbon > M3 ( AC? UV/0; (75%) al.. 2009) mineralization levels are rather low. The
processes UV/03 ITiO UV/OVTiONAC weré UV/TiO, (80%) ” combination of UV/O;3/AC,
st dieé » ¥ 0,/TiO, (60%) UV/05/TiO,/AC, and UV/0,4/TiO,
' UV/O,y/AC, completely mineralized the organic matter
UV/04/TiO,, and
UV/0O3/TiOy/AC
(100%)

Photocatalytic Photocatalytic degradation of BPA in the . .
(UV /TiOy) in a presence of TiO, and UV radiation was g;:ct]i?:/if i(rigg;gszg(;n ielfngsrilﬁy si)iﬁtigz

self-designed performed in HCBPR. TiO, catalyst was y 1mp y ng .

. : o1 BPA (97%) pH from 3.4 to 12.3. The optimum TiO,
horizontal immobilized on the surface of (Wang et .

. . [10-50 mg/L] TOC (95%) carrier dosage was about 1%. The effect of
circulating bed polyurethane foam (PF). The effects of within 6 h al., 2009) temperature on BPA photodeeradation wa
photocatalytic initial BPA concentration, initial solution fiurl: g toubee Ounremarlga}?l;) iflgthe ra?l o 0?

reactor pH, TiO, dosage and temperature on BPA &

(HCBPR)

photodegradation were investigated

21.2-30.5 -C.
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Table 1. Removal of BPA from aqueous solution (continued).

tlr'l;?t)ren(e)fn ¢ Concentration Experimental conditions Removing ratio Ref Observations
Gamma radiation was feasible and effective
to remove BPA from aqueous solution.
The effects of different additives (CHCl;, Howey er, TOC removal was not as
CH,OH or fulvic acid), absorbed dose (1- effective as that of BPA. High ‘absorbed
8 kGy), BPA initial concentration, dose, 10W solution pH’. high DO
Gamma . . (Guo et concentration and the addition of CHCI;
.. [10-100 mg/L]  solution pH (5.2-9.0), dissolved oxygen 100%
radiation (DO) (1.9-6.8 mg/L). and organic matter al.,2012)  were favorable for BPA rempval, bu.t BPA
(10-100 mg/L) on i3P A removal were removal was reduced by adfimg fluvic acid
investigated and CH;OH. The mechanism of gamma
’ radiation-induced BPA removal in aqueous
solution was mainly attributed to HO®
radical oxidation.
The effects of solution pH (2.0-4.5), The degradation rate of BPA Was'strongly
Fe(ll) concentration (0.00-0.04 mmol/L) 100% (Katsumat  influenced by the pH and by initial H,0,
Photo-Fenton [10 mg/L] . s . aetal., and Fe (II) concentrations. The degree of
and H,0, concentration (0.0-0.4 mmol/L) within 9 min .
on BPA degradation were investigated. 2004) BPA'conversmn to CO, was more than
90% in 36 h of treatment.
After 2 and 4 days, BPA at low
concentrations was not toxic for alga,
Biodegradation Monoraphidium braunii (M. .braunii) was whereas at the highest concentration .it
green alga ’ tested after 2 an(.i 4 da'ys of its growth to (Gattullo redu?ed alga growth and photosynthet.lc
(Monoraphidiu [2-10 mg/L] remove BPA, either in the presence of 35%-48% etal., efficiency. The sole NOM and its
b .. natural organic matter (NOM (2-50 2012) combinations with BPA at the lowest
m braunii) mg/L)) or in the absence of NOM. concentrations increased the cell number.
Moreover, NOM, at any concentration,
scarcely influenced the BPA removal.
The HTAB modified peat displayed a faster
initial BPA sorption and a higher capacity
than the unmodified peat over a wide
Adsorption on Fibric peat was modified with (Zhou et concentration range. It showed that the
peat and [5-55 mg/L] hexadecyltrimethylammonium  bromide 31.4 mg/g al., 2011) improved hydrophobic interactions are the
modified peat (HTAB). ? dominant mechanism and the chemical

modification of the peat surface greatly
enhanced the sorption capacity toward
organic compound dissolved in water.
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Table 2. Removal of DPA from aqueous solution.

Type of Concentration Experimental conditions Removing ratio Ref Observations
treatment
The photocatalytic degradation was
enhanced in the presence of B-CD mainly
as a result of the moderate inclusion
The influence of B-CD on the depth of DPA molecule in the B-CD
Photocatalytic photodegradations of DPA radiated cavity, this kind of inclusion structure
UV/ B- [10-100 under UV lamp was investigated. The UV (20%) (Guo et allows the DPA molecule sufficient
cyclodextrin (B- p mol/L] potential of B-CD photocatalysis for UV/B-CD (33.5%)  al.,2009a) proximity to secondary hydroxyl groups
CD)) treatment and removal of EDCs from of the B-CD cavity, and these hydroxyl
aqueous solution was investigated. groups could be activated and converted
to hydroxyl radicals under UV irradiation,
which can enhance the photooxidation of
DPA.
MHL (2%) The enhancement of DPA photochemical
The influence of B-CD on the . ; degradation in the presence of TiO, and
. . . MHL/TiO, (58%) . :
. photochemical behaviour of DPA in the B-CD was mainly due to the adsorption of
Photochemical [10-80 . . MHL/B-CD (68%) (Guo et . .
. presence of TiO, suspensions under a . DPA on TiO,, which makes DPA
(B-CD/TiO,) p mol/L] . TiO, (2.93 pmol/g)  al., 2009b) . o
250 W metal halide lamp (MHL) was . degradation more easily in the presence
. TiO,/B-CD (30.00 :
studied. of hydroxyl radicals photoproduced by
umol/g) .
T102
The comparison between the influence MHL/TiO,/B-CD The mhlbltlon of photqdegradatlon of
Adsorption and of B-CD or a-CD on the adsorption and (78%) DPA with a-CD was mainly because o-
P . [10-80 . Tphe MHL/TiOy/a-CD (Guoet CD and DPA did not form a stable
photodecomposi photodecomposition of DPA in the ) .
. p mol/L] : . (40%) al., 2009¢) inclusion compound, as well as the
tion presence of TiO, suspensions under a

250 W (MHL) was investigated.

TiO,/0-CD (0.63
umol/g)

decrease of the adsorption amount of
DPA on the TiO, surface.
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Table 3. Removal of 2,4 -D from aqueous solution.

Type of
treatment

Concentration

Experimental conditions

Removing ratio

Ref

Observations

Adsorption
(activated
carbon)

[50-400 mg/L]

Adsorbent: activated carbon derived
from date stones. Solution pH (2-11)
and adsorption temperature: 30 °C.

238.10 mg/g

(Hameed et
al., 2009)

The equilibrium data were fitted to the
Langmuir, Freundlich and Temkin isotherm
models, and they were best described by the
Langmuir isotherm model. The adsorption
kinetics of 2,4-D obeyed pseudo-first-order
adsorption kinetics.

Adsorption
(activated
carbon)

[100-600 mg/L]

Adsorption equilibrium, kinetics and
thermodynamics of 2,4-D onto
granular activated carbon were
studied in aqueous solution in a batch
system with respect to solution pH,
temperature  and  initial  2,4-D
concentration.

518.00 mg/g at
45 °C and pH =
2

(Aksu and
Kabasakal,
2004)

Equilibrium data were very well fitted to
the Freundlich and Koble-Corrigan
isotherm models. It was found that both the
boundary layer and intraparticle diffusion
played important roles in the adsorption
mechanisms of 2,4-D.

The activation energy of adsorption was
determined using the Arrhenius equation
obtaining a value of as 8.46 kJ/mol.

Photooxidation
(Uv)

[5-40 mg/L]

The effects of various parameters
such as light intensity, exposure time,
the presence of O,, wavelength of
light, pH, other commonly occurring
ions (e.g. CI”, SO,*", Ca** /Mg, Fe*",
NO; ) were studied.

81%

(Kundu et
al., 2005)

The percentage of degradation of 2,4-D can
be increased either by increasing the light
intensity or by irradiating the sample for
longer time. Moreover, the presence of O,
improved the degradation of 2,4-D and, at
pH up to 7, however, the presence of
different ions decreased the degradation of
2,4-D.

Photocatalytic
(UV/(Ca—Ce—
W-Ti0,))

[10-50 mg/L]

Preparation of (Ca—Ce-W-TiO,):
solution A: was prepared by
dissolving an appropriate amount of
Ca, Ce, and W in ethanol and water.
Solution B: the doped TiO, was
prepared by the sol-gel method using
[Ti(OBu)4] as the precursor, which
was dissolved in ethanol under
stirring.

Solution A was gradually poured into
solution B until sols were formed.

100% at
reaction time
(hr):

10 mg/L (1.0)
20 mg/L (1.5)
30 mg/L (2.5)
40 mg/L (2.5)
50 mg/L (3.5)

(Akpan and
Hameed,
2011)

The degradation of 2,4-D was a result of the
properties of the composite photocatalyst
(large surface area, reduced band gap which
also inhibited electron—hole recombination,
high crystallinity). A comparison of the
efficiency of the photocatalyst with a
commercially  available  photocatalyst,
TiO,—Sigma product and other
photocatalysts in literature placed the
composite photocatalyst used in this study
above the rest.
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Table 3. Removal of 2,4 -D from aqueous solution (continued).

tlr'l;?t)ren(e)fl t Concentration Experimental conditions Removing ratio Ref Observations
The photocatalytic  degradation The presence of AC-H improved the
. . . photocatalytic degradation of 2,4-D
experiments were carried out in the . . e
presence of TiO, and two different UV/TiO, with a synergistic factor of 1.3
Photocatalytic [94 mg/L] AC (L and H) foi 60 minutes in dark (75%) (Matos et (TiOy/AC-H) = (50 mg/10 mg).
(UV/TiO,/AC) (adsorption) and 600 minutes in the UV/TiO,/AC al., 2001) It has been explained by an important
resenlz o of UV/TiO-/AC (100%) adsorption of 2,4-D on AC followed by
I() hotocatalytic) 2 a mass transfer to photocatalytic
P yHe). degradation.
2,4-D  degradation  initial  rates
The  experimental  work  was (UV/H,0,) were twenty time's faster
performed in a batch, well-stirred than  those obtained employing UV
tank reactor irradiated frZ)m its bottom radiation alone.
Photooxidation [30-90 mg/L] usine a low power. eermicidal 70% after 6 h (Alfano et  Immediately after the initiation of the
(UV/H,0,) £ & P B ’ ’ al., 2001) degradation reaction, equally toxic

tubular lamp placed at the focal axis

of a cylindrical reflector of parabolic intermediate  products _such as 2,4-

cross-section dichlorophenol (DCP) and
’ chlorohydroquinone (CHQ) can be
detected.
Table 4. Removal of MCPA from aqueous solution.
Type of . . o . . .
Concentration Experimental conditions Removing ratio Ref Observations
treatment

Direct photolysis of MCPA on silica
The phototransformation of MCPA in and the phototransformation in the
Photochemica aqueous solution irradiated at 254 nm UV (1 %) presence of TiO, are almost specific.
1 [0.11-0.55 uM] and in the range of solar light (A > TiO, (12%) (Zertal et al.,  The phototransformation of MCPA is
(UV and ’ O H 300 nm) as direct photolysis and uv /T'ZO (980/ 2001) not significantly affected by O, nor
sunlight) indirect photolysis in the presence of 2 0) by the irradiation wave length
silica and TiO, was studied. between 254 and 310 nm, but it is

highly depending on the solution pH.
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Table 4. Removal of MCPA from aqueous solution (continued).

tlr'l;?t)ren(e)fn t Concentration Experimental conditions Removing ratio Ref Observations
The optimum variables found were 5.0 ampere,
1.0 mM Fe*, and pH 3.0, after 120 min of
.. . electrolysis. Under these conditions, 75% of
Solar ;22? pgﬁ::ni?aetiiigrz(:l?m:oﬁl t;il(\ﬁlcp?i (Garcia-  mineralization with 71% of current efficiency
. nop 23% to 80% after Segura  and 87.7 kWh/kg TOC of energy consumption
photoelectro- [186 mg/L] were selected as independent variables, . . .
. 120 min etal., were obtained. Hydroxyl radicals also
Fenton where TOC, degradation, and energy
. 2011)  destroyed 4-chloro-2-methylphenol,
consumption were taken as responses. .
methylhydroquinone and methyl-p-
benzoquinone detected as aromatic by-
products.
The application of excilamps significantly
The photodegradation of MCPA ‘was lrl?gtrgt\;jlﬁsforrtgjtion ?rflfilmeggys solOftionsMCPA
Photooxidation carried out in the presence of UV (Tchaik phototrs queous sotu .
.. Irradiation of MCPA with a KrCl excilamp
(KrCl and XeBr radiation and (KrCl and a XeBr ovskaya o . .
. [0.2- 2.0 M] . . - Up to 55% emitting at 222 nm, and with a XeBr excilamp
excilamps excilamps).  The  biodegradability etal, emittine at 283 nm was carried out
irradiation) (COD/BOD) of phototreated MCPA 2012) ol s ) . l f
solutions was studicd Biological processes are not suitable for MCPA
’ removal due to low or total absence of
biodegradability of this class of pollutants
In the dark, ozonolysis rapidly proceeded, and
few aromatic products were detected. Under
(Benoit- irradiation, MCPA degradation occurred even
Ozonation The degradation of MCPA by ozone 0, (74 %) Guyod ~ more rapidly, and a series of benzenoid
(05 and UV/O5) [0.01-0.22 M]  has been examined in the presence and UV/30 © 50<V) ot Zl intermediates could be isolated. Two distinct
3 3 absence of UV radiation. 3 ? 198 6’) ozonolysis pathways: ring-hydroxylation and
cleavage by molecular ozone in the dark, and
side-chain oxidation by hydroxyl radicals under
irradiation were indicated.
The radiolytic degradation of MCPA (Bojano Rad}olytlc Fiegralldqtlon of MCI})IA should bi
was carried out using gamma radiation wska- carried OL.lt n S0 gtlgn pH L.5. The presence o
Gamma . L . 100 % ata . H,0, during irradiation of MCPA did not affect
.. [100 mg/L] and it was optimized in terms of Czajka . o
radiation irradiation dose, solution pH (1.5, 7.0 3000 Gy dose et al the efficiency of decomposition of MCPA,
and 11.5) and H’ 0, ad ditioIr)1 T 20063 however, it increased the efficiency of
. 2 2 .

formation of carboxylic acids.
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1.7.1. Introduction

Legislation on the quality of wastewater discharged into the environment has become
increasingly strict and wastewater reutilization more widespread over recent years,
leading to the development of novel technologies for treating wastewater and removing
new and emerging pollutants (Arévalo et al., 2009). There is a constant generation of
new contaminants with unknown short-, medium-, or long-term effects on human health
and the environment, whose maximum permissible concentrations have yet to be
established. Industrial and pharmaceutical pollutants are causing particular concern due
to their continuous discharge into water and their persistence, even at low

concentrations (Klavarioti et al., 2009).

Industrial waste has been poorly managed and is becoming a major problem in
industrialized regions. Agriculture, chemical, textile and metallurgic industries consume
large amounts of water that are released into the environment after processing and
contain dissolved toxic substances such as acids, bases, toxic chemical compounds and

heavy metals, all potentially harmful to the environment (Navarro and Font, 1993).

Industrial activity has led to the release of a large number of synthetic organic chemicals
into the environment , including plasticizers and organic esters, which are added to
polymers to facilitate their processing and increase the flexibility and toughness of the
final product by internal modification of the polymer molecules (Bauer and Herrmann,
1997; Nascimento-Filho et al., 2003). They are widely used in numerous products, such
as medical equipment, food film, upholstery, flooring, mouldings, gaskets, piping,
rainwear, electrical wire insulation, roofing systems, vehicle trim/undercoating, and
pond liners, among others. They also serve to endow paints with special coating

properties.

The most widely used primary plasticizers have a low molecular weight and are
designated monomeric plasticizers, distinguishing them from polymeric plasticizers,
which are generally saturated polyesters. The most common monomeric plasticizers are

esters derived from phthalic acid, although others are derived from different organic
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acids, such as phosphates, trimetillates, citrates, sebacates, and adipates, among others
(Titow, 1990; Wickson, 1993). The content of phthalate in a finished plastic product
ranges from 10 to 60% by weight (IARC, 2000).

Polyvinylchloride (PVC) is an excellent example of the industrial importance of
plasticizers (Horn et al., 2004). PVC is one of the most frequently used polymers
because it is easily processed, the raw materials involved in its production have a
relatively low cost, and a wide range of properties can be obtained. The annual
production of PVC is in the tens of millions of tons, and approximately 87% of the

phthalate esters produced are used in soft PVC (Mersiowsky et al., 2001).

In many applications, the plasticizer may migrate from a plastic item to the medium
(gas, liquid or solid) with which it is in contact. The migration depends on the properties
of the polymer (e.g., molecular weight), the nature and amount of the plasticizer, the
plasticization process, and the homogeneity of the compound and the surrounding
media (e.g., nature, compatibility with the plasticizer) among other factors, as well as on
the temperature and contact area. The permanence of a plasticizer in a flexible plastic
material depends on three main factors: structure, molecular weight/viscosity, and
polarity. Branched plasticizers are more permanent than equivalent linear plasticizers,
since branching tends to hinder movement or entangle the plasticizer within the polymer
matrix, hampering its migration or removal by volatilization or extraction. However,
although linear structures provide less permanence, they yield superior low temperature

properties (Marcilla et al., 2004).

In landfills, the leachate is formed from refractory organic contents during biological
degradation. The leachate has high biochemical oxygen (BOD) and chemical oxygen
(COD) demands and passes down through the layers of the landfill through the action of
rainwater, thereby potentially contaminating the soil and drinking waters (Kuch and
Ballschmiter, 2001). Analyses of landfills have revealed alkylphenols (APs), Bisphenol
A (BPA), phthalic acid esters (PAEs), organotin compounds (OTs), styrene and
estradiol (Asakura et al., 2004).
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Conventional treatments of landfill leachate are not able to remove plasticizers due to
their resistance to microbial decomposition, and the widespread presence of PAEs is
raising concerns about their toxicological effects on living organisms (Alatriste-

Mondragon et al., 2003).

According to the above observations, the objective of this study was to review and
analyze the most important aspects of PAEs such as: properties and classification,
development and applications, their presence in the environment, toxicity and effects on
human health, legislations and restrictions, as well as their removal from landfills

leachates by means of different technologies.

1.7.2. Phthalic acid esters

1.7.2.1. Properties, classification and applications of phthalates (PAEs)

Phthalates are non-halogenated esters of phthalic acid that find wide spread utilization
in various industrial and consumer-orientated applications. Commonly produced PAEs
are colorless or yellowish oil like liquids and almost odourless. PAEs have a melting
point below -25°C, with the exception of DMP (+5.5°C) and DUP (-9°C). The boiling
point of PAEs ranges from 230°C to 486°C. The low melting point and high boiling
point of these PAEs contribute to their applicability as plasticizers, heat transfer fluids

and carriers.

The water solubility of a chemical compound influences its biodegradation,
bioaccumulation potential and environmental distribution. Leachate from wastewater
treatment facilities, landfill and sludge-amended soils is also affected by aqueous
solubility. Hydrophobicity, indicated by the octanol-water partitioning factor, Kow, and
vapour pressure, play an important role in the fate of emissions and other releases of
PAEs into the atmosphere. This chemical family exhibits an increase in Kow of eight
orders of magnitude and a decrease in vapour pressure of four orders of magnitude with
lengthening of the alkyl chain from 1 to 13 carbon atoms (Stales et al., 1997). The most
common PAEs found in the environment and their physico-chemical properties are

listed in Table 1.
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Table 1. Physico-chemical properties of selected phthalates

Phthalic acid ester Acronym M.W. gg/mol) Solu;) ;l:éy (lglllv‘x;atel LogKow® Structural formula CASN°?
Phthalic acid PA 166.1 0.625 0.81 C4H,(COOH), 88-99-3
Dimethyl phthalate DMP 194.2 <0.100 1.64 C¢H4(COOCH;), 131-11-3
Dimethyl Terephthalate DMTP 194.2 0.019-0.034 2.25 C¢H4(COOCH;), 120-61-6
Diethyl phthalate DEP 2222 1.000 2.70 C¢H4(COOC,Hs), 84-66-2
Diallyl phthalate DAP 246.2 0.182 3.29 C¢H4(COOCH,CH=CH,), 131-17-9
Butyl 2-Ethylhexyl 0.001 CH;(CH,);00CC¢H,COOCH,CH
phthalate BOP 334.4 6.77 (CyHs)(CH,)sCH; 85-69-8

. DPP, 0.060
Di-n-propyl phthalate DPiP 250.3 3.57 C¢H4[COO(CH,),CHj3], 131-16-8
Di-n-nonyl phthalate DnNP 418.6 <0.001 10.14 C¢Hy[COO(CH,)sCH;], 84-76-4
Di-n-butyl phthalate Dgglf : 2784 0.013 4.83 C4H[COO(CH,);CH;], 84-74-2
Disobutyl phthalate DIBP 278.3 0.011 4.46 C¢H4[COOCH,CH(CHj3),],» 84-69-5
Butylcyclohexyl phthalate BCP 304.4 <0.002 5.29 CH;(CH,);00CC¢H4,COOCgH; 84-64-0
Di-n-pentyl phthalate DnPP 306.4 <0.001 5.89 C¢H,[COO(CH,),CH;], 131-18-0
Dicyclohexyl phthalate DCP 330.4 <0.002 5.76 CeH[COOCH, ] 84-61-7
Butyl benzyl phthalate BBP 3124 <0.002 5.00 CH;(CH,);00CC¢H,COOCH,C;Hs 85-68-7
Di-n-hexyl phthalate DnHP 3345 <0.001 6.95 C¢H,[COO(CH,)sCH;], 84-75-3
Diisohexyl phthalate DIHxP 3344 <0.001 6.58 C¢H4[COO(CH,);CH(CH3),]» 146-50-9
Di-n-heptyl phthalate DIHpP 362.5 <0.001 7.65 C¢H4[COO(CH,)4,CH(CH3),]» 3648-21-3
Butyl decyl phthalate BDP 362.5 <0.001 8.01 CH;3(CH,);00CC¢H,COO(CH,)oCHj3 89-19-0
Di(2-ethylhexyl) phthalate DEHP 390.6 <0.001 8.71 C¢H4[COOCH,CH(C,H;)(CH,);CHjs], 117-81-7
Di-n-octyl phthalate DDI?C}))I” 390.6 <0.001 9.08 C¢H4[COO(CH,),CHj3], 117-84-0
Diisooctyl phthalate DIOP 390.6 <0.001 8.71 C¢H[COO(CH,)sCH(CHs), ], 27554-26-3
Di(n-decyl) phthalate DnDP 446.7 <0.001 11.20 C¢H,[COO(CH,)yCHs], 84-77-5
Diisononyl phthalate DINP 418.6 <0.001 9.77 C¢H4[COO(CH,)sCH(CH3),]» 28553-12-0
Diisodecyl phthalate DIDP 446.7 <0.001 10.47 C¢H4[COO(CH,),CH(CH3),]» 26761-40-0
Diundecyl phthalate DUP 4747 <0.001 12.26 C¢H4[COO(CH,),oCHj3], 3648-20-2
Diisoundecyl phthalate DIUP 474.7 <0.001 12.26 C¢H4[COO(CH,)sCH(CH3),]» 85507-79-5
Ditridecyl phthalate DTDP 530.8 <0.010 14.39 C¢H,[COO(CH,),,CHs], 119-06-2
Diisotridecyl phthalate DIUP 530.8 <0.001 14.02 C¢Hy[COO(CH,),,CH(CH3),], 27253-26-5
Terephthalic acid TPA 166.1 0.017 1.16-2.00 C¢H,(COOH), 100-21-0

! Molecular weight, > LogKow (ChemSpider Database), * Chemistry Abstracts Service registry number.
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Low-molecular-weight phthalates (e.g., DMP, DEP and DBP) are widely used in
cosmetics and personal care products. For example, DMP and DEP allow perfume
fragrances to evaporate more slowly, lengthening the duration of the scent, and a small
amount of DBP gives nail polish a chip-resistant property. DEP is used as an ethanol
denaturant and DBP in cellulose esters, printing inks, and specialized adhesive
formulations. Longer phthalate molecules, such as di (2-ethylhexyl) phthalate (DEHP),
diisononyl phthalate (DINP) and BBP, have a wide application as plasticizers in the
polymer industry to improve flexibility, workability, and general handling properties;

around 80% of all phthalates are used for this purpose (IARC, 2000).

DINP and DEHP have been used in recent decades for PVC plasticization (including
toy manufacture) due to their low cost and the flexibility and durability of the final
product, among other properties. Flexible PVC is widely used in medical applications
(e.g., catheters and bottles) due to its excellent physical properties and low cost (Shin et

al., 2002).

Worldwide production of PAEs is approximately 6 million tons per year (Mackintosh et
al., 2006). Similar to other products present in plastics, the majorities of PAEs ends up
in at municipal landfills together with waste PVC and are able to migrate into

groundwater through the soil (Castillo and Barcelo, 2001).

1.7.2.2. PAEs in the environment

The major portion of phthalate acid esters found in the environment is as a result of the
slow release of phthalates from plastics and other phthalate containing materials due to
weathering. These pollutants are refractory to the environmental microorganisms, and
their accumulation in natural waters causes their wide distribution within aqueous
systems like rivers, lakes, and ground waters, as well as a noticeable influence on the
ecological environment. In recent times, the behaviour of PAEs in the environment has
attracted considerable attention because they are considered endocrine-disrupting
chemicals (Chang et al., 2006; Colon et al., 2001). For these reasons, several research
groups have addressed the identification of PAEs in several kinds of environmental

samples, like municipal solid waste compost (Farrell and Jones, 2009), sludge of
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sewage and wastewater treatment (Gibson et al., 2007; Huang et al., 2008; Marttinen et
al., 2003a; Marttinen et al., 2004a; Rhind et al., 2007; Roslev et al., 2007), river
sediments (Chang et al., 2005; Chi, 2009; Lin et al., 2009; McDowell and Metcalfe,
2001; Otton et al., 2008; Xu and Li, 2008; Zhou and Liu, 2000) and landfill leachate
(Albaiges et al., 1986; Buszka et al., 2009; Fang et al., 2009a; Fang et al., 2009b;
Furtmann and Seifert, 1990; Kotzias et al., 1975; Marttinen et al., 2003b; Oman and
Hynning, 1993; Rodrigues et al., 2002; Smith and Weber Jr., 1990).

PAEs are usually determined by means of chromatographic techniques, involving a pre-
treatment step with liquid-liquid extraction (LLE) (Mori, 1976), ultrasonic extraction
(USE) (Ma et al., 2003), microwave-assisted extraction (MAE) (Bartolomé et al., 2005),
liquid-phase micro extraction (LPME), (Batlle and Nerin, 2004; Psillakis and
Kalogerakis, 2003) solid-phase micro extraction (SPME) (Cortazar et al., 2002;
Pefialver et al., 2001), or solid phase extraction (SPE). SPE is the most widely used
technique because of its high recovery rate, elevated pre-concentration factors, low
consumption of organic solvents, simplicity, and its easy automation and operation,
among other advantages (Zhao et al., 2007; Zhou et al., 2006). Detection limits for some
PAEs are given in Table 2.

Table 2. Detection limits of phthalates in wastewater and sludge (Dargnat et al., 2009).

Location DMP DEP DnBP BBP DEHP DnOP
Wastewater (ng/L) 20 30 30 10 40 20
Sludge (ng/L dw) 50 80 80 100 500 150

Phthalates are not chemically bound to polymer matrixes and can be readily dispersed
into the environment during their production and use and after their disposal. Phthalate
plasticizers have become ubiquitous contaminants because they are not covalently
bound to PVC and can leach, migrate or evaporate into foodstuffs or any other material,
indoor air and the atmosphere (Pant et al., 2008). Because of their low solubility,
phthalates tend to be concentrated from wastewater into sewage sludge, which is then
used as a soil amendment, implying the exposure of soil microbial communities, plants,

and animals to these compounds and their introduction into the food chain.
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The extensive use of PAEs in industrial processes and consumer products has resulted
in their ubiquitous presence in the environment. As an example of their universal
presence, one study in Guangzhou city (China) detected 16 PAEs (DMP, DEP, DnBP,
DIBP, DMPP, DMGP, DEEP, DnAP, DnHP, BBP, HEHP, DBEP, DCHP, DEHP,
DnNP and DnOP) in all samples from water and sediments of urban lakes. Sources of
these compounds included urban storm water runoff, atmospheric deposition and the
discharge of untreated industrial wastewater and municipal sewage. Concentrations of
the PAEs ranged from 1.69 to 4.72 ng/L in water and from 2.27 to 74.94 ng/g dw in
sediments (Zeng et al., 2008).

Other studies have reported phthalate concentrations from 0.3 to 77 ng/m’ in the
atmosphere, from 0.3 to 98 pg/L in surface waters, from 0.2 to 8.4 mgkg dw in
sediments and from 28 to154 mg/kg dw in sewage sludge (Fromme et al., 2002; Stales
et al., 1997). The presence of phthalates was observed in water samples during a 5-year
(2000-2004) survey of micro-pollutants in rivers and small streams in the Han River
basin, Korea (Ko et al., 2008). They have been detected in freshwater fish species, e.g.,
bream (Abramis brama, 1900-3120 ng/g dw of DEHP and 720-800 ng/g dw of DEP)
and in marine species, e.g., flounder (Platichthys flesus, 40-70 ng/g dw of DEHP and
100-200 ng/g dw of DEP (Dargnat et al., 2009).

It is common practice to dispose of biosolids by treating the sludge and using it for soil
conditioning (biosolids represent half of European sludge production), and the resulting
accumulation of persistent toxic organic compounds, as PAEs, in the soil poses a
growing threat to ecosystems and human health. The use of sewage sludge in
agriculture can produce human exposure during its application or through the resulting
introduction of these compounds into the food chain. There is an urgent need to ensure

that sludge is free from these contaminants before its utilization (Amir et al., 2005).

PAEs have been found in sewage sludge at levels of 12-1250 mg/Kg (Stales et al.,
1997). Table 3 reports the PAE findings in 10 raw leachate samples from three landfills.

The presence of phthalates was analyzed in leachates from 17 landfills in Sweden,
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Denmark, Germany, and Italy, detecting PAEs and the presence of their degradation
products phthalic acid monoesters (PMEs) and ortho-phthalic acid (PA) in 11 of them;
PME concentrations ranged from 1-20 pg/L and PA concentrations from 2-880 pg/L
(Jonsson and Borén, 2002). Concentrations of DMP, DEP, DnBP, DIBP, BBP, and
DEHP in water and sediment have been routinely reported, but there are limited data on

many other PAEs (Table 4).

PAEs have been found in sewage sludge at levels of 12-1250 mg/Kg (Stales et al.,
1997). Table 3 reports the PAE findings in 10 raw leachate samples from three landfills.
The presence of phthalates was analyzed in leachates from 17 landfills in Sweden,
Denmark, Germany, and Italy, detecting PAEs and the presence of their degradation
products phthalic acid monoesters (PMEs) and ortho-phthalic acid (PA) in 11 of them;
PME concentrations ranged from 1-20 pg/L and PA concentrations from 2-880 pg/L
(Jonsson and Borén, 2002). Concentrations of DMP, DEP, DnBP, DIBP, BBP, and
DEHP in water and sediment have been routinely reported, but there are limited data on

many other PAEs (Table 4).

Table 3. Concentration of PAEs in ten leachate samples from three landfills (ug/L)
(Zhang and Wang, 2009).

La;f‘)ﬁ“ DMP DEP DIBP DBP BBP DEHP DnOP
R, 014 0.11 165 096 1932 8886 521.11
R, 075 025 545 330 2180 9755 51470
R; 135 070 1515 595 850 23250 280.30
R, 280 1.80 63.65 5975 054 12142 1535
Rs 024 044 2844 2469 050 72.49 ;
if 002 035 109 128 437 791  113.02
J ; - 044 035 019 161 559
T 003  0.03 6258 243 ; 72.55 ;

Ta 061 566 8155 4061 - 81.59 -
H 002 004 271 267 1.71

Mean 0.60 094 2627 1420 552 77.82 145.01

1.7.2.3.Toxicity and effects on human health
The toxicity of phthalates remains under debate, characterised by tensions between the

commercial importance of phthalates and their impact on human health and the
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environmental. Some research groups have described some phthalates as hazardous to
human health, while other groups, usually associated with phthalate producers, have
argued that dose levels are low and pose only a minimal threat to health (IARC, 2000).
It has been reported that phthalates may affect blood components in humans and guinea
pigs (Guess and Haberman, 1968) and exert a teratogenic effect on rats (Singh et al.,
1972; Singh et al., 1974), and there is evidence that di-2-ethylhexyl and bis (2-
methoxyethyl) phthalates have potential mutagenic effects in male mice (Calley et al.,
1966). A study of the biological activity of eight phthalate acid esters indicated that the
degree of their toxicity was low when administered parentally and paralleled their water
solubility (Autian, 1973). Animal toxicology studies found that DEHP, DBP and DEP
decreased testicular and epididymal weight, semen quality and fertility while increasing

cryptorchidism, testis damage, and leydig cell hyperplasia (Pant et al., 2008).

Phthalates exhibit low acute toxicity with LD 50 values of 1-30 g/kg bodyweight or
with even higher concentrations. In short- and long-term rodent studies, dose-related
adverse effects were found in liver, kidney and in thyroid gland tissue and testes. All
phthalates have been tested negative for mutagenicity and/or genotoxicity. With regard
to carcinogenicity, the activity of DEP is questionable, for DINP no hints for

carcinogenicity were obtained (Heudorf et al., 2007).

The exposure of adult humans to DEHP in everyday life has been estimated to be 0.71
ng/kg/d. Reports include the detection of 15- 83.2 pg/L of DEHP in human blood and
of 2.1 to 44.5 pg/L of MEHP in human urine, among other DEHP by-products. Some
phthalate esters are known to be toxic to the developing male reproductive system, and
low-molecular-weight phthalates (e.g., DEP) have been found to cause irritation of eyes,

nose and throat (Benson, 2009).

Mixtures of phthalate esters and other anti-androgenic compounds were shown to have
cumulative, largely dose additive effects on male reproductive tract development when
administered during sexual differentiation in utero, potentially affecting human

reproductive development (Howdeshell et al., 2008). In humans, multivariate analyses
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demonstrated that the concentrations of phthalate metabolites in the mother were
significantly associated with the concentrations found in the infant (Sathyanarayana et
al., 2008). One study found that relatively short-term exposure to DEHP had no adverse
effects on reproduction, but BBP was named as a suspected endocrine-disrupting
compound in a pilot field study carried out by the EPA (Penalver et al., 2002). The most
frequently detected PAE was reported to be DBP, found at highest levels in venous
blood followed by breast milk, umbilical cord blood and urine; this order depends on

metabolic factors (Chen et al., 2008).

1.7.2.4. Legislations and restrictions

The potential risk to human and animal health of PAEs has become a matter of
considerable worldwide concern. They have been included in the list of priority
pollutants compiled by both the USA Environmental Protection Agency (USEPA) and
the EU, and in the list of priority pollutants in Chinese waters (Yuan et al., 2008; Zhao
et al., 2008). In 1998, the Scientific Committee on Toxicity, Ecotoxicity and the
Environment (CSTEE) of the European Union proposed the setting of new permissible
levels for extractable phthalates in toys (Proceedings of the Third Plenary Meeting of
CSTEE, 1998). The next year, in the absence of a reproducible test to determine
migration levels for regulatory purposes, the EU banned phthalates in products designed
for children under the age of 3 years that could be put in their mouths (Official Journal
of the European Communities. L 315/46, 1999). This EU prohibition on their use in
children’s toys remains in place (Bette, 2007). In California, some phthalates have been
banned from children's toys since 2009 (Bette, 2007). NASA banned the use of
phthalates in spacecrafts due to their ability to volatilize and condense on viewports and

other areas (Gross and Colony 1973).

Although the risk for humans has not been established, various Consumers Associations
and Ecologist Groups have called for the removal of phthalates in PV, especially in
PVC items designed for oral use. Serious questions have been raised about toy and
child-care applications, especially if they are susceptible to be chewed or sucked by

children (Marcilla et al., 2004).
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Table 4. Comparison among concentrations of major PAEs in water/sediment.

Location DMP DEP DiBP DnBP BBP DEHP Ref

Water (mg/L)

Taiwan, China - 0.500  --—--- 4900 <0.100  9.300 (Yuan et al., 2002)
Guangzhou, China 0.009 0.031 0430 1990 <0.001 0.170 (Zeng et al., 2008)
Klang River Basin, Malaysia <0.050 <0.050 0.250 1.600  ------ 16.600 (Tan, 1995)

Rieti District, Italy <0.012  <0.010 0.300 1.600 <0.010 4.300 (Vitali et al. 1997)
Berlin, Germany = = ceeem - 0.500  --—---- 2.700 (Fromme et al., 2002)
Dutch coast, the Netherlands 0.017 0430  --—---- 0.250  0.077 0.320 (Vethaak et al., 2005)
Fresh water, the Netherlands ~~  ----- - - 0.210  -——--- 0.330 (Peij nenblzl(r)%gl d Struijs,
Sediment (mg/g)

Taiwan, China - 0.200  ------ 6.300  0.200 4.600 (Yuan et al., 2002)
Guangzhou, China 0.039 0.130 5.800 0.280 0.034 1.300 (Zeng et al., 2008)
Klang River Basin, Malaysia 0.003 0.003 0.056 0.250  ----- 1.630 (Tan, 1995)

Rieti District, Italy <0.0002  0.002 0.013 0.008 0.002 0.069 (Vitali et al., 1997)
Berlin, Germany = - cmeem - 0.450  -—--- 0.700 (Fromme et al., 2002)
Dutch coast, the Netherlands 0.014 0.133 - 0.390 0.014 0.600 (Vethaak et al., 2005)
Fresh water, the Netherlands ~  ------ = ———mes coeeeo 0.088  -——---- 4.300 (Peijnenburg and Struijs,

2006)
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1.7.3. Removal of PAEs from water and sediments by means of different technologies

As noted above, large amounts of PAEs are leached from plastics dumped at municipal
landfills (Bauer et al., 1998). PAE concentrations ranged from 10 to 300 pg/L in
wastewater (WW) from a number of chemicals plants and nearby rivers and reached 30
mg/L in WW near a plasticiser-producing factory (Mailhot et al., 2002). Numerous
studies have addressed the removal of PAEs from water and sediments, and treatments
can be classified into three general groups: i) physical/chemical treatments, ii)
biological treatments, and iii) advanced oxidation processes. Each group is analyzed

below, discussing the treatment of PAEs in WW and sludge plants in a final section.

1.7.3.1. Physical/Chemical treatments
Physical and chemical processes include the reduction of suspended solids, colloid
particles, floating material, colour and toxic compounds by floatation,

coagulation/flocculation, and adsorption (Metcalf et al., 2003).

Floatation is widely used to separate solid particles from a liquid phase mainly to reduce
colloids, ions, macromolecules, microorganisms or fibres (Rubio et al., 2002). In
coagulation/flocculation, a floc-forming chemical reagent is added to a water or
wastewater to enmesh or combine with non-settleable colloidal solids and slow-settling
suspended solids to produce a fast-settling floc that can then be removed, usually by

sedimentation (Reynolds, 1982).

Zhang and Wang (2009) investigated the removal of dissolved organic matter (DOM)
and phthalic acid esters from landfill leachate through a complexation—flocculation
process by using ferric chloride, aluminum sulfate and poly aluminum chloride as
coagulants. The results revealed that hydrophobic contaminants with log Kow greater
than 4 and DOM in wastewater can be removed simultaneously through the
complexation—flocculation process. Zheng et al. (2009) evaluate the feasibility of
removing PAEs from fresh and partially stabilized landfill leachates by a coagulation
and flocculation process and found that less than 30% of the PAEs in the fresh leachate

could be removed.
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Adsorption is an efficient method to remove organic compounds from drinking water.
In fact, the USA Environmental Protection Agency has acknowledged that adsorption
on activated carbon, one of the oldest water treatments, is one of the best methods
available to remove organic and inorganic compounds from water intended for human

consumption.

Adsorption of landfill leachate onto granular or powder activated carbon yields a higher
reduction in dissolved organic carbon in comparison to chemical methods and has
proven to be the most effective and reliable physicochemical non-destructive technique
for PAEs removal (Fettig et al., 1996; Imai et al., 1998; Kargi and Pamukoglu, 2004;
Kargi and Yunus-Pamukoglu, 2003; Morawe et al., 1995; Welander and Henrysson,
1998; Zamora et al., 2000).

Activated carbons are very effective adsorbents due to their large surface area and
chemical nature (Bautista-Toledo et al., 2008; Méndez-Diaz et al., 2010). In aqueous
phase, the solution pH has an important effect on the adsorption yield because it
determines the charge density of the activated carbon (Radovic et al., 2001) and the
chemical form of ionizable compounds (e.g., PAEs) ( Rivera-Utrilla et al., 2009).
Venkata-Mohan et al. (2007) studied the adsorption of DEP from aqueous phase onto
commercial activated carbon demonstrating that adsorption of DEP is highly dependent
on the solution pH, diminishing as the pH of the solution was increased from 2.0 to
10.5. The same trend was found by Ayranci and Bayram (2005) for the adsorption of
PA on activated carbon cloth. Thus, the solution pH was found to be important in the
adsorption of PA due to ionization. At pH values higher than the pH,,. of carbon-cloth,
phthalic acid was not adsorbed due to possession of the same negative charge that the
carbon surface. Other adsorbents have been also employed to remove PAEs from
aqueous solutions e.g. chitosan, manganeses oxides, clays, multiwalled carbon

nanotubes, polymeric resins and others.

Julinové and Slavik (2012) present a detailed revision of the removal of phthalates from
aqueous solution by different adsorbents. Méndez-Diaz et al. (2012) investigated the

adsorption of PA in aqueous solution on two activated carbons with different chemical
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natures, and analyzed the influence of solution pH and ionic strength. They reported that
the activated carbons used had a high capacity to adsorb PA due to their phenolic
groups content, moreover, the adsorption capacity was favored at acidic pHs and it was

not affected by the presence of electrolyte.

Table 5 summarizes key studies on the removal of PAEs by physical/chemical

treatments.

1.7.3.2. Biological treatments

By means of biological treatments of water, organic pollutants, they are mainly
transformed into carbon dioxide, nitrates, sulphate, and end-products in aerobic
procedures, and into ammonia, methane and hydrogen sulphate in anaerobic treatments

(Metcalf et al., 2003).

Abundant data are available on the biodegradation of PAEs (Xu et al., 2005). Some
studies on the environmental fate of DBP and DEHP demonstrated that microbial
activity is the main degradation mechanism for their degradation in aquatic and
terrestrial systems, including surface waters, soils and sediments (Juneson et al., 2001;
Sello et al., 2004). The hydrolysis and photolysis of these compounds is slow (Zhou et
al., 1995), confirming the importance of the biological pathway (Xu et al., 2008). Other
studies reported that PAEs with short ester hydrocarbon chains are more readily
biodegraded and mineralized than those with long ester chains, some of which are
considered recalcitrant (Ejlertsson et al., 1997; Jianlong et al., 2000; O'Grady et al.,
1985).

Bioremediation offers a potential solution for the conversion of PAEs into harmless by-
products such as CO, and H,O by the use of different electron acceptors (Wu et al.,
2008). The biodegradation of PAEs under aerobic conditions has been widely studied
(Ng, 2005; Oliver et al., 2007; Vega and Bastide, 2003; Wang et al., 2006), but few data
are available on the biotransformation of PAEs under anoxic conditions (Cheung et al.,

2007).
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Table 5. A summary of key studies on physical/chemical treatments to remove PAEs.

Type of PAEs Experimental conditions Removing ratio Ref Observations
treatment
Adsorption kinetics of DEP onto activated
carbon obeyed the pseudo second order rate
. A commercial activated carbon was equation. Experimental data showed good fit
Adsorption by . (Venkata- : . .
. DEP used. The pH of aqueous solution with both the Langmuir and Freundlich
activated 82.6 -53.2% Mohan et S .
[0.5-3.0 mg/L]  ranged from 2 to 10.5 at temperature adsorption isotherm models. DEP sorption
carbon o al., 2007)
30°C. was found to be dependent on the aqueous
phase pH and the uptake was observed to be
greater at acidic pH.
PAEs were not adequately removed by CF.
Samples were storing at 4°C, and DEHP showed higher removal efficacy
DMP passing through 0.45-um filter, using versus DnBP in fresh leachate; PAE removal
DEP aluminium chloride as coagulant. Fresh Leachate was closely related to PAE hydrophobic
DOP Fresh leachate (AICI; dose 4.8 mg/g, adsorption. It decreased to a similar level in
Coagulation- DIBP pH 8.0, fast agitation 350 rpm for 30 s <30% (Zheng et partial leachate; the reduction in DIBP,
flocculation DnBP and gentle agitation 60 rpm for 55 al 20%9) DnBP, and DEHP during CF did not correlate
(CF) BBP min). Partial Leachate v with their K,,,. Findings suggest that sorption
DEHP Partial leachate (AICl; dose 3.6 mg/g, mechanisms  other than  non-specific
[0.5-7.8 ug/L] pH 7.0, fast agitation 200 rpm for 30 s ~50% hydrophobic interaction play a more
and gentle agitation 60 rpm for 55 important role in PAE removal. Humic
min). substances in partially stabilized leachate
facilitate PAE removal by CF.
Adsorption b Adsorption The greater adsorption performances of the
h errricross-y Two commercial hyper-cross-linked capacit 121 order: two resins (NDA-99 and NDA-150) were
yplinke d DMP-DEP resins, NDA-150 and NDA-99, and pacity ’ Xu et al., assumed to result from their more abundant
[50- 500 mg/L]  granular activated carbon AC-750 2008) micro- and mesopore structure, where
polymer o co NDA-150> NDA : .
. were used at pH 7 and T = 25°C. phthalates can be intensively adsorbed by
resins 99> AC-750 . .
pore-filling mechanism.
PAEs: Results showed that chitosan adsorbed PAEs
DBP, DEHP, Adsorption mainly due to hydrophobic interactions, and
DMP The chitosan was in the form of capacity in the interacted with PA mainly due to interactions
Adsorption on MPEs: spherical uniform beads with a order (Salim et between polar active groups.
chitosan beads MBP®, MMP®, relatively uniform size distribution of ~PA>PAEs>MPEs al., 2010) For the monoesters, especially for MMP and
MEHP 9 ~4 mm diameter at pH 7 and T 25°C. MEHP, lower hydrophobicity than PAEs and
PA higher hydrophilicity than PA made them less

[15 mg/L]

adsorbable.
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Table 5. A summary of key studies on physical/chemical treatments to remove PAEs (continued).
Type of PAEs Experimental conditions Removing ratio Ref Observations
treatment
The carbon C.IOth used in this study Phthalic acid and its esters can be
has a specific surface area of
PA 2 largely removed from aqueous
2500m/g. . . .
. DEP . . . . solutions by adsorption onto high-area
Adsorption on Solutions of phthalic acid were (Ayranci )
. DMP . activated carbon cloth. The removal
high-area prepared in water, IM H,SO, and o/ . and .
. DAP . 90 % in 125 min rate was of first order. Adsorption
activated carbon 0.005 M NaOH to examine the Bayram, ca . .
T . equilibrium data obtained for phthalic
cloth. ionization effect on adsorption, 2005) . .
[0.239-0.241 hile the phthalate solutions were acid and its esters were successfully
mmol/L] W P . W fitted by both Langmuir and Freundlich

prepared only in water to avoid
dissociation into ions.

equations.

% Phthalate monoesters.

® Monobutyl phthalate.

© Monomethyl phthalate.

9 Monoethylhexyl phthalate.
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Metabolic breakdown of PAEs by microorganisms is considered one of the major routes
of their environmental degradation in soil, natural waters and wastewaters (Chauret et
al., 1995; Inman et al., 1984; Jianlong et al., 2000; Johnson et al., 1984; Pujar and
Ribbons, 1985; Ribbons et al., 1984; Wang et al., 1997), in which the biodegradation of
several PAEs has been observed under aerobic conditions (Ribbons et al., 1984).
Shelton et al. (1984) found that DMP, DEP, DBP, BBP were mineralized in digested
sludge but DEHP and DnOP persisted. Banat et al. (1999) investigated the influence of
sludge temperature and aeration rate on the reduction of DEHP concentration as well as
the reduction of the organic dry solid (ODS), and they found that it was possible to
achieve up to 70% reduction of the DEHP concentration and 61% of ODS within 96
hours with a specific air flow rate of 16 m’>/m’.h and a thermophilic temperature of
63 °C. Standardized aerobic biodegradation tests in inoculated sewage sludge showed

that phthalate esters degraded 50% within 28 days (Jonsson et al., 2003).

Sugatt et al. (1984) studied the biodegradation of fourteen commercial PAEs widely
used as plasticizers by means of an acclimated shake flask CO, evolution test showing
that all of the commercial phthalate esters were susceptible to biodegradation by mixed

populations of microorganisms from natural sources.

Saeger and Tucker (1976) studied the primary and ultimate biodegradation of phthalic
acid, monobutyl phthalate and five structurally diverse PAE plasticizers in river water
and activated sludge samples by wusing ultraviolet spectrophotometer, gas
chromatography and CO, evolution and demonstrated that the phthalic acid ester
plasticizers and intermediate degradation products readily undergo ultimate degradation

in different mixed microbial systems at concentrations ranging from 1 to 83 mg/L.

Biodegradation is not effective for long-chain PAEs or landfill leachate, although some
authors reported that the primary and sometimes ultimate degradation of PAEs occurred
during sludge treatments (Battersby and Wilson, 1989; Subba-Rao, 1982). The problem
with landfill leachate is its complex composition, which also changes over time (He et
al., 2009). PAE compounds with lower molecular weight (e.g. DMP, DEP, DBP and

BBP) were easier to degrade than members with higher molecular weight (e.g. DOP and
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DEHP) (Alatriste-Mondragon et al., 2003). Hence, PAEs can be degraded by
microorganisms under various conditions (Jianlong et al., 2000), but it is a long time-
consuming process that cannot readily biodegrade long-chain PAEs (Xu et al., 2005).
Table 6 summarizes some of the most representative studies on the biological treatment

of PAEs.

1.7.3.3. Advanced oxidation processes

Advanced oxidation processes (AOPs) are used in wastewater to oxidize complex
organic compounds that are difficult to biologically degrade into simpler by-products.
AOPs involve the generation of hydroxyl and other free radicals (Metcalf et al., 2003)
that enhance the degradation process, achieving the complete conversion of the target
pollutant species to CO,, H,O and mineral acids (Joseph et al., 2009). Because of the
ability of AOPs to convert contaminants into less harmful chemicals, they have been
proposed as a potential alternative approach for the treatment of bio-recalcitrant organic
pollutants (Chen et al., 2009). AOPs include different combinations of ozone, hydrogen
peroxide, sonolysis, ultraviolet (UV) radiation and photocatalysis, among other

treatments.

Several researchers have addressed the photolysis of PAEs by using artificial irradiation
sources such as mercury lamps (Mailhot et al., 2002), Xenon arc lamps (Bajt et al.,
2001), and ultraviolet light (Lau et al., 2005), but there is limited information on the

utilization of sunlight irradiation (Lertsirisopon et al., 2009).

The removal percentage of PAEs by AOPs has ranged from 0.0 to 99.9% depending on
the type of PAE and its chemical and physical characteristics. Although some
treatments, such as direct UV radiation and single H,O,, produce no PAE degradation,
combined UV/H,0, treatment has proven effective, reducing an initial concentration of
1 mg/L DEP by 98.6% after 60 min under UV radiation of 133.9 pW/cm?® and H,0,
dose of 20 mg/L (Xu et al., 2007). Similar results were found for DMP (Xu et al., 2009).
The photo-Fenton process (UV/H,0,/Fe”") effectively degrades aqueous DEP,
observing a maximum percentage degradation of 75.8% after 120 min at pH 3 (DEP
concentration of 10 mg/L, H,O, of 5.44x10* mol/L, and Fe’" of 1.67x10™ mol/L)
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(Yang et al., 2005).The combined use of UV and activated carbon cloth to remove
DMP, DEP and DAP (initial concentrations of 2.4x10™* mol) achieved high removal
rates, with the adsorption following first-order kinetics (Ayranci and Bayram, 2005).

Gledhill et al. (1980) obtained less than 5% degradation of BBP after exposure to
sunlight irradiation for 28 days. According to results yielded by a mathematical model,
Wolfe et al. (1980) considered photolysis to be the primary PAE degradation pathway in
oligotrophic lakes. Further research on biotic degradation with natural solar irradiation
1s warranted to improve our knowledge of its effects on PAEs in waters (Lertsirisopon
et al., 2009). Table 7 summarizes some representative articles on PAEs oxidation by

AOPs technologies.

1.7.3.4. Wastewater and sludge treatment plants

Table 8 summarizes the main studies on the elimination of PAEs in water, wastewater
and sludge treatment plants. In conventional wastewater plants, PAEs removal rates are
very high in aerated sludge. PAEs can be settled by physical/chemical precipitation and
adsorbed on the sludge surface, enhancing their removal. Some researchers found
biodegradation rates of 9% for MBP and BBP, 78% for DEHP, and 45% for DUP
(Staples., 2003). The fate of PAEs in anaerobic sewage sludge is important, since many
wastewater treatment plants use anaerobic digestion processes prior to sludge disposal
(Edgar et al., 2001). The removal rate and biodegradation rate of PAEs depend on their
physical and chemical properties (Ziogou et al., 1989).
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Table 6. Studies on biological treatments to remove PAEs

tlil;?t)::l(e)rfn t PAEs Experimental conditions Removing ratio Ref Observations
DMP>90%
Mixed digested sludge collected Dgpcflg%ly The biodegradation rate of three
from primary anaerobic digester 7 davs ’ phthalates under anaerobic conditions
Microbial (local wastewater treatment plant) DOP< 350"/ (Jianlong et  appeared to be related to the length of the
deeradation DMP was used. PAEs were dissolved in 10 davs ’ al., 2000) alkyl-side chains. The amounts of
& . DBP acetone, added to the sludge for Y methane produced were measured,
under anaerobic -
. . DOP each compound. . showing that ester groups and phthalate
digestion of i £ sludee (200 10° Theoretical CH, . neralized onifi
sludge [10 mg/L] Aliquots of slu ge ( mL, ‘A>) recovered (%) ring were mineralize at a significant rate.
) were transferred into the conical The kinetics study demonstrated that the
flasks, while continuously purging DMP =78 % biodegradation of three phthalates
with oxygen-free nitrogen. o conformed to the first order model.
DBP =75%
DOP = 10%
First-order kinetic model has previously
The'anaeroblc (.hgestt.ed sludge used DMP after 12 days bc'een usgd to describe PAE
as inoculum in this study was ith fermentation biodegradation under various
collected from a WW treatment W was 100% environmental conditions, but it was not
plant. The culture was purged with - suitable for DMP. A modified Gompertz
. . oxygen free argon gas for 10 min o Model was used to explain the kinetics of
Bbwdzizcris&in DMP and then incubated at 30°C. The COD 70.6% (Wuetal.,, phthalic acid degradation. The free
di yes ted sludee [20 mg/L] minimal medium was composed of The volume of 2008) energy is greater for DMP biodegradation
& & CaCl2.2H20 0.3 g/L), methane produced to PA than for PA degradation to
Na,HPO,.2H,0 (0.065 g/L), as 3.6 SF;nLg or benzoate explaining the PA accumulation
MgCI2.6H20 (0.165 g/L), and 1.25 Vihe od of 2Vo observed  throughout the reaction.
mg/L of trace elements. Medium p davs Methane production results demonstrated
was replaced at least every 3 days. ys. that DMP is not completely mineralized
under fermentation conditions
o e
Biodegradation DnBP After 3 days chor;centration were g20—35 °C, 6.5-8.0
by [25-400 mg/L]  FS1 isolated from activated sludge 99% of DMP, DEP, DT
. (Zeng et al., 18-24 h and 4-8% v/v, respectively. PAE
Pseudomonas DIBP at a petrochemical were used under DnBP, DIBP . .
. . 2004) biodegradation rates decreased and PAE
fluoresences [25-300 mg/L]  aerobic conditions. 30% DnOP inhibition cffects markedly increased with
FS1 DnOP DEHP 20% DEHP Y v

[12.5-200 mg/L]

greater alkyl chain length and alkyl
branch chains.
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Table 6. Studies on biological treatments to remove PAEs (continued).

;l;‘igfrgin t PAEs Experimental conditions Removing ratio Ref Observations
Biodegradation rate of DEHP was found
higher for AS compared with LS due to a
LS from anaerobic lagoon of an high microbial activity in AS. During
A mix of experimental WWTP. Half life for LS decomposition, removal of PAEs is
Lagooning (DEHP, BBP,  AS from a municipal WWTP. 454 da suggested to occur through degradation
sludge (LS) and DBP, DEP, The selected times of sampling 4y (Amiretal., by microbial communities. The microbial
activated sludge DMP) were for LS (initial mixture, after Half life for AS 2005) metabolism seems to begin by the
(AS) [500 ng/uL] 30, 60, 90 and 180 days) and for AS 8.9 da decomposition of alkyl side- chains
(initial mixture, after 15, 30, 45, 75, ’ Y before aromatic ring-cleavage. PAEs with
90 and 135 days). long alkyl side- chains cannot be
interpreted as an increase of toxicity but
as an intermediate stage of detoxification.
DBP
In fluve-aquic . .
[3.18-29.37 Each sample consisted of a composite  -In fluve-aquic The degr: adatlon} of DBP .>DEHP’ with
. o higher degradation rates in the fluve-
mg/Kg] of six samples collected within the = DBP average aquic
In black soil sampling unit. The initial sample was 14.06 mg/kg quie. . . . .
. . . . . DBP biodegradation might begin by esters
Biodegradation [2.75-14.62 collected at a starting point, with the =~ DEHP average .
. o hydrolysis to form monobutyl (MBP) and
of PAEs in mg/Kg] five additional samples collected 25 4.86 mg/kg Xuet al., .
. . . the corresponding alcohol, then MBP
typical DEHP m from the first point (12 m from -In black soil 2008) . ;
. . . . degrades to phthalic acid or butyl
agriculture soils In fluve-aquic greenhouse  fields) at azimuth  DBP average . . .
¢ o benzoate, which might be possibly caused
[1.15-7.99 intervals of 72°. The samples were 7.60 mg/kg . . .
by microbial decarboxylation, the two
mg/Kg] collected from a depth of 0 -20 cm  DEHP average I
. derivatives of MBP degrade to form
In black soil below the surface layer. 2.35 mg/kg .
[0.44-4.20 protocatechuate through ring cleavage.
mg/Kg]
Activated sludge obtained from a DBP can be rapidly degraded by
wastewater treatment plant was acclimated activated sludge. DBP was not
Deoradation b acclimated and wused as seeding oxidized  without  Dbiological  aids;
i climated Y DBP microbes to investigate the kinetics of > 90% (Wang et al., therefore, it is also reasonable to speculate
[50-200 mg/L] DBP biodegradation. ¢ 1997) that the increase in respiration rate is

activated sludge

The sludge was acclimated by a fill-
and-draw operation of the cycle every
day in a 2.0 litre reactor at 25°C.

attributable to biological oxidation of
DBP. The amount of biogas-adsorbed
DBP is low and can be neglected.
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Table 6. Studies on biological treatments to remove PAEs (continued).

Type of PAEs Experimental conditions Removing ratio Ref Observations
treatment
. . Mlcmbla.l degradation . of DBP ‘was The biodegradation process followed a first-
Biodegradation studied in batch experiments and the N
. . . order kinetic. The pH value of the culture
by using DBP effect of initial DBP concentrations on Xuet al., . . .
. . . 94.9% medium played an important role in the
Pseudomonas [2.5-10 mg/L] the degradation was investigated. The 2005) . ) .
. o biodegradation of DBP. The optimum pH was
fluorescens B-1 samples were incubated at 30° C on a
7.0.
rotary shaker operated at 150 rpm.
. . . . (Sivamurthy
Blodegraq ation DMTP The organism was isolated from ggrden and Pujar, = Pathway of DMTP degradation was proposed.
by A4 Bacillus sp soil by an enrichment culture technique. 1989)
Synthetic wastewater was used (COD: Remarkable amount of DMP (?98 mg/Kg of
PA . A sludge) was adsorbed on the biomass due to
. N: P=100: 7: 1). The effect of two . ) . .
Fixed film DMP . ) . . (Pirsaheb et its higher hydrophobicity compared to PA
. operating factors: hydraulic retention >95% .
bioreactor [10-500 . L . al., 2009) (171 mg/Kg of sludge). The kinetic
time and initial concentration of PA and .
mg/L] DMP were studied parameters were determined and compared for
) both pollutants, PA and DMP.
DEHP was the most recalcitrant phthalate.
DEP Sewage samples were collected during Low molecular weight phthalates such as
[0.10-25 pgL] one year in glass Winchester bottles DEP were biodegraded at constantly high
- Ao HE with polytetrafluoroethylene lined caps. ~ DEP (94-99%)) . rates by the trickle filter.
Trickling filter DEHP . . . (Oliver et .
Suspended solids, biochemical oxygen DEHP (<1- The results of this study can be used to
STW [14.6-30.2 . o al., 2005) " .
/ol ] demand, chemical oxygen demand, and 44%) optimise and design wastewater treatments
we ammoniacal nitrogen concentrations and processes to improve sewage effluent and
were obtained for each sample. sludge quality that may be required under EU
regulations.
The three fungi, D. concentrica, P.
chrysosporium and T. versicolor showed high
Biodegradation Three fungi, D. concentrica, P. resmanpe to DBP Wlﬂ.l a little 1nh1b1t¥on
by white rot DBP chrysosporium and T. versicolor were = 90% (Lee et al., depepdmg on concentration. The degradation
y . [100 uM] A ’ 2004) efficiency was 94% for D. concentrica, 83%
fungi used in this study

for T. versicolor after first day of incubation,
and completely degraded after 6 days of
incubation.
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Table 6. Studies on biological treatments to remove PAEs (continued).

t:;ﬁlt)r?]zrfn " PAEs Experimental conditions Removing ratio Ref Observations
Experiment were evaluated over a
wide pH range 5-9, the PAE In dark Biotic degradation of the PAEs with relatively
BBP solutions in glass test tubes were  All PAEs 20% short alkyl chains, such as BBP and DBP, at
Biotic [0.44 mmol/L]  placed either in the dark or under  Under sun light neutral pH, was significantly lower than that
degradation DBP the patural sunlight irradiation at DINP N in ac‘idic or alkaline ?ondition. Photolysis was
under natural [0.52 mmol/L]  ambient temperature for 140 days (50%) (Lertsirisopon con51der§d to contribute to the total biotic
sunlight DEHP from autumn to winter. The dfnly BBP, DBP etal.,2009)  degradation at'all pHs.
irradiation [0.35 mmol/L]  average radiation and ambient (20%) The degradation rate of DINP was much
DINP temperature widely varied from DEHP higher than those of the other PAEs, and it
[0.32 mmol/L] 17.1 to 242.8 W/m® (107.9 W/m>), (20%) was almost completely removed during the
and 0.40 to 27.4°C (10.8 °C), study experimental period at pH 5 and 9.
the effect of pH (5-9).
Under the optimized condition, DMP was
biodegraded in 56 h under anoxic conditions
DMP biodegradation by activated and its degradation rate followed a first-order
sludge cultures under nitrate- kinetic.
reducing conditions was The biodegradation pathway was proposed as
Anoxic DMP investigated. 100% (Wu et al., DMP — MMP — PA — ... —» CO, + H,0.
biodegradation [102 mg/L] The effect of pH (5-9) and 2007) The molar ratio of DMP to nitrate consumed
temperature (20-40 ° C) was was found to be 9.0:1.
studied. The biodegradation rate constant decreased

when pH was higher than 9.0 or lower than
6.0. This constant increased by augmenting
the temperature from 20 to 32°C.
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Table 7. Degradation of PAEs by advanced oxidation processes.

Type of PAEs Experimental conditions Removing ratio Ref Observations
treatment
Photorreaptor was equipped with ten 30W . DMP degradation in UV/H,0, advanced
commercial low pressure-Hg UV lamps 87-99% S
DMP L ) _ - oxidation process follows pseudo-first order
(emitting wavelength: 253.7 nm), I,= 133.9 I,=133.9 Xu et o .
[0.35- > . 2 kinetics and the rate constant (k) is affected
UV/H,0, wW/em. The effects of H,O, concentration (2.5- pW/cm~, pH 6.8 al., . . .
8.04 .. . — by the UV radiation intensity, H,O,
40 mg/L), UV radiation intensity (21.2, 50.1, [H,0,]p =40 2009) . . .
mg/L] 3 L concentration, solution pH (optimal pH 4)
77.2, 107.6 and 133.9 pW/cm®), and initial mg/L L .
. . . and initial concentration of DMP.
solution pH (2-11) were investigated.
Experiments were performed na ! L bench The measured second-order rate constants for
scale glass reactor. Ozone delivered into the . Es wi .
reactor was kept constant concentration across the reaction of the PAEs with HO" were
DMP P 2.67x10%, 3.98x10°, 4.47x10° and 4.64x10°
DEP the whole experiment process (45 mg/L). The (Wen et M ¢! tivel
0,/H,0, second-order rate constants of the four types of 40-80% al., S - fespectivery.
DPrP . . . After 30 min oxidation, the TOC decreased
PAEs compounds with HO" were determined 2011) T
DBP . . N . from 3.76 to 3.22 mg/L, indicating that only
using competitive kinetic. Determination of . .
.. . 14.4% of TOC was mineralized, whereas the
TOC and toxicity of PAEs was carried out L .
. toxicity was slightly reduced.
using natural water.
The electrochemical oxidation enhanced the
. . . biodegradation character of the DEP solution.
Experiments were carried out by using a self- . .
P Hence, the degradation of DEP was attributed
made Pd/C gas-diffusion electrode as the to the cooperatively oxidation processes
. DEP cathode and a Ti/IrO,/RuQ, anode. The cathode 80.9 -40.2% (Wang . . P Y on P
Electrochemical . including electrochemical oxidation at the
L [100 generated H,0, through two electron reduction after 9 h etal., .
Oxidation . . anode and H,0, and HO" produced by the
mg/L] of fed molecule oxygen in the electrolysis. At 2010) .
: : . . reduction of oxygen at the cathode
the same time, HO® was determined in the . .
electrochemical systems by ESR The electrolysis products determined by GC—
M y MS indicated that the main aromatic
intermediates were MEP and PA acids.
The‘degradatlon Of.DEP (45 uM) was carried Sonophotolytic degradation of DEP resulted
out in a capped cylindrical glass batch reactor . . . .
. . B (Sonolytic) in a significantly faster degradation than the
equipped with four UVC lamps (A = 254nm o . .

. 58% photolytic and sonolytic processes due to the
Sonolytic and power of 10W) or two UVC and two VUV (Photolytic) (Naet hicher photon cnerey and higher hvdroxvl
Photolytic DEP lamps at 15-18 °C. Ultrasounds with a al., gher p . gy gh Y Y

. . . 70-100 radical generation by homolysis of water.
Sonophotolytic frequency of 283 kHz with a nominal power of . 2012) . : . L

40. 65 d 85 WIL lied. Th (Sonophotolytic) Significant degradation and mineralization

’ an were appied.  he 90-100% (TOC) of DEP were observed with the

concentrations of DEP, total organic carbon
(TOC) and H,0, were analyzed.

combined sonophotolytic processes.
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Table 7. Degradation of PAEs by advanced oxidation processes.

Type of PAEs Experimental conditions Removing ratio Ref Observations
treatment
The catalyst Si-FeOOH was synthesized by The prepared catalyst exhibited a high catalytic
. adding Si to the amorphous FeOOH. (Yuan activity and 97% degradation of DMP with 0.5
UV/Si- DMP . . . 70-98% . Lo
FeOOH/H.O [7.7 mg/L] The experiment was carried out in home-made pH 10-5 etal., g/L Si-FeOOH (Si/Fe = 0.2) and 2 mmol/L H,0,
22 ’ photo-catalytic reactor using UVie (125 2011)  could be obtained at 30 min reaction and initial
W)/Si—-FeOOH/H,0,. solution pH of 5.0.
The bimolecular rate constants for the reaction of
Pulse radiolysis experiments were carried out hydroxyl radical and hydrated electron with DMP
with 10 ns pulses of 10 MeV electrons from a were measured to be 3.4x10° M s™" and 1.6x10"
Pulse linear electron accelerator. Electron beam M s, respectively, under pulse radiolysis
ra dil(l)l sis DMP experiments were performed using a GJ-2-11 >95% at (Wuet experiments.

El tz n [0.12-1.23  electron accelerator with beam energy of 1.8 absorbed dose al., Hydroxyl radicals were found to attack aromatic
eetro mM] MeV at the applied radiation. The experiments 20 kGy 2011) ring while hydrated electrons attacked the ester
beam . .

were carried out mainly at absorbed doses of 1— group of DMP.
20 kGy and the dose rate was kept at 0.045 Among the byproducts detected,
kGy/s. dimethylhydroxy phthalate and benzoquinone are
included.
The combination of ozone with photocatalytic
A glass tubular photoreactor with UV lamp oxidation was more efficient than other ox‘ldagon
. processes, especially for DMP mineralization.
(15W), with wavelength of 365 nm, was used. .
. DMP At solution pH = 5.5 and 1.0 g of TiO,. Ozone (Jing et al The rate constants for TIOZ/.U V/.O3 process were
UV/TiO,/04 ) ) S —90-100% ” 2.5 times higher than that in TiO,/UV/O,. The
[10 mg/L]  was produced from pure oxygen (air flow rate = 2011) o -
.0 . system UV/O; implies a synergistic effect
1.0 L min ') by using a DHX-SS-03C ozone . .
enerator between the photocatalysis and ozonation.
& ’ TOC removal at 45 min was 89.9% with 100 mg
h™! ozone dosage
The TiO,/AL,O; catalyst was prepared with y-
ALO; particles using a wet impregnation The complete removal of DMP was efficiently
method followed by an incineration procedure. . . .7
S . . achieved by both sole and catalytic ozonation;
. An airtight reactor with an effective volume of . .
05/UV/TiO, 55 4. Th lied at fl (Chen et al meanwhile, the presence of the catalysts slightly
supported in DMP 't Pllaf);lsf / - e ozone was supplied al How g0 100 o, 2011) ” accelerated the elimination rate of DMP.
y-Al,O3 rate ot 1. i The mineralization efficiency, in terms of total

Semi-batch ozonation was performed under
various experimental conditions including the
fed ozone concentration, catalyst type, catalyst
dosage, and ultraviolet radiation

organic carbon (TOC) removal, was substantially
enhanced by employing the TiO,/Al,0; catalyst.
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Table 7. Degradation of PAEs by advanced oxidation processes (continued).

Type of PAEs Experimental conditions Removing ratio Ref Observations
treatment
The catalyst Si—-FeOOH was synthesized by The prepared catalyst exhibited a high catalytic
UV/Si- adding Si to the amorphous FeOOH. activity and 97% degradation of DMP with 0.5
DMP . . . 70-98% (Yuan et : . -
FeOOH/H, (7.7 mg/L] The experiment was carried out in home-made H 10-5 al, 2011) g/L Si-FeOOH (Si/Fe = 0.2) and 2 mmol/L
0, - mg photo-catalytic reactor using UV (125 p ” H,0, could be obtained at 30 min reaction and
W)/Si—-FeOOH/H,0,. initial solution pH of 5.0.
Results show that degradation efficiency
The ACs used in this study (L27, X17, F22 and depends both on textural properties
S21) were commercial activated carbons (microporous and external surfaces favour this
ozone/ DEP provided by Pica. (de treatment) and chemical functions (both acid
activated [200 mg/L] Experiments were carried out at pH 2.5, 3.5, >90% atall pHs Oliveiraet and basic functions improve radical hydroxyl
carbon & 5.6,6.2 0or7.2 and 2 g of AC. al.,2011)  generation).
The initial ozone concentrations was 0.23 It was demonstrated that AC acts more as a
mmol/L radical initiator and promoter and a reaction
support than as an adsorbent material.
SBA-15 was synthesized by a hydrothermal Fe/SBA-15/05 process improved DMP and
method and Fe/SBA-15 was prepared by an total organic carbon (TOC) removal efficiency
incipient wetness impregnation method. due to the generation of hydroxyl radical (HO").
Os/Fe-Silica DMP Ozone was produced in situ from pure oxygen, 90-100% (Huang et  The rate constant when using Fe/SBA-15/0;
(SBA-15) [10 mg/L] pH = 5.7 and 0.28 g catalyst were added into T 25°C,pH 5.7  al,2011) was 0.0058 min ', 3.9 times higher than that of
the reactor, and ozone (50 mg h™') was O; alone, 3.4 and 1.9 times higher than those of
continuously fed to the solution through a SBA-15/0; and Fe,05/04 processes,
porous glass plate at the bottom of the reactor. respectively.
ZrOx/ZnO was prepared through a surfactant-
assisted hydrothermal method. The TOC removal efficiency of DMP was 88%
ZrOx/ZnO/UV/MW degradation of DMP was after 30 min reaction.
ZrOx/ZnO . . .
conducted with an integrated microwave and  _ . It was found that the removal process of DMP
/uv/ DMP . e . . =100% after 60 (Liao et . . .
. UV  reaction facility, equipped with a X by microwave-assisted photocatalytic followed
Microwave [50 mg/L] . . min at pH 5.6 al., 2010) T
(MW) microwave discharged electrodeless lamp. pseudo first o.rder kinetics in all cases, and
The microwave power for the UV/MW process ZrOx/ZnO  significantly  accelerated the
was 400W, and the light intensity was 9.79 degradation of DMP.
mW/cm?.
An UV lamp with an intensity of I, = 8.84x1077 The ozone/UV process was shown to have the
0JUV DEP Einstein L' 5! was used. >95% (Ohetal.,, highest efficiency for the elimination of DEP
3 [100uM] The net ozone dose was set at 1.5 and 4 mg/L  pH=7, T=20°C 2006) and its by-products, leading to the complete

min with the flow rate fixed at 0.5 L/min.

mineralization of DEP.
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Table 7. Degradation of PAEs by advanced oxidation processes (continued).

tlil;?t):;l(e)rfn t PAEs Experimental conditions Removing ratio Ref Observations
The Ru/AlL,O; catalysts with different Ru Ru/Al,O; significantly increased the effect
loading were prepared by the dipping . . .
DMP method 100% (Yunrui et of ozonation. TOC removal in 120 min
03/ Ru-Al,0; [6.0 . . e reached 72% while only 24% with ozone
The experiments were conducted in a 1 L T=15°C al., 2007) . .
mg/L] alone. The optimal catalyst preparing
glass reactor. Catalyst and ozone dosage were condition was 0.1 wi% Ru content
10 g/L and 116 mg O/h, respectively. ) ° ’
The experiment was carried out under the DEP cannot be effectively removed by UV
following conditions: (1) self photolysis of radiation and H,O, oxidation alone, while
DEP DEP  solution with different initial 16.8%-99 8% UV-H,0, combination process proved to
UV/H.O [1.0 concentrations and UV radiations; (2) H,0, [H O ]0: 2'5_300 (Xuetal, be effective and could completely degrade
22 m )L] oxidation alone with DEP solution in dark; 2 zm /L‘ 2007) this compound. More than 98.6% of DEP
& (3) DEP solution oxidation with UV-light and & can be removed after 60 min under intensity
H,0,; (4) effects of different impact factors of UV radiation of 133.9 uW/cm2 and H,0,
in UV-H,0, process. dosage of 20 mg/L.
. . . The optimal TiO, dosage and pH value for
The photoc?atalytlc df.:gradatlon experiments the BBP degradation were 2.0 g/L and 7.0,
were carried out in a laboratory-scale respectively
BBP photoreactor equipped with sixteen 330 nm The effects of co-existing substances on the
UV/TiO [1.0 black blue fluorescent UV lamps, each one 75-85% (Xuetal, degradation rate of BBP revealed that some
2 ; with approximately 8W maximum output. ¢ 2009) & z -
mg/L] o .. . anions (such as BrO;, ClO, and
Titanium dioxide (P25, Degussa), a mixture o .
- Cr,0;7) could enhance BBP degradation,
of 70% anatase and 30% rutile, was used as a . .
and other anions would restrain BBP
photocatalyst. degradation
The complete removal of DMP can be
efficiently achieved via both O3 and O5/UV
Semibatch ozonation experiments were treatments. The presence of high silica
DMP performed under various reaction conditions zeolites accelerates the decomposition rate
0,/UV [0.4-5.6 to examine the effects of inlet gas ozone >98% in both (Chenet of DMP in the O; process. The removal
Os/zeolite ml\-/[] concentration, high silica zeolite dosage, and treatments al., 2008) efficiencies of both chemical oxygen

UV radiation intensity on the decomposition
of DMP.

demand (COD) and total organic carbons
(TOC) are significantly enhanced by
employing the ozonation combined with
UV radiation.
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Table 7. Degradation of PAEs by advanced oxidation processes (continued).

Type of PAEs Experimental conditions Removing ratio Ref Observations
treatment
UV/TiO, The time required for the complete
UV/H,0, Ferric sulfate and TiO, particles destruction of TPA can be minimized from
UV/H,0,/Fe were used as photocatalysts. o . 10 h using UV/TiO, system, to less than 10
(OR TPA The irradiation intensity was 144 D4O_l((i).o /o £ (Tthliluvgnl: min by UV/H,0,/Fe/O; system. Some of
Os/Fe [50 mg/L] pW/em? and the wavelength was epending o ala czgrol ° the likely organic intermediates identified
0,/TiO, 2537 nm. Constant amount of treatment al, 7 during TPA destruction include
UV/05/H,0,/Fe ozone (2.4 mg/h) was introduced. benzoquinone, benzene, maleic acid and
UV/05/H,0,/Fe/TiO, oxalic acid.
UV/TiO, The time required for the complete
UV/H,0, Ferric sulfate and TiO, particles destruction of TPA can be minimized from
UV/H,0,/Fe were used as photocatalysts. . 10 h using UV/TiO, system, to less than 10
(0N TPA The irradiation intensity was 144 40_10.0 % (Thlruvgnk min by UV/H,0,/Fe/O; system. Some of
2 Depending of atachari et . . . . .
Os/Fe [50 mg/L] pwW/ecm™ and the wavelength was treatment al., 2007) the likely organic intermediates identified
0,/Ti0O, 253.7 nm. Constant amount of ” during TPA destruction include
UV/0s/H,0,/Fe ozone (2.4 mg/h) was introduced. benzoquinone, benzene, maleic acid and
UV/0,/H,0,/Fe/TiO, oxalic acid.
The elimination rate of DMP concentration
The photocatalytic experiments of significantly increased with increasing
UV/TiOy/mPMMA® DMP under various experimental photocatalyst ~dosage, UV  radiation
UV/Pt- DMP conditions were conducted to intensity at 254 nm and Pt doping content
TiO/mPMMA 0.05-0 4 examine the effects of the initial ~999 (Chenetal., while decreased with increasing initial
3 poly(methyl [0 M ’ DMP concentration, photocatalyst ’ 2009) DMP concentration.
methacrylate) mM] dosage, UV radiation intensity and Pt-TiO,/mPMMA  microspheres  offer

Pt doping content on the
degradation of DMP.

better photocatalytic performance than the
TiO,/mPMMA microspheres, especially
with respect to mineralization efficiency.

a) Magnetic poly (methyl methacrylate)
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Table 8. Removal of PAEs in wastewater and sludge treatment plants.

Type of PAEs Experimental conditions Removing ratio Ref Observations
treatment
Two digesters were used for the DBP PD[EESP“;:E Lorﬁgsfee_gﬁzgsrzzzg Zi
experiments. A hot water jacket and a 73.1-99.5% low  rates ydurin gnaerobic
An aerobic DBP water recirculation bath were used to DEHP (Alatriste- dicesti f wast tg lud ith
digestion of DEHP maintain the temperature of the digesters n.d -79.0% Mondragon 1gestion of wastewater siudge wi
WW sludge [5-500 mg/L] at 35°C. The biogas etal,2003) & comsequent accumulation in the
Digesters were operated with a 20 days production was reactor and a_toxic l.e vel when
HRT. 0.9-0.94 L/g sewage  sludge  with ~ high
concentrations of PAEs is digested.
The optimum stirring conditions to Biodegradation was not effective
remove DOM in leachate by coagulation for long chain PAEs in the landfill
were: flocculants added during fast leachate.
Complexation- DEHP stirring‘ at 200 rpm for 4 min, fqllowed by 1. ZO:A) (Zhang and PAC was the most efficient
flocculation [1.71-232.5 pg/L] slow stirring at 60 rpm for 20 min. 2. 25% Wang, 2009) coagulant. . ' .
Three coagulant agents were used: 3. 50% Hydrophobic contaminants with log
1- Ferric chloride K, greater than 4 are removed
2- Aluminium sulphate through the complexation-
3- Poly aluminium chloride (PAC) flocculation process.
PAEs were rapidly degraded during
batch anaerobic digestion of sewage
DMP sludge. First order reaction kinetics
DEP . . . was found to apply to their
. DBP Mixed digested ‘sludge from Hogsmill = pypp by o . degradation rates. DpEpHyP and DOP
Batch anaerobic Valley Water Pollution Control Works (Ziogou et al., .
digestion BBP (London, U.K.) was used. BP>DEP 1989) appeared to'be perswtent}}nder the
DEHP ’ 50-100% same experimental conditions and
DOP their fate during sludge disposal
[0.50-10 mg/L] needs to be further investigated,
given  their  universal  and
widespread occurrence.
Removal of DEHP from reject water from SBRs treatment hafi the‘potentlal to
. . remove DEHP biologically from
Aerobic/anoxic DEHP SeWage sludge hwas studied i W."fl 95% (Marttinen et reject water but this removal was
treatment [98-122 pg/L] sequencing batch reactors (SBRs) wit al., 2004b) restricted by the poor

different aerobic/anoxic periods during a
6-h total cycle period.

bioavailability of DEHP as a result
of sorption to solids
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Table 8. Removal of PAEs in wastewater and sludge treatment plants (continued).

tlil;?t):;l(e)rfn t PAEs Experimental conditions Removing ratio Ref Observations
-Wastewater [ug/L]
DEHP=[9-44],
DMP =[0.02],
DEP=[ 1.6-25],
]])Srll?]?PPz—[E)OOOS], The WWTP capacity is about DEHP (78%) The DEHP removal seemed to
N 30000 m*/day (from 20000 m’/day DMP, DEP, proceed rather from particle settling
Wastewater DnOP={0.02] nder dry weather to 55000 m*/day DnBP, and BBP (Dargnat et than from biodegradation, wherea
treatment plant -Sludge [ug/L] under ary weather o y 00 al., 2009) © odeg on, Whereas
DEHP=[72], under rainy periods) (68-96%) the rest of PAEs were easily
DEP=[0.08], biodegradated.
DMP=[0.05],
DnOP=[0.1],
DnBP=[0.15],
BBP=[0.01].
Removal of DEHP from reject SBRs treatment had the potential to
water from sewage sludge was . remove DEHP biologically from
Aecrobic/anoxic DEHP studied in two sequencing batch 95% (Matrttlmen reject water but this removal was
treatment [98-122 pg/L] reactors (SBRs) with different Z%Oaéli;) restricted by the poor
aerobic/anoxic periods during a bioavailability of DEHP as a result
6-h total cycle period. of sorption to solids
DEP: AR>50%,CS
Aeration (AR) <50%
Coagulation and DEHP DBP: AC>50%, Both DBP and BBP can be treated
sedimentation [50-100 pg/L] AR>90%,CS <50% (Asakura by aeration and DEHP by advanced
. (CS) DBP Leachate treatments BBP: AC>50%,A0P and oxidation processes. .
Activated carbon BBP (Adsorption and oxidation) >99% AR>90%,CS Matsuto The removal ratios of DEHP in
(AC) DEP <50% 2009) ’ leachate of 100 m*/d with 100 Kg
Advanced [50 ng/L] DEHP of activated carbon were 50-70%,
oxidation process AC>50%, assuming a complete mixing model.
(AOP) AR<50%, CS >50%

AC>50%, AOP >99%
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1.7.4. Conclusions
The extended use of materials containing PAEs has led to their spread in the
environment. Thus, these compounds have been detected in different types of water

(surface, ground, drinking, and wastewater), sludge, and soils.

Although there are many publications related to the impact of PAEs on human health,

more research effort is needed to clarify the toxicity level of these potential pollutants.

The removal of PAEs can be efficiently addressed by means of technologies such as
adsorption, coagulation-flocculation, biodegradation, and advanced oxidation processes.
The highest yields were detected for the following systems: adsorption on high-area
activated carbon cloth, biological treatments (mainly for short alkyl chain PAEs), pulse
radiolysis, electron beam, UV/H,0,, UV/Ti0,/0s, Os/activated carbon, Os;/UV, and
03/Ru-AlOs5.
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2. FUNDAMENTOS QUIMICOS DE LOS SISTEMAS DE TRATAMIENTOS DE
AGUAS APLICADOS

2.1. Adsorcion sobre carbon activado

En los tratamientos de aguas, el proceso de adsorcion consiste en la concentracion de
sustancias solubles en la superficie de un solido. Este proceso se considera un
tratamiento terciario, y, por ello, se aplica al final de los tratamientos secundarios. Dado
que el compuesto soluble a eliminar se ha de concentrar en la superficie del s6lido, un
pardmetro determinante del proceso sera el area superficial del s6lido. Sin embargo,
existen otros factores que, segun el sistema, también pueden afectar a su eliminacion y
contribuir a aumentar su efectividad en la extraccion de un determinado contaminante,

éstos son:

* Solubilidad del adsorbato

e Hidrofobicidad

* Estructura y volumen molecular

e Peso molecular

* Problemas de difusion

* Polaridad

* Concentracion (grado de saturacion)
* Naturaleza quimica del adsorbente

* Quimica de la disolucion (pH, presencia de electrolitos u otras especies)

Las aplicaciones de la adsorcion de compuestos quimicos sobre un solido son muchas,
desde la eliminacién de un amplio abanico de sustancias orgéanicas (colorantes, fenoles,
mercaptanos, etc.) hasta sustancias inorganicas como las especies metélicas. En la
actualidad, el soélido universalmente utilizado como adsorbente en el tratamiento de
aguas es el carbon activado, el cual ha ido sustituyendo al uso del filtro de arena, debido
a su mayor capacidad para la extraccion de compuestos organicos € inorganicos que no
han sido completamente separados en etapas anteriores. Los carbones activados son

materiales que poseen un alto poder de adsorcidon, como resultado, entre otras
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caracteristicas, de una importante y variada red de poros. Un carbon activado se puede
definir como un material que se ha fabricado a partir de una materia prima de elevado
contenido en carbono y que desarrolla su porosidad mediante un proceso de activacion
especifica. La materia prima para la preparacion de estos materiales es muy variada,
abarcando desde turba, lignito, hulla, breas, huesos de aceituna, hasta cascaras de fruta y
cualquier tipo de residuo lignoceluldsico; actualmente, también se estan obteniendo

carbones activados a partir de diversos polimeros sintetizados artificialmente.

2.1.1. Textura porosa de los carbones activados

Una de las caracteristicas mas importantes de los carbones activados es su estructura
porosa, la cual se debe a la presencia de pequefias laminas de grafito con numerosos
defectos estructurales y apilados de forma muy desordenada. Los huecos que quedan
entre el entrecruzamiento de dichas laminas constituyen la porosidad del carbon
(Stoeckli, 1990), siendo ésta la responsable de su elevada superficie y de su aplicacion

como adsorbente universal.

Figura 1. Representacion de la estructura porosa del carbon activado.

Atendiendo a su diametro, los poros de un sélido pueden clasificarse, de acuerdo con la

IUPAC, en tres grupos:

* Microporos: Poros de didmetro inferior a 2 nm
* Mesoporos: Poros con un diametro comprendido entre 2-50 nm

* Macroporos: Poros con un diametro superior a los 50 nm
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Los microporos son los responsables de los elevados valores de area superficial que
presentan los carbones activados, que, en general, oscilan entre 500 y 1500 m?/g (Gregg
and Sing, 1982), y de su elevada capacidad de adsorcion de moléculas de pequefias
dimensiones, especialmente gases. Los mesoporos son importantes para la adsorcion de
moléculas de gran tamafio y, junto con los macroporos, actian como canales de
transporte y acceso hasta los microporos (Rodriguez-Reinoso and Linares-Solano,

1989).

2.1.2. Quimica superficial de los carbones activados

Las propiedades de los materiales de carbon no solo estan determinadas por su textura
porosa sino que las caracteristicas quimico-superficiales también desempefian un papel
fundamental (Boehm, 1966). La composicion elemental media de un carbdn activado es
aproximadamente de un 90% C, 0.5% H, 6% O, 0.5% S y el resto de materia mineral,
pudiendo diferir el contenido de algunos elementos dependiendo de la naturaleza del

material de partida y de las condiciones del proceso de activacion.

Los carbones activados presentan un caracter anfotero, es decir, se comportan como
bases o como acidos en funcion del pH del medio (Figura 2). La carga superficial de los
mismos va a depender del pH de la disolucion. Asi, el pH para el que la densidad
superficial de carga positiva es igual a la densidad superficial de carga negativa recibe el
nombre de pH del punto cero de carga (pHpzc). En aquellos casos en los que el pH de la
disolucion sea superior al pHpzc, el carbon presentara carga negativa superficial,
mientras que para valores de pH inferiores al pHpzc, el carboén presentara carga
superficial positiva. Atendiendo a la densidad de carga de los carbones, éstos pueden ser
clasificados en carbones basicos, también denominados H (pH,,. > 7) o carbones 4cidos,

denominados L (pHp,c < 7).

Los carbones acidos se caracterizan por presentar elevadas concentraciones de grupos
oxigenados superficiales y, aunque no se ha precisado con exactitud la naturaleza de
todas las estructuras de estos grupos quimicos superficiales, las principales especies
presentes son acidos carboxilicos, fenoles, lactonas, quinonas, anhidridos carboxilicos y

perdxidos ciclicos (Boehm, 1966; Figueiredo et al., 1999; Leon y leon and Radovic,
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1994). Entre todos ellos, los responsables del caracter acido del carbon activado son,
principalmente, los grupos carboxilicos (pKa = 3-6), lactonicos (pKa = 7-9) y fendlicos
(pKa = 8-11) (Leon y leon and Radovic, 1994), debido a la ionizacion de los mismos en
medio acuoso, lo que va a dar lugar a una densidad de carga negativa en la superficie

del carbon activado.

Superficie
del carbén
.
Ar > Ar,
.k =
ArO > ArO

A 4

ArNH, ArNH,
Medio
basico
» ArO

ArOH >
ArCOOH >  ArCOO-

Figura 2. lonizacion de los grupos superficiales del carbon activado en funcion del pH

del medio.

Al contrario que el caracter acido del carbon activado, las causas de la basicidad del
mismo no estan definitivamente aclaradas. Algunas hipdtesis han propuesto estructuras
del tipo cromeno (Garten and Weiss, 1957) o y-pirona (Boehm, 1966; Voll and Boehm,
1971) como las responsables de la basicidad de los carbones; otros investigadores han
justificado las propiedades basicas del carbon activado debido a la presencia de
electrones m deslocalizados en su superficie (Leon y Leon et al., 1992) (Figura 3). Estos
electrones podrian actuar como bases de Lewis en disolucion acuosa formando
complejos donador-aceptor con las moléculas de agua (Fabish and Schleifer, 1984;
Montes-Moran MA et al., 1998; Papirer et al., 1987).

El conocimiento de la naturaleza quimica superficial del carbon activado es de gran
importancia para comprender mejor el comportamiento del mismo como adsorbente,

catalizador o soporte de catalizadores.
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Figura 3. Representacion de algunos de los grupos quimicos superficiales presentes en

un carbon activado. @) electron o desapareado; #) electron wt localizado.

2.1.3. Uso del carbon activado como agente depurador de las aguas

El uso de carbon activado es una de las tecnologias mas antiguas aplicadas en el
tratamiento de aguas. Su empleo como agente depurador comenz6 en 1883, con el uso
de filtros de carbon activado en plantas a escala piloto en Estados Unidos para eliminar
el olor y sabor del agua destinada al consumo humano. Los resultados obtenidos en
estos estudios provocaron la implantacion, a comienzos de 1930, de columnas de carbon
activado en la mayoria de las plantas depuradoras estadounidenses. Actualmente, la
adsorcion sobre carbon activado estd reconocida por la United States Environmental
Protection Agency (USEPA) como una de las mejores tecnologias disponibles para la
eliminacion de compuestos organicos e inorganicos de las aguas destinadas a consumo

humano (Radovic et al., 2001).

La utilizacion del carbon activado en el tratamiento de aguas superficiales se ha
extendido como el método de emergencia mas eficaz para eliminar contaminantes
organicos tras los episodios de contaminacion, como el caso del vertido en la ria de
Arousa en Caldas (Galicia), en Septiembre de 2006, producida por el incendio de un

almacén de productos quimicos de la empresa alemana Brenntag, o bien, el caso del
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pantano de Iznajar (Coérdoba), en Julio de 2005, por contaminacion difusa de
plaguicidas en embalses (terbutilamina, simazina, etc.), o el vertido en el rio Lagares y
en la playa de Samil (Vigo), producido por un incendio en una nave industrial de

productos quimicos en Septiembre de 2008.

2.1.4. Adsorcion de compuestos aromaticos sobre carbon activado en fase acuosa

El uso del carbon activado es una alternativa muy interesante para la depuracion de
aguas residuales y aguas destinadas al consumo humano. La adsorcion de compuestos
aromaticos en disolucion acuosa por carbones activados ha sido ampliamente estudiada
(Aksu and Kabasakal, 2004; Ayranci and Bayram, 2005; Bautista-Toledo et al., 2008;
Bilgili, 2006; Coughlin and Ezra, 1968; Ferro-Garcia et al., 1990a; Ferro-Garcia et al.,
1990b; Hameed et al., 2009; Leyva Ramos et al., 2002; Lim et al., 2009; Liu et al.,
2009; Mattson et al.,, 1969; Moreno-Castilla et al., 1995; Moreno-Castilla, 2004;
Radovic et al., 1997; Rivera-Utrilla et al., 2009; XU et al., 2009); sin embargo, para
mejorar su eficiencia en el proceso de eliminacion de estos contaminantes, es necesario
conocer el mecanismo responsable del mismo. Existe una cierta controversia con
relacion al mecanismo que gobierna este proceso, asi, se han propuesto diferentes

mecanismos como son:

* La existencia de interacciones dispersivas entre los electrones m del anillo
aromatico del adsorbato y los electrones m de los planos grafénicos de la superficie

del carbon activado (Coughlin and Ezra, 1968; Radovic et al., 1997).

* Formacion de un complejo donador-aceptor que involucra a los grupos
superficiales tipo carbonilo, los cuales actian como donantes, y el anillo aromatico
del compuesto organico que actiia como aceptor (Mattson et al., 1969; Moreno-

Castilla et al., 1995).

» Establecimiento de interacciones electrostaticas/dispersivas y formacion de enlaces

por puente de hidrogeno (Franz et al., 2000).
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Al existir cierta incertidumbre acerca de la contribucion de las diferentes interacciones
implicadas en estos procesos de adsorcidon, no es posible establecer un mecanismo
general, siendo necesario un estudio exhaustivo para cada sistema en particular. No
obstante, tras una extensa revision bibliografica acerca de la adsorcion de estos
compuestos aromaticos, se ha llegado a las siguientes conclusiones (Radovic et al.,

2001):

* Este proceso sigue un modelo complejo con interacciones electrostaticas y
dispersivas adsorbente-adsorbato.

* El rendimiento del proceso viene determinado por la solubilidad del adsorbato,
hidrofobicidad del adsorbato y del adsorbente y, por ultimo, por la fortaleza de las
interacciones dispersivas m-m. La fortaleza de estas interacciones m-m se pueden
modificar por los sustituyentes de los anillos aromaticos del adsorbato o del carbon
activado.

* El pH del medio desempefia un papel muy importante en el proceso de adsorcion.

2.2. Procesos avanzados de oxidacion

La oxidacion supone la transferencia de uno o mas electrones desde un donante
(reductor) a un aceptor (oxidante) que tiene afinidad por electrones. La transferencia de
estos electrones supone una transformacion quimica para ambos compuestos y, en
algunos casos, se producen especies radicalarias muy reactivas y, por lo tanto, muy
inestables debido a su configuracion electronica. A la produccion de radicales le sigue
una reaccion de oxidacion entre los radicales oxidantes y otros reactivos, organicos o
inorganicos, hasta que se forman productos termodinamicamente estables. Los
productos finales de una oxidacién completa de compuestos organicos son dioxido de

carbono, agua y, en algunos casos, sales.

Los procesos avanzados de oxidacion (PAOs) se producen en dos etapas: 1) la
formacion de un potente oxidante, generalmente radicales HO®, y 2) reacciéon de ese
oxidante con los contaminantes organicos del agua. Inicialmente se entendia por PAOs
los procesos en los que intervenian O3, H,O, y/o luz ultravioleta, UV; sin embargo, esa

denominacién se ha ido ampliando a procesos en los que intervienen la catalisis con
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Ti0,, la cavitacion, la irradiacion con haz de electrones de alta energia, las reacciones
Fenton, etc. Todos estos procesos producen radicales hidroxilo que reaccionan y
destruyen un amplio abanico de contaminantes orgdnicos. Aunque los procesos
indicados pueden tener otros mecanismos de destruccion de contaminantes, en general,

la eficacia de un PAO es proporcional a su capacidad para generar radicales.

De acuerdo con lo expuesto, la base de los PAOs es la generacion de radicales libres
(HO®, 0,*, HO,®), siendo el principal responsable el radical hidroxilo, HO®. Estos
radicales libres son especies altamente reactivas, capaces de atacar con €éxito a la mayor
parte de las moléculas organicas, con constantes de velocidad de reaccion muy elevadas
que oscilan entre 10°-10° M's™. Asi pues, los PAOs se definen como: “aquellos
procesos de oxidacion que implican la generacion de radicales hidroxilo en cantidad
suficiente para interaccionar con los contaminantes del medio”. El elevado numero de
sistemas que pueden generar estos radicales (Tabla 1) hace que estos procesos
avanzados de oxidacion sean muy versatiles (Andreozzi et al., 1999; Brillas et al.,

1998).

Tabla 1. Tecnologias basadas en procesos avanzados de oxidacion usadas para el

tratamiento de aguas.

Procesos no fotoquimicos Procesos fotoquimicos
* Oxidacién en agua sub/supercritica e UV de vacio (UVV)
 Reactivo Fenton (Fe*'/H,0,) + UV/ (reactivo quimico)
* Oxidacion electroquimica Foto-Fenton (UV/Fe*'/H,0,)
* Radidlisis * UV/O;
* Plasma no térmico * Fotocatalisis heterogénea

e Ultrasonidos
* Ozonizacion:
0 en medio alcalino (O3/OH")
0 en presencia de peroxido de
hidrogeno (O3/H,0;)

O catalitica
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De las tecnologias expuestas en la Tabla 1, en el desarrollo de la presente Tesis Doctoral
se han analizado las posibilidades que presentan para eliminar y degradar plastificantes,
herbicidas y plaguicidas los siguientes PAOs: UV/perdéxido de hidrogeno,
UV/peroxodisulfato de potasio, UV/carbonato de sodio, UV/dioxido de titanio,
UV/diéxido de titanio/carbon activado y radidlisis. A continuacion se presentan los

fundamentos quimicos de los PAOs estudiados en esta Tesis Doctoral.

2.2.1. Procesos avanzados de oxidacion basados en la radiacion UV

La excelente capacidad de los radicales hidroxilos para oxidar compuestos orgéanicos ha
hecho que se invierta un gran esfuerzo por parte de los investigadores para explorar su
generacion fotoquimica. En la naturaleza es comin encontrar compuestos que pueden
descomponerse mediante reacciones fotoquimicas por aplicacion de luz solar. Esta
degradacion depende de la longitud de onda de la radiacion (L), de la capacidad de
absorcion molar del compuesto (€) y de su rendimiento cuantico (®) (Kari et al., 1995).

Estos parametros estan relacionados por la siguiente ecuacion:

ky,

T 2303E; 6 M

;,
k,: Constante cinética de degradacion a una determinada A (1/s)
E;: Energia emitida por la fuente (Einstein/ s/m?)
& Coeficiente de absorcion del compuesto a la A considerada (m*/mol)

@,: Rendimiento cuantico a la A considerada (mol/Einstein)

La radiacion mas utilizada para la fotdlisis es aquella con una A comprendida entre 200-
400 nm; ésta pertenece a la region del espectro ultravioleta. La estructura de la molécula
determinara si ésta es capaz de absorber un tipo de radiacion e incrementar su energia
de forma que alcance un estado excitado, pudiendo llegar a la ruptura de enlaces y, por

lo tanto, a su degradacion.

En el caso de que los compuestos no lleguen a ser degradados por fotdlisis directa, sigue

existiendo la posibilidad de lograrlo, mediante via indirecta, por generacion de
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radicales. El uso de estas tecnologias para un proceso avanzado de oxidaciéon tiene

multiples ventajas frente a las no fotoquimicas:

* En ocasiones, algunos de los contaminantes sufren fotolisis directa.
* No es necesario anadir reactivos quimicos.
* Reduce la cantidad requerida de ciertos oxidantes en sistemas combinados.

* Se ven afectados en menor medida por cambios drasticos de pH.

En el sistema UV/H;,0,, la ruptura de la molécula de H,O, mediante el uso de fotones
tiene un gran rendimiento cuantico (®uo” = 0.98), por lo que produce, practicamente,
dos radicales HO® por cada molécula de H,O, (Reaccion 2) (Glaze et al., 1987). Un
inconveniente a tener en cuenta es el bajo coeficiente de absorcion molar del H,O,, lo
que hace necesario establecer condiciones de flujo turbulento para evitar que zonas de la
disolucion queden sin tratar. El proceso fotoquimico es mas eficiente en medio alcalino,
ya que el anidon hidroperoxido (HO;") presenta una absortividad mayor que el H,O,

(Glaze et al., 1987).

El bajo coeficiente de absorcion molar del H,O, podria compensarse aumentando la
cantidad del reactivo, sin embargo, los radicales HO® generados también pueden
reaccionar con el H,O,, sobre todo si éste se encuentra en altas concentraciones
(Reaccionese 3-6). Por lo tanto, un exceso de H,O, inhibe el proceso de degradacion de

contaminantes en disolucion.

H,0,+ hv — 2HO*® 2)
H,0,+ HO® — HOj + H,0 (3)
2HO; — H,0,+ 0, 4)
H,0,+ HO3 — HO® + 0, + H,0 (5)
H,0,+HO®*— O3 +H +H,0 (6)

El peroxodisulfato (S;0s%) es un fuerte oxidante con un potencial de reduccion de
E’=2.05 V. Esta especie se usa en la industria del petréleo para la descontaminacion de

fluidos hidraulicos (Salari et al., 2009); también se usa para la degradacion de algunos
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contaminantes organicos. Sin embargo, debido a que las reacciones con S,Og”” son muy
lentas a temperatura ambiente, se han propuesto diferentes métodos para activar o
acelerar la descomposicion de moléculas orgédnicas (Khataee y Mirzajani, 2010). Los
métodos de activacion mas frecuentemente usados consisten en la generacion de
radicales sulfatos SO4*~ (E° = 2.6 V) por medio de la descomposiciéon fotoquimica,
térmica o quimica del S,0¢> (Criquet et al., 2009; Ito et al., 2009; Mora et al., 2009). El
ion sulfato generado como producto final es practicamente inerte y no es considerado un
contaminante como el H,O,, el cual debe ser eliminado después de su aplicacion, por lo
cual, el uso del radical SO,°* para la degradacion de contaminantes se ha incrementado
en los ultimos afios. Las reacciones (7) a (18) muestran la activacién fotoquimica del

S,05> (Khataee and Mirzajani, 2010)

S,0% + hv — 2SO%" (7)

SO; +RH, — SO; +H" + RH® ®)
RH® +S,05 - R +S07 +H + SO} )
SOy +RH — R®*+S07 +H" (10)
2R® — RR (11)

SO;” +H,0 — HSO; + HO® (12)
HSO; — H' +SOF (13)

. .o | 14
HO® +S,08 — HSO; + SO + 50, (14)
. . o1 15

SO +HO® — HSO; + 70, (15)
2HO® — H,0, (16)

HO® + H,0, — H,0 + HO} (17)
S,02” + H,0, — 2H" +2S0% + 0, (18)

2.2.2. Fotocatalisis heterogénea

Una alternativa para generar radicales libres es llevar a cabo la fotdlisis sobre la
superficie de un semiconductor; ésta es la base de la fotocatalisis heterogénea, que
consiste en la absorcidn, directa o indirecta, de energia radiante, visible o ultravioleta,

por un solido que, en su forma excitada, actia como catalizador para producir
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reacciones de degradacion de los compuestos situados en la interfase. Existen varios
semiconductores con las caracteristicas apropiadas para ser empleados como
fotocatalizadores; sin embargo, los semiconductores utilizados son aquellos que son
estables, baratos, que requieran una radiacion no demasiado energética, interesando
aquellos que pueden ser activados con radiacion visible. Los fotocatalizadores mas
utilizados para degradar compuestos orgéanicos son TiO,, ZnO, SnO,, WOs3, ZrO,, CeO,,
ZnS, CdS y 6xidos de Fe (Antoniadou et al., 2011; Ashkarran et al., 2010; Faisal et al.,
2011; Gao et al., 2011; Kim et al., 2011; Ohno et al., 1998).

El principio fundamental de este sistema se basa en la fotogeneracion de electrones en la
banda de conduccion (BC) del catalizador y, consecuentemente, “huecos” positivos (h")
en la banda de valencia (BV), por la aplicacion de radiacion de energia igual o mayor
que la diferencia energética entre ambas bandas. Para los catalizadores mencionados,
este AE es del orden de 3.2 eV, que corresponde a la energia de la radiacion UV, que
incluso puede ser suministrada por la luz solar. Los radicales hidroxilos son formados
en la superficie del fotocatalizador por reaccion directa del agua adsorbida y los huecos
generados, mientras que en la banda de conduccion los electrones generados reaccionan

con el O, adsorbido generando el radical superdxido (0,*).

El didxido de titanio es el semiconductor mas utilizado como fotocatalizador para la
eliminacidon de contaminantes organicos e inorganicos, tanto en fase liquida como en
fase gas, debido a su alta disponibilidad, bajo costo, alta estabilidad quimica y nula
toxicidad (Amama et al., 2002; Arafia et al., 2007; Brugnera et al., 2010; Chen et al.,
2009; Sun et al., 2008). En la Figura 4 se muestra, a modo de ejemplo, la activacion del

Ti0, mediante luz UV.

En los ultimos afos se ha comprobado que los materiales de carbono contribuyen, en
gran medida, a la mejora del proceso fotocatalitico fundamentalmente a través de uno de
los tres mecanismos siguientes: 1) minimizacion de la recombinacion de los pares
electron-hueco fotogenerados, 2) modificacion del “band gap” del fotocatalizador hacia
mayores longitudes de onda y 3) presencia de centros de adsorcion que aceleran el

contacto entre el contaminante y el catalizador. Este cambio en la velocidad de
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degradacion de los contaminantes en presencia del material de carbono se ha descrito en
la literatura como un efecto sinérgico entre el TiO, y el material carbonoso para la
degradacion de compuestos aromaticos (Cordero et al., 2007; Matos et al., 1998; Xue et

al.,, 2011).

Luz UV 103s o
A<380 nm 2
= BC &
y S .
10755 = z 0,
=
&5 S 109s
py
y = =

h+

W HO'
108 s¥ HO

Figura 4. Activacion del TiO; mediante luz UV

BV

)

2.2.3. Procesos avanzados de oxidacion basados en la radiacion gamma

La eliminacion de contaminantes del agua mediante radiolisis se basa en la generacion
de radicales, electrones altamente reactivos, iones y moléculas neutras, por exposicion
del agua a radiaciones electromagnéticas de alta energia (Arslan-Alaton and Gurses,
2004; Buens and Sims, 1981; Ferradini, 1961). Para ello, se suelen utilizar rayos X o
radiacion gamma emitida por fuentes radiactivas de ®°Co (t;, = 5,271 afios, E~=1,173y
1,332 MeV) y BTcs (ti2 = 30,170 afios, E,= 0,661 MeV), o bien aceleradores lineales de

electrones.

Al irradiar el agua con radiaciones ionizantes, éstas van perdiendo paulatinamente su
energia a través de colisiones inelasticas con las moléculas de agua, produciéndose la
ionizacion o excitacion de estas moléculas. A través de un complejo mecanismo, se
forman especies muy activas como son: e,q, H* y HO®, iones como H3;0" y moléculas
estables como: O,, Hy, H,O,, (Figura 5). Todas estas especies quimicas son productos
radioliticos primarios que van a ser los que, posteriormente, originen modificaciones en

las moléculas de contaminante y den lugar a su degradacion. Por lo tanto, el proceso de
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degradacion o mineralizacion de los microcontaminantes presentes en el agua costa de

las siguientes etapas:

 Formacién de radicales libres activos (sucede en tiempos del orden de 107'%5).
 Difusion de los radicales (tiempo del orden de 107 s).
* Reacciones inducidas entre los productos radioliticos primarios y las moléculas

de contaminante.

Interaccion
RY
Excitacion / H,0 \\Ionizacién Escala
de tiempo
H,O0* H,0 "+ e — 10-16 g v
/ \ 1 1,0
HO- + H; O+ 1(?’14 S
H-+HO- | | Hy+ O o
—4a
v
Formacion de moléculas y e,
difusion de los radicales 4
v
€aq) H- HO- H2 H202 H30+ 107s

Figura 5. Especies generadas en la radiolisis del agua pura a pH neutro.

Los procesos quimicos involucrados en la radiolisis del agua por radiaciones ionizantes
han sido estudiados y documentados con el fin de que este tratamiento pueda ser
utilizado eficazmente en el tratamiento de aguas (Getoff, 1996). La radiolisis del agua
también ha sido ampliamente estudiada para conocer los efectos biologicos producidos
por las radiaciones ionizantes sobre los seres vivos (Woods and Pikaev, 1994), ya que la
molécula de agua es la mas abundante en el cuerpo humano, del orden del 65% del peso
de un adulto, y, por lo tanto, la que presenta una mayor probabilidad de interaccion con

la citada radiacion gamma.
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Estos procesos, basados en radiaciones electromagnéticas de alta energia, resultan mas
econdmicos y eficientes a gran escala que otros procesos usados para la eliminacion de
microcontaminantes persistentes de las aguas (Bolton et al., 1998; Choppin et al., 2002;
Woods and Pikaev, 1994). A diferencia de las radiaciones UV, en las que parte de los
fotones son absorbidos por el contaminante, la radiacion gamma presenta una gran
probabilidad de que su energia sea absorbida por las moléculas de agua, produciendo la

radiolisis de la misma y generando las especies mencionadas anteriormente (Figura 5).

De las especies primarias originadas por la interaccion de la radiaciéon gamma con las
moléculas de agua, e,y, H* y HO®, las dos primeras actian como fuertes agentes
reductores y el radical hidroxilo, como oxidante fuerte. Por esta razon, algunos autores
se refieren a estos tratamientos como Procesos Avanzados de Oxidacion/Reduccion
(PAO/Rs) (Kurucz et al.,, 1995). En la Tabla 2 se muestra una estimacion de la
concentracion de las especies reactivas mas importantes que se generan durante la

radiolisis del agua pura en funcidn de la dosis absorbida (Mezyk et al., 2008).

Tabla 2. Concentracion de especies reactivas generadas en agua pura en funcion de las

dosis habituales de irradiacion gamma.

Dosis absorbida Concentracion
(kGy) (mM)

eaq' H. HO. HzOz
0.1 0.03 0.01 0.03 0.01
0.5 0.14 0.03 0.14 0.04
1.0 0.27 0.06 0.28 0.07
5.0 1.35 0.30 1.40 0.35
10.0 2.70 0.60 2.80 0.70

La gran eficiencia que presenta esta tecnologia en la eliminacion de microcontaminantes
persistentes en las aguas esta despertando una especial atencion en la aplicacion de estos
sistemas de tratamiento en la eliminacion de una gran variedad de contaminantes
(Basfar et al., 2005; Kurucz et al., 1995; Mezyk et al., 2008). El desconocimiento de

esta tecnologia, de sus rendimientos y de las condiciones de seguridad con las que se
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debe trabajar, hace que no esté totalmente difundida (Basfar et al., 2005; Mezyk et al.,
2008). Hoy en dia existen algunas plantas de tratamiento de aguas en varios paises que

aplican este sistema, sin embargo, su utilizacion no esta demasiado extendida.
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3. OBJETIVOS DEL TRABAJO DESARROLLADO EN LA PRESENTE TESIS
DOCTORAL

A la vista de la revision bibliografica llevada a cabo acerca de la repercusion
medioambiental de los contaminantes procedentes de los lixiviados en las aguas y de las
tecnologias usadas para el tratamiento de las mismas, el objetivo general de esta Tesis
Doctoral es estudiar la eliminacion de estos contaminantes del agua mediante procesos
de adsorcion/bioadsorcion en carbones activados comerciales, asi como usando
diferentes procesos avanzados de oxidacioén basados en el uso de radiacion ultravioleta y
radiacion gamma. Los contaminantes seleccionados para este estudio son cinco: tres
compuestos usados en la industria del plastico (4cido ftalico, bisfenol A y acido
difendlico) y dos usados como herbicidas (4cido 2,4-diclorofenoxiacético y acido 4-
cloro-2-metilfenoxiacético). Asi, los objetivos especificos que se pretenden alcanzar

son:

1. Estudiar los procesos de adsorcion de los contaminantes mediante el uso de

carbones activados.

Se analizard la viabilidad de los carbones activados como adsorbentes de los
contaminantes seleccionados en aguas de diferente procedencia y composicion quimica
(ultrapura, superficial, subterrdnea y residual urbana). Para ello, los procesos de
adsorcion se llevaran a cabo tanto en régimen estatico como en dindmico, determinando
la capacidad de adsorcion de los carbones. Se estudiard la influencia de las variables
operacionales, cinética del proceso y mecanismos difusionales que controlan estos
procesos de adsorcion. Se analizaran los procesos de bioadsorcion de los contaminantes,
mediante el uso simultaneo de carbon activado y bacterias. Las bacterias que se van a
utilizar en este estudio son las que se encuentran en los fangos activos procedentes del
tratamiento secundario de una planta de depuracion de aguas residuales. Al comparar
los resultados obtenidos en la adsorcion de los contaminantes sobre el carbon activado
en presencia de bacterias con los correspondientes al proceso llevado a cabo en ausencia
de bacterias, se podra determinar el papel desempefiado por estas bacterias en la

depuracion del agua mediante estos sistemas.
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2. Analizar los procesos de degradacién de los contaminantes de las aguas por
fotooxidacion directa e indirecta utilizando ldmparas de radiacion UV de media

y baja presion.

La fotooxidacion de los contaminantes se estudiard usando radiacion UV y evaluando la
influencia de las variables operacionales, la cinética de los procesos y la influencia de
la composicion quimica del agua. Con objeto de incrementar la velocidad de
degradacion de los contaminantes, se analizara el efecto que produce la presencia de
compuestos fotosensibles en el medio. Ademads, se comparard la eficiencia de los
radicales HO®, SO4* y CO3*/HCO;® para eliminar los contaminantes de los sistemas
acuosos. Un apartado muy importante lo constituira el estudio de la eficacia del sistema
integrado por radiacion UV/TiO,/carbén activado en la degradacion de los
contaminantes, donde se analizara el papel que juega el carbén y la influencia de sus

caracteristicas quimicas y texturales en el rendimiento del proceso de fotodegradacion.

3. Estudiar la radiolisis de las aguas contaminadas con los mencionados
contaminantes usando radiacion gamma Yy analizando los procesos de

degradacion de estos compuestos

Se analizaran las posibilidades que presenta este proceso avanzado de
oxidacion/reduccion para eliminar dichos compuestos de aguas de diferente naturaleza.
En este apartado se estudiaran: la cinética de descomposicion de los contaminantes, la
influencia de las distintas variables operacionales, los mecanismos de reaccion, el efecto
de la presencia de aniones inorganicos en el medio y la aplicaciéon de este sistema de

tratamiento en aguas potables y residuales.
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MODELING ADSORPTION RATE OF ORGANIC
MICROPOLLUTANTS PRESENT IN LANDFILL
LEACHATES ONTO GRANULAR ACTIVATED
CARBON

Article published in Journal of Colloid and Interface Science 385, 174-182 (2012)

s Highlights

e The PVSDM model fitted the adsorption of pollutants from
landfill leachates on activated carbon.

e The tortuosity factor of the activated carbons used ranged
from 2 to 4.

e Pore volume diffusion is the controlling mechanism of the
overall rate of adsorption

e Surface diffusion can be neglected.

e The external mass transport did not affect the overall
adsorption rate.

ABSTRACT

The overall adsorption rate of single micropollutants present in landfill leachates
such as phthalic acid (PA), bisphenol A (BPA), diphenolic acid (DPA), 2, 4-
dichlorophenoxy-acetic acid (2,4-D), and 4-chloro-2-methylphenoxyacetic acid
(MCPA) on two commercial activated carbons was studied. The experimental data
obtained were interpreted by using a diffusional model (PVSDM) that considers
external mass transport, intraparticle diffusion, and adsorption on an active site.
Furthermore, the concentration decay data were interpreted by using kinetics models.
Results revealed that PVSDM model satisfactorily fitted the experimental data of
adsorption rate on activated carbon. The tortuosity factor of the activated carbons
used ranged from 2 to 4. The contribution of pore volume diffusion represented more
than 92% of intraparticle diffusion confirming that pore volume diffusion is the
controlling mechanism of the overall rate of adsorption and surface diffusion can be
neglected. The experimental data were satisfactorily fitted the kinetic models. The
second-order kinetic model was better fitted the experimental adsorption data than
the first-order model.
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ABBREVIATIONS

Prausnitz-Radke isotherm constant, L/g.

b Prausnitz-Radke isotherm constant, L*/mmolP.

Ca Concentration of adsorbate in aqueous solution, mg/L.

Cao Initial concentration of adsorbate in aqueous solution, mg/L.

Car Concentration of adsorbate within the particle at distance r, mg/L.
Concentration of adsorbate at the external surface of the particle at r =R,

Carl=r
mg/L.

Chae Concentration of adsorbate at equilibrium, mg/L.

Dag Molecular diffusion coefficient at infinite dilution, cm?/s.

Dep Effective pore volume diffusion coefficient, cm?/s.

D, Surface diffusion coefficient, cm?/s.

ki Rate constant of the first-order kinetic model, 1/h.

ko Rate constant of the second-order kinetic model, g/mg/h.

Ki, exp Experimental external mass transfer coefficient in liquid phase, cm/s.

m Mass of adsorbent, g.

Mg Molecular weight of water, g/mol.

Nap Mass transport due to pore volume diffusion, mg/cm?/s.

Nas Mass transport due to surface diffusion, mg/cm?/s..

q Mass of adsorbate adsorbed, mg/g or mmol/g.

Qexp Experimental mass of adsorbate adsorbed, mg/g or mmol/g.

Qpred,i  Mass of adsorbate adsorbed predicted from the first-order kinetic model, mg/g.

Qpred,2 Mass of adsorbate adsorbed predicted from the second-order kinetic model,

mg/g.

Distance in radial direction of the particle, cm.

7

Radius of the particle, cm.

External surface area per mass of adsorbent, m”/g.

- W

Temperature, K.

=+

Time, min.

A% Volume of the solution, mL.
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Greek symbols

B Prausnitz-Radke isotherm constant.

€ Void fraction of particles.

e Viscosity of water, cp.

Pp Density of adsorbent particles, g/mL.

T Tortuosity factor.

(0} Association parameter of water.

()N Dimensionless concentration of adsorbate in the solution.

Cexp Experimental dimensionless concentration of adsorbate in the solution.

Cpred Dimensionless concentration of adsorbate in the solution predicted with the

diffusional models.
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1. INTRODUCTION

Among organic micropollutants detected in wastewater are those from landfill leachates
such as: phthalic acid (PA), bisphenol A (BPA), diphenolic acid (DPA), 2, 4-
dichlorophenoxyacetic acid (2,4-D) and 4-chloro-2-methylphenoxyacetic acid (MCPA)
[1-3]. PA, BPA, and DPA are used as plasticizers, flame retardants, fungicides,
antioxidants, and rubber chemicals, as well as in the production of epoxy and
unsaturated polyesters-styrene resins. They are considered endocrine disruptor
pollutants [4,5]. 2,4-D is a widely used herbicide in the world [6]; it is commonly
preferred because of its low cost and good selectivity [7], and MCPA is frequently
utilized for control of a wide variety of broadleaf weeds in cornfield, grasses, orchards,
grapes, flax, sugarcane, pulses and non-crop areas. Both herbicides have been

frequently detected in drinking water [8].

Activated carbon is the most commonly employed adsorbent for industrial applications,
especially to eliminate organic compounds from aqueous solution due to its chemical
and textural properties. Adsorption on activated carbon has been recommended by the
USA Environmental Protection Agency as the best available technology for removing
non-biodegradable toxic organic compounds from drinking water and industrial

wastewater [9].

In previous works [10,11], the adsorption of PA and BPA in aqueous solution on
activated carbons with different chemical nature were investigated. It was found that the
activated carbons used had a high capacity to adsorb PA due to their phenolic groups
content; moreover, the adsorption capacity was favored at acidic pHs and it was not
significantly affected by the presence of electrolyte. The adsorption of BPA
fundamentally depends on the chemical nature of the carbon surface and the solution
pH. Furthermore, the presence of electrolytes in solution favored the adsorption process
due to a screen effect; however, the presence of mineral matter in carbons reduced their
adsorption capacity because of the hydrophilic nature of this matter. Ayranci and
Bayram [12] studied the adsorption behavior of PA and its three esters: dimethyl
phthalate, diethyl phthalate, and diallyl phthalate onto activated carbon cloth, and they
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found that the adsorption process of these phthalate species followed the first-order
kinetic rate. Liu et al. [13] investigated the adsorption of BPA on granular activated
carbon modified with nitric acid and thermal treatment. They reported that the
experimental kinetic data were well described by the pseudo-second order kinetic
model, as well as that the adsorbed amount of BPA decreased by increasing temperature
and pH. Aksu and Kabasakal [7] studied the adsorption of 2,4-D on activated carbon.
The adsorption equilibrium data were satisfactorily fitted by the Freundlich and Koble-
Corrigan isotherm models, and the adsorption rate data were interpreted with a pseudo

first-order kinetic model.

One of the most important aspects of the adsorption processes from the point of view of
treatment plant design is the adsorption kinetics. However, in general, the studies about
the adsorption of the above pollutants on activated carbon have not been focused both
on the overall adsorption rate and the mass transport mechanisms controlling these
adsorption processes. Thus, the main objective of the present work was to study the
overall adsorption rate of these single micropollutants (PA, BPA, DPA, 2,4-D, and
MCPA) onto granular activated carbon by using diffusional and kinetic models.
Moreover, the mechanism of mass transport controlling the overall rate of adsorption

was also analyzed.

2. DIFFUSIONAL AND KINETIC MODELS

2.1. Diffusional model

It is well documented that the overall rate of adsorption on a porous solid includes the
following three simultaneous steps: external mass transport, intraparticle diffusion, and
adsorption on an active site; intraparticle diffusion may be due to pore volume diffusion,

surface diffusion, or a combination of both mechanisms [14-16].

In this work, the diffusional model was derived by assuming the following: 1)
intraparticle diffusion occurs by pore volume diffusion (Fick diffusion) and surface

diffusion, ii) the rate of adsorption on an active site is instantaneous, and iii) granular
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activated carbon particles are spherical. Model equations and initial and boundary

conditions are [14-16]:

dC,
Vv T ='rnSkL,exp (CA'CAr I r=Rp) (1)
t=0, Ca=Cxo 2)
aCAr aq 10 5 ( 8CAr 6q)]

— 4y —=—— —+ — 3
ot et Por [r Po 5 Dby ©)
Ca=0, t=0, 0<r<R, 4)

0Car
=0 )
ot =0
aCAr aq

ep 7 r +Ds pp a =kL,exp (CA'CAr|r=Rp) (6)

The model represented by equations (1)-(6) is the general diffusional model (PVSDM).
The parameters kiegp, Ds, and D, correspond to experiment external transport
coefficient, surface diffusion coefficient, and effective diffusion coefficient in the pore
volume, respectively. The general model may be simplified in the pore volume diffusion
model (PVDM) by assuming that the molecular diffusion in the pore volume is the only
intraparticle diffusion mechanism (D¢, # 0, Ds = 0), or in the surface diffusion model
(SDM) considering that the intraparticle diffusion is exclusively due to the surface

diffusion (D¢, = 0, Ds # 0).

The coupled partial and ordinary differential equations of the three diffusional models
were numerically solved using the program PDESOL v2, which is based on the

numerical method of lines [17].

2.2. Kinetics models

Several kinetic models have been reported in the literature to interpret the overall
adsorption rate of a pollutant on a porous solid adsorbent [18]. In the kinetic models, it
is normally assumed that the overall rate of adsorption is exclusively controlled by the

adsorption rate of the adsorbate on the surface of adsorbent, and both intraparticle
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diffusion and external mass transport can be neglected. Moreover, it is considered that
the adsorption rate of the adsorbate on the adsorbent surface can be represented in the
same manner as the rate of chemical reactions. The adsorption kinetics is commonly

modeled with the first- and second-order kinetic equations.
The first-order kinetic model can be represented by the following equation:

&~ () o

This equation can be integrated using the boundary conditions, t = 0 to t and q = 0 to

dpred,1 and the following equation is obtained:

97 Dprea,1 (1-e19) (8)

The second-order kinetic model can be represented by the following equation:

% =k, (qpred,Z 'Q)Z ©)

The integration of equation (9), and using the initial conditions, t =0 to t and q =0 to

pred,2, ONE can obtain the following equation:

2
qpred,2 kzt

Q=1 (10)
1+qpred,2 kzt

3. EXPERIMENTAL

3.1. Reagents
All chemical reagents used in this study (phthalic acid, bisphenol A, diphenolic acid,

2,4- dichlorophenoxy-acetic acid, and 4-chloro-2-methylphenoxyacetic acid) were high-
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purity analytical grade reagents supplied by Sigma-Aldrich. All solutions were prepared
with ultrapure water obtained from Milli-Q® equipment (Millipore).

Table 1 shows the chemical structure of the pollutants studied, their dimensions
(determined by using Chemoffice software, Chem3D Ultra 9.0), and other
physicochemical characteristics which were obtained from the ChemIDplus Advanced

database.

3.2. Activated carbons

Two commercial activated carbons, Sorbo Norit (S) and Ceca AC40 (C), were used as
adsorbents. The activated carbon particle size was 0.45-1.00 mm. These carbon samples
were chemically and texturally characterized, determining their surface area, pore
volume accessible to water, pore size distribution, elemental analysis, ash content,
oxygen surface groups, and pH of the point of zero charge. Detailed descriptions of the

techniques and methods used for this characterization were previously reported [19-21].

The hydrophobicity of the activated carbons was determined by measuring immersion
enthalpies in benzene, AH;(C¢Hg), and water, AH;(H,O), using a SETARAM C80
calorimeter. For this purpose, 0.10 g of activated carbon was degasified in a glass
capsule at a pressure of 10” mbar and temperature of 383 K for 12 h. The sample was

then left to stabilize in the calorimeter for 3 h at 303 K before the experiment.

3.3. Adsorption isotherms

In order to apply the diffusional model, the corresponding adsorption isotherms were
obtained. Solutions containing different concentrations (50, 100, 200, 300, 400, and 500
mg/L) of PA, BPA, DPA, 2,4-D or MCPA and 0.1 g of activated carbon samples (S or
C) were introduced into a 100 mL Erlenmeyer flask. The flasks were capped with a
rubber stopper to avoid evaporation. Subsequently, the flasks were partially submerged
into a constant temperature water bath (298 K) and continuously stirred with a mixing
shaking. Adsorption equilibrium was attained when the concentration of two
consecutive samples did not change. The amount of contaminant adsorbed was

calculated performing a mass balance.
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Table 1. Physico-chemical properties of the contaminants used.

Pollutant Molecular Molecular Size Molecular Va®  Solubility log Kow"” PK,, © PK,, 9 PKa, ©)
Weight (X, Y, 2) formula (cm3/mol) in water
(g/mol) (nm) (g/L)
HO. 0
PA 166.13 0.89 x0.89 x 0.34 114 12.50 1.15 290 540 --
GHy
BPA 22829 1.27x0.86 x 0.68 " LH oH 294 0.09 4.15 9.59 1130 --
DPA 286.33 1.27x1.23 x0.96 | ?m 315 0.40 3.58 4.66 9.70 1045
24D 221.00 1.29x0.73 x 0.42 182 2.16 269 298 - -
MCPA 20062 1.24 x 0.84x 0.42 o 8, 18 1.38 222 314 - -

g
a) Liquid molar volume at the normal boiling point.
b) Log octanol-water partition coefficient.
¢, d, e) pKa corresponding to the successive deprotonations.
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The concentrations of PA, BPA, DPA, 2,4-D or MCPA in aqueous solution were
determined by UV-visible spectrophotometer, Genesys 5, at a wavelengths of
Apa=231nm, Agpa =276 nm, Appa =276 nm, A 4p=284 nm, Apcpa=279 nm and at a

solution pH of 7.

3.4. Adsorption kinetics

The concentration decay data for the adsorption of these pollutants on the activated
carbon samples (S and C) were obtained by placing 25, 50, or 100 mg of activated
carbon in 100 mL Erlenmeyer flasks containing around 100 mg/L of the target
pollutant. Theses flasks were kept in a thermostatic mechanical shaker batch operating
at a constant agitation speed (135 rpm), temperature of 298 K, and a solution pH of 3
(PA), 5 (BPA), 5 (DPA), 3 (2,4-D), and 3 (MCPA) (no solution buffer added).
At different periods of time, samples were taken to determine the pollutant
concentration. Kinetics experiments showed that the required period of time to reach

the equilibrium was 7 days for PA, BPA, and DPA and 5 days for 2,4-D and MCPA.

4. RESULTS AND DISCUSSION

4.1. Characterization of activated carbons

Table 2 shows the textural characteristics of the two activated carbons used in this
study. Both had a large surface area (>1200 m?/g) and a highly developed porosity, with
a very large volume of pores accessible to water (>0.80 cm®/g). Pore size distribution of
carbons is important for adsorption of a given compound in aqueous solution, because
pores that are not accessible to water will not be effective in the adsorption process. The
external surface area (corresponding to pores with diameter > 6.6 nm) was larger for

carbon S (46.90 m?/g) than for carbon C (21.30 m?%/g).

Micropore volumes (W) obtained by N, adsorption were 0.391 cm?/g (carbon S), and
0.406 cm’/g (carbon C), both were considerably higher than those determined by CO,
adsorption (Table 2). The Wy(N;)/ Wy(CO,) ratio was higher for carbon C (1.60) than
for carbon S (1.40), with both values indicating a very heterogeneous micropore

distribution, because CO, is only adsorbed in smaller micropores (ultramicropores),
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whereas N, is adsorbed on the surface of all micropores [22,23]; therefore, N,
adsorption data give the total micropore volume, W, (N,); thus, the mean micropore

size (L,) was higher when determined by N, adsorption (Table 2).

Table 3 lists the chemical characteristics of the activated carbons. The pH of point of
zero charge was 9.0 for carbon S and 6.0 for carbon C, which means that carbon C has a
chemical nature more acidic than carbon S, which is due to the higher concentration of
carboxyl, lactone and phenol groups of carbon C. The ash content was lower than 8.5%

in both activated carbons.

Table 4 shows the water and benzene immersion calorimetry results for the activated
carbon samples. Adsorption enthalpy values determined by immersion calorimetry of an
activated carbon in water depend on: the interactions with polar sites (acidic or basic),
the micropore filling, and the external surface wetting. Hence, the first of these three
processes is specific and corresponds to relatively high energies, whereas the other two
are due to lower energy non-specific interactions [24,25]. Because of this specific
interaction, a relationship can be established between the water immersion enthalpy and
surface oxygen content of different carbons [26,27]. Thus, carbon C, with its higher
oxygen and ash contents, shows a greater water immersion enthalpy when water
adsorption heat is expressed per gram of carbon (Table 4). Furthermore, the adsorption
enthalpy of the non-polar benzene molecule, AH;(CsHg), is less dependent on the
chemical nature of carbon surface than on the distribution of its porosity [24,25]. Thus,
in the present study, the data obtained from calorimetry with benzene showed an inverse

relationship with mean L, (N,) and L, (CO;) micropore size (Table 2).

Given the polar nature of the water molecule and non-polar nature of benzene, the
relative hydrophobicity of carbon can be determined by means of the hydrophobicity
coefficient (HC) given by Equation (11).
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Table 2. Textural characteristics of activated carbons.

Activated Sy, Se”  V2?  Va¥  Vie? Wo(N2)? W, (CO»Y Lo(N2)" Lo (CO2)” W, (N)

Carbon (%) (m*/g) (ecm’/g) (cm’/g) (cm’/g) (em’/g)  (cm’/g) (nm) (nm) /W, (CO,)
S 1225 4690 0.044 0481 0983  0.391 0.279 1.02 0.65 1.40
C 1201 2130 0.046 0.409 0.835  0.406 0.253 1.30 0.71 1.60

a) Surface area determined from N, adsorption isotherms at 77 K.

b) External surface area determined by mercury porosimetry.

¢) Volume of pores with diameter of 6.6-50 nm determined by mercury porosimetry.
d) Volume of pores with diameter >50 nm determined by mercury porosimetry.

e) Volume of pores accessible to water determined by pycnometric densities.

f, g) Volumes of micropores determined by N, and CO, adsorption, respectively.

h, i) Mean widths of micropores determined with the Dubinin equation [35].

Table 3. Chemical characteristics of activated carbons.

Activated Carboxyl Lactone Phenol Carbonyl Total Total  pHp, ? Oxygen Ashes
Carbon  Groups” Groups” Groups® Groups® Acidic Basic % wt) (%)
(neq/g)  (neq/g) (neq/g)  (meq/g) Groups® Groups®
(neq/g)  (neq/g)
S 0.0 56.0 244.0 146.7 446.7 1080.0 9.0 9.8 6.07

C 44.6 156.1 557.6 149.4 907.7 96.0 6.0 10.0 8.30

a) Concentration of carboxyl groups determined by titration with NaHCO; (0.02 N).

b) Concentration of lactone groups determined by titration with Na,COj3 (0.02 N) - NaHCO; (0.02 N).
¢) Concentration of phenol groups determined by titration with NaOH (0.02 N) - Na,COs (0.02 N).

d) Concentration of carbonyl groups determined by titration with NaOH (0.1 N) - NaOH (0.02 N).

e) Concentration of acidic groups determined by titration with NaOH (0.1 N).

f)  Concentration of basic groups determined by titration with HCI (0.1 N).

g) pH of the point of zero charge.
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. ( AH,(H,0) )

AH;(C4He) (D

Table 4 shows the relative hydrophobicity coefficients for both activated carbons. The
hydrophobicity of a carbon is a key factor in its effectiveness as an adsorbent in aqueous
phase and was higher for carbon S than for carbon C, attributable to the lower oxygen

and ash contents of the former.

Table 4. Results obtained from immersion calorimetry of activated carbon

in water and benzene.

Activated -AH;(C¢Hg)” -AH;(H,0)" HC®
carbon J/g)  (mI/m?) J/g)  (mJ/m?)

S 136.7  111.6 48.4 39.5 0.65

C 112.2 93.4 52.8 44.0 0.53

a) Benzene adsorption enthalpy.
b) Water adsorption enthalpy.
¢) Relative hydrophobicity coefficient.

4.2. Adsorption isotherm of micropollutants on activated carbon

In order to apply the diffusional model, it is needed to obtain the adsorption isotherms
of all systems. Figure 1a)-1b) depicts the adsorption isotherms of PA, BPA, DPA, 2,4-D
and MCPA at T=298 K and pH (3-5) on the two activated carbon samples C and S. All
isotherms showed the L type of Giles classification [27,28], indicating both that the
aromatic rings of these contaminant molecules were adsorbed parallel to the carbon
surface and there is no major competition between contaminant molecules and water

molecules for the active adsorption centres on the carbon surface.

The adsorption equilibrium data of these compounds on the activated carbon samples
shown in Figure 1a)-1b) were interpreted with the Prausnitz-Radke adsorption isotherm

model. This model can be mathematically represented by the following equation:

aCA

_ (12)
1+bC,P

q
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Figure 1. Adsorption isotherms of the pollutants studied on activated carbon. a) Carbon

C, and b) Carbon S. T=298 K. The lines represent the Prausnitz-Radke isotherm.

The adsorption constants were evaluated by using a non-linear estimation method with
Statistica software. The values of the isotherm constants, as well as the average absolute
deviation percentages are given in Table 5. The deviation percentages were calculated

with the following equation:
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N

%D:;Iz

i=1

qexp - qpred
qcxp

x100% (13)

Prausnitz-Radke isotherm model fitted reasonably well the experimental data of
adsorption equilibrium since the average deviation percentages were less than 10% for

all adsorption systems.

Table 5. Constants of the Prausnitz-Radke isotherm at 298 K.

Pollutant Carbon a b B %D
(L/g)  (L/mmol®
C 11.20 7.13 1.07 3.72
PA
S 19.35 37.75 0.91 7.12
C 43.73 28.37 1.04 3.69
BPA
S 54.97 70.87 0.94 1.86
C 44.95 41.17 0.87 9.93
DPA
S 227.35 306.14 0.82 2.86
C 102.42 61.08 0.91 0.10
2,4-D
S 70.47 38.02 0.72 4.12
C 19.28 619.16 1.04 3.98
MCPA
S 103.28 47.44 0.63 6.10

4.3. Calculation of mass transport parameters

Prior to apply the diffusional model to the adsorption kinetic data, the mass transport
parameters should be determinated. The molecular diffusion coefficient of pollutants in
aqueous solution was assessed employing the Wilke-Chang correlation [29]. This

correlation can be mathematically represented as follows:

74310 (M) 2T

M,V

AB (14)
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Where @=2.60, Mg = 18 g/mol, n, = 0.89 cp, and V, values of PA, BPA, DPA, 2,4-D
and MCPA were estimated by using the Le Bas method [30], and they are given in
Table 1. The molecular diffusion coefficient determined were 8.74><10'6, 5.6O><10'6,
5.37x10°, 7.46x10° and 7.38x10° cm’/s for PA, BPA, DPA, 2,4-D, and MCPA,

respectively.

The experimental external mass transfer coefficient was assessed by the procedure
proposed by Furusawa and Smith [31], based on the fact that whent — 0, Ca; — 0 and
Ca— Cao. Substituting these conditions in equation (1), the following equation can be

derived:

Ca
d (C_AO) 'mSkL,exp
_ (15)
dt \%

t=0

The term in the right part of equation (15) is the slope of the concentration decay at
t = 0, and it was estimated by using the first two data points of the concentration decay

curve,at t=0andt= 15 min.

The experimental values of ki .y, obtained are listed in Table 6, and they vary between
0.57x10” and 2.10x10” cm/s for PA, between 1.08x10™ and 5.67x10” cm/s for BPA,
between 2.35%107 and 9.25x107 cm/s for DPA, between 0.23x107 and 0.73x107 cm/s
for 2,4-D, and between 0.07x 107 and 0.85%10 cm/s for MCPA.

4.4. Pore volume diffusion model (PVDM)

In a porous system, the presence of solid particles causes the diffusion paths of
molecules to deviate from straight lines. Thus, to represent the role of porosity on
diffusion, the diffusion coefficient must be scaled with tortuosity, which is defined as
the ratio of an effective path length to the shortest path length in the microporosity. The
relationship between the effective diffusion coefficient, D¢y, in a porous material and the

molecular diffusivity, Dap, can be described by various models. The simplest and
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commonly used model is based on the tortuosity factor, T. In this model D, can be

estimated from the following equation [18,32,33]:

cp

_Dasgy

T

(16)

Table 6. Experimental conditions for calculation of mass transfer coefficient, effective

diffusion coefficient and tourtuosity factor.

Exp. Pollutant Carbon Mass of

Cao

CAe

Qe

Kpexp¥10° Depx10” 1

No. carbon (mg/L) (mg/L) (mg/g) (cm/s) (cm?/s)
(mg)

1 PA C 25 98.9 5495 1757 2.01 9.61 342
2 C 50 98.9 32.66 1324 0.57 10.50 3.13
3 C 100 989 1148 874 1.23 11.36 2.84
4 S 50 98.9 36.45 1249 2.10 13.10 2.51
5 BPA C 25 93,5 29.33 2565 5.10 1232 1.71
6 C 50 93.5 12.01 1629 2.69 5,60 3.76
7 C 100 93.5 2.46 91.1 1.08 6.16 342
8 S 25 93,5 5498 1539 5.67 10.60 2.08
9 S 50 93.5 29.27 1284 2.83 6.16 3.58
10 S 100 93,5 1092 825 1.38 336  6.57
11 DPA C 100 99.7 2.30 97.5 2.99 10.70  1.89
12 S 25 99.7 4895 2033 9.25 8.06 2.63
13 S 100 99.7 2.98 96.7 2.35 6.98 3.03
14 2,4-D C 25 100.7 20.66 320.0 0.73 448 6.26
15 C 100 100.7  3.50 97.2 0.43 746  3.76
16 S 50 100.7 6.89 187.5 0.40 18.70 1.57
17 S 100 100.7  0.00 100.7 0.23 22.40 1.31
18 MCPA C 50 100.0 12.84 1742 0.07 14.80 1.87
19 C 100 100.0  5.88 94.1 0.49 6.64 4.18
20 S 50 100.0 14.76 170.4 0.85 11.10 2.62
21 S 100 100.0 5.64 943 0.45 517  5.62
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Leyva-Ramos and Geankoplis [15] studied the intraparticle diffusion of several organic
compounds in granular activated carbon and found that T varied between 3.0 and 4.6
and they recommended to use T = 3.5 for activated carbon. Recently, Leyva-Ramos et
al. [34] studied the rate of adsorption of 1-naphhalenesulfonic, 1,5-
naphthalenedisulfonic and 1,3,6-naphthalenetrisulfonic acids on activated carbon and

found that the totuosity factors ranged from 3.70 to 5.50

The experimental concentration decay curves of all our adsorption systems were
interpreted with the PVDM model. The mass transport parameters required to solve this
model were D¢, and Ky exp. Dep Was determined with equation (16) using T = 3.5 as a first
approximation and ki ¢, was calculated using equation (15), and its values are listed in

Table 6.

Figure 2 depicts the experimental concentration decay data for Exp. Nos. 3 and 9, as an
example, and the corresponding concentration decay curves predicted with the PVDM
model using T = 3.5. It can notice that the PVDM model interprets the experimental data
very satisfactorily; however, a better value of D¢, can be obtained by fitting the
numerical solution of the PVDM model with the experimental concentration decay data

minimizing the following objective function:

N
Minimum= Z ((Z)exp-@pred)z (17)
1

The best values of D¢, were 11.36% 107 and 6.16x10”7 cm?/s. From these optimal values
of D¢, the corresponding T values were recalculated by using equation (16), being 2.84
and 3.58 for PA and BPA, respectively. Evidently, the prediction of PVDM model with
the optimal D¢, values fitted slightly better the experimental data than the prediction of
PVDM by using the former D¢, values. These results indicate that, for the studied

systems, both methods of interpreting the experimental data are correct.
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The optimal D¢, and T values obtained for all adsorption systems are given in Table 6. It
is important to note that the tortuosity factor values obtained are between 1.31 and 6.57;
however, most of these values are in the range from 2 to 4. The knowledge of these T
values is worthy since it allows to predict the behavior of these types of adsorption

systems in the experimental conditions range studied in the present work.
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Figure 2. Concentration decay curves for PA and BPA adsorption on carbons C and S,

respectively. The lines represent the PVDM model prediction. Exp. Nos. 3 and 9.

4.5. Pore volume and surface diffusion model (PVSDM)

The PVSMD model considers that intraparticle diffusion is due to both pore volume and
surface diffusion mechanisms. In order to solve the PVSDM model, ki, was
calculated from equation (15) and D, was evaluated with equation (16) assuming that T
= 3.5. Hence, the surface diffusion coefficient, Dy, was the only unknown parameter and
it was evaluated by fitting the numerical solution of the PVSDM model to the
concentration decay data. The optimal value of Ds was obtained by minimizing equation
(17). Figure 3 depicts, as an example, the experimental concentration decay data for

Exp. Nos. 3 and 9, and the concentration decay curve predicted with the PVSDM model
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using the optimal value of D= 8.74x10"" and D= 2.80x10™"!" cm?/s, respectively,

showing that this model fitted the experimental adsorption data very satisfactorily.
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Figure 3. Concentration decay curve for PA and BPA adsorption on carbons C and S,

respectively. The lines represent the PVSDM model prediction. Exp. Nos. 3 and 9.

In order to evaluate the relative contribution of each diffusion mechanism to the overall
intraparticle diffusion of the different pollutants studied, the mass transport due to pore
volume diffusion, Nap, and surface diffusion, Nas, were estimated by the following

equations:

Nap=-D Car (18)
AP Hep or

aq
NAS_-]:)S I)p _@1‘ (19)

The relative contribution of pore volume diffusion to the overall intraparticle diffusion

was estimated using the following equation:



150 Capitulo 2

aCAr
Nap Dep =5,
NactNap oq 0Cyu (20)
AS AR Dsp, 5 + Do 51

The relative contribution of pore volume diffusion with respect to time at different
dimensionless radial positions §(r/R) is plotted, as an example, in Figures 4a) and 4b)
for PA adsorption on carbon C and BPA adsorption on carbon S, respectively. The
results revealed that the contribution of pore volume diffusion represented over 92 % of
the overall intraparticle diffusion for both adsorption systems regardless of the radial
position and time. Similar results (not shown) were founded for all systems studied.
Hence, the intraparticle diffusion of these micropollutants during adsorption on
activated carbon samples S and C was predominantly due to pore volume diffusion.
Therefore, the PVDM model was used to interpret the experimental adsorption data in

the following sections.

4.6. Effect of the mass external transport on overall adsorption rate

The study of the influence of mass external transport on the overall adsorption rate of
these micropollutants on granular activated carbon was carried out by comparing the
concentration decay curves predicted with PVDM model, obtained by using the optimal
value of D, and for different values of the external mass transfer coefficient, ki ¢xp. The
ki exp values of 1.23x107 and 2.83x10> ¢cm/s for PA and BPA, respectively, obtained
with equation (15) were increased and diminished 10 times. Figure 5 depicts the results
obtained for experiments Nos. 3 and 9 as an example. The PVDM model fitted the
experimental adsorption kinetic data independently of the ki ., value used.. Similar
results (not shown) were obtained for all adsorption systems studied. These results
confirm that the adsorption experiments were carried out under experimental conditions

where the mass external transport did not affect to the overall rate of adsorption.

4.7. Effect of the adsorbed pollutant mass on the effective diffusion coefficient
The mass of PA, BPA, DPA, 2,4-D, and MCPA adsorbed on activated carbon can affect
the diffusion of these pollutant molecules inside the pores since they could reduce the

pore volume accessible to adsorbate by partially blocking the pores. The effect of the
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mass of pollutants adsorbed at equilibrium, qex, on D¢, was studied by carrying out

experiments at the same experimental conditions but different mass of activated carbon

(Table 6).
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Figure 4. Contribution of pore volume diffusion to intraparticle diffusion at different

radial positions, a) PA on carbon C; b) BPA on carbon S. Exp. Nos. 3 and 9.
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Figure 5. Effect of external mass transfer on the overall rate of adsorption of PA and

BPA on carbons C and S, respectively. Exp. Nos. 3 and 9.

Figure 6a) and 6b) depicts, as an example, the concentration decay curves for PA and
BPA, at initial concentration of 98.7 and 93.5 mg/L, respectively, and with 25, 50, and
100 mg of carbon (Exp. Nos. 1-3, 8-10). The corresponding qccxp values were 175.7,
132.4, 87.4, 153.9, 128.4, and 82.5 mg/g, respectively. It was noticed that the value of
Je.exp dropped as the mass of activated carbon increased. The PVDM model interpreted
the experimental data reasonably well; however, while for PA, the effective pore
volume diffusion coefficient, D, increased with the amount adsorbed (Figure 6a)), for

BPA the trend was the opposite (Figure 6b)).

For the rest of pollutants, 2,4-D followed a similar trend to PA, whereas the behavior of
DPA and MCPA was similar to that of BPA. These trends were the same for both
activated carbons. From these results it is not possible to establish a general tendency
for both adsorbed pollutant mass and effective diffusion coefficients of these adsorption

systems, which is attributed to the differences in: molecular size and shape of these
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pollutant compounds, species distribution of adsorbates, and shape and distribution of

carbon pores.
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Figure 6. Concentration decay at different experimental conditions. a) PA on carbon C;
b) BPA on carbon S. The lines represent the PVDM model predictions. Exp. Nos. 1-3
and 8-10.
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4.8. Interpretation of the adsorption rate data with the kinetic models

The experimental concentration decay data (Exp. Nos. 1-21) were interpreted with the
first-order and second-order kinetic models Egs. (8) and (10), respectively. The
adsorption rate constants (k; and k;) were estimated by fitting the kinetic models to the
experimental concentration decay curves, and the best values of these kinetic constants
were calculated by employing a least squares method based on an optimization

algorithm.

The kinetic constants of each model and the values of the correlation coefficient, Rz, are
given in Table 7. All R? values for both first-order and second-order kinetic models
were higher than 0.90 except for k; in runs 8 and 11. Thus, the two kinetic models fitted
the experimental data reasonably well. Nevertheless, the second-order kinetic model had
the R? values greater than those of the first-order kinetic model. Moreover, qpreq2 values
were more similar to gexp ones than qpreq,1; therefore, the second order kinetic model

interpreted much better our experimental adsorption data than first order one.

k, values for carbon C, at the same concentration of pollutants, increased in the
following order: DPA < MCPA < 2,4-D < BPA < PA, and for carbon S the order was:
BPA < 2,4-D < MCPA < DPA; moreover, k, values were higher for carbon S than for
carbon C when using PA, BPA and DPA, and viceversa when the adsorbates were 2,4-
D and MCPA. We have not found a clear relationship between the above trends and
both pollutant molecular size and pore size of activated carbons; therefore, other
parameters such as molecular shape, pollutant deprotonated species, surface groups of

activated carbons should play an important role on the adsorption kinetics.

The effect of the adsorbed pollutant mass, ey, On k; and k, is shown in Table 7. In
general, k; and k, decreased when qex, Was increased for both activated carbons. This
behavior can be argued considering that the adsorption rate depends on the numbers of

unoccupied adsorption sites, and this number diminished with the adsorption progress.
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Table 7. Results obtained by applying first and second-order models to the PA, BPA,
DPA, 2,4-D and MCPA adsorption kinetic data.

Exp. Qexp Pseudo 1¢ order Pseudo 2" order
No. (mg/g)  Qprear Kk, R’ Qpred.2 k,x10° R’
(mg/g) (1/h) (mg/g)  (g/mg/h)
1 175.7 159.10 0.103 0.973 173.50 0.840 0.987
2 132.4 121.10 0.090 0.991 134.11 0.890 0.996
3 87.4 76.80 0.220 0.972 82.28 3.680 0.990
4 124.9 113.47 0.180 0.985 122.28 1.990 0.995
5 256.5 211.10 0.066 0.954 228.16 0.474 0.970
6 162.9 134.38 0.056 0.967 146.53 0.610 0.979
7 91.1 76.85 0.150 0.990 80.79 2.870 0.993
8 153.9 125.38 0.241 0.867 125.54 5.653 0.913
9 128.4 100.76 0.090 0.944 108.62 1.257 0.963
10 82.5 66.99 0.071 0.969 72.66 1.508 0.982
11 97.5 140.00 0.161 0.897 149.34 1.693 0.930
12 203.3 162.88 0.388 0.985 165.23 4.446 0.993
13 96.7 77.06 0.113 0.911 81.12 2.400 0.939
14 320.0 265.22 0.050 0.996 297.17 0.236 0.998
15 97.2 82.67 0.160 0.996 86.88 2.796 0.992
16 187.5 155.83 0.059 0.996 171.85 0.484 0.997
17 100.7 86.45 0.098 0.998 92.82 1.516 0.992
18 1742 14417  0.128 0994  152.89 1232 0.995
19 94.1 7498  0.110 0990  79.73 2.101 0.993
20 170.4 13530  0.072 0987  146.78 0.745 0.994
21 94.3 76.69  0.086 0992  82.57 1.559 0.995

5. CONCLUSIONS

The PVSDM model satisfactorily fitted the experimental data of single adsorption of
micropollutants present in landfill leachates on activated carbon. The tortuosity factor of

the activated carbons used in this study ranged from 2 to 4.
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The contribution of pore volume diffusion represented more than 92% of intraparticle
diffusion. This finding confirmed that pore volume diffusion is the controlling

mechanism of the overall rate of adsorption and surface diffusion can be neglected.

The external mass transport did not affect the overall adsorption rate of these pollutants

on the activated carbon samples.

The adsorption experimental data were satisfactorily fitted with kinetic models. The

second-order kinetic model was better fitted these data than the first-order one.

Although both diffusional models and kinetic models successfully fitted the adsorption
rate experimental data, we recommend the use of diffusional models, with a T range of
2-4, since theirs assumptions are nearer to the real adsorption process, than those of

kinetic models.
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M i ﬂ Highlights

s — Phthalic acid adsorption is governed by dispersion and
electrostatic interactions.
The phthalic acid adsorption process is highly dependent on
the solution pH.
The presence of microorganisms during adsorption
increases the adsorption yield.
Phthalic acid removal varies as a function of the natural
water type

Adsorption/bioadsorption of phehalic acid, an arganic micropollutant present
in landfill leachates, on activated carbons.
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ABSTRACT

This study investigated the adsorption of phthalic acid (PA) in aqueous phase on two
activated carbons with different chemical natures, analyzing the influence of:
solution pH, ionic strength, water matrix (ultrapure water, ground water, surface
water, and wastewater), the presence of microorganisms in the medium, and the type
of regime (static and dynamic). The activated carbons used had a high adsorption
capacity (242.9 mg/g and 274.5 mg/g) which is enhanced with their phenolic groups
content. The solution pH had a major effect on PA adsorption on activated carbon;
this process is favoured at acidic pHs. PA adsorption was not affected by the
presence of electrolytes (ionic strength) in solution but was enhanced by the presence
of microorganisms (bacteria) due to their adsorption on the carbon which led up to an
increase in the activated carbon surface hydrophobicity. PA removal varies as a
function of the water type, increasing in the order: ground water < surface water =~
ultrapure water < wastewater. The effectiveness of PA adsorption was lower in
dynamic than in static regime due to the shorter adsorbent-adsorbate contact time in
dynamic regime.







Capitulo 3 165

1. INTRODUCTION

Industrial activity has led to the release of a large number of synthetic organic chemicals
into the environment [1], including plasticizers and organic esters, which are added to
polymers to facilitate their processing and increase the flexibility and toughness of the

final product by internal modification of the polymer molecules [2, 3].

The extensive use of plasticizers worldwide has resulted in the presence of phthalates in
multiple environments, with evidence of phthalic acid esters (PAEs) in soils, natural
water and wastewater [4]. Due to their very large production and wide distribution,
PAEs have become ubiquitous environmental pollutants [5], and some of them are
suspected to be mutagens [6] or carcinogens [7]. They are also considered to be

endocrine disruptors, a group of contaminants causing special concern [8].

Large amounts of PAEs are leached from plastics dumped at municipal landfills [9].
PAE concentrations in wastewater from chemical plants and nearby rivers ranged from
10 to 300 pg/L, reaching 30 mg/L in wastewater near plasticiser-producing factories

[10].

Adsorption on activated carbon has proven the most effective and reliable
physicochemical non-destructive technique for landfill leachate treatment, achieving a
higher reduction in dissolved organic carbon in comparison to chemical methods [11-
13]. In fact, the USA Environmental Protection Agency has acknowledged that
adsorption on activated carbon, one of the oldest water treatments, is one of the best
methods available to remove organic and inorganic pollutants from water intended for

human consumption [14].

Despite its high effectiveness to remove lixiviate-derived contaminants, few data have
been published on the use of adsorption on activated carbon to eliminate PAEs from
waters [13, 15]. Furthermore, there have been no studies on the effect of the aqueous
medium (i.e., natural waters) or of the presence of bacteria on this process, which are

highly relevant issues in the real-life treatment of waters polluted with PAEs.
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With this background, the objective of this study was to examine the adsorption of
phthalic acid (PA), used as model PAE compound, on two activated carbons with
different chemical characteristics, analyzing the influence of the medium pH and ionic
strength on the adsorption yield. The influence of water type was studied by means of
experiments in ultrapure, superficial, subterraneous and waste waters. The effect on PA

adsorption of the presence of bacteria in the medium was also investigated.

2. EXPERIMENTAL

2.1. Reagents

All chemical reagents used in this study (phthalic acid, potassium phosphates,
hydrochloric acid, and sodium chloride) were high-purity analytical grade reagents
supplied by Sigma-Aldrich. All solutions were prepared with ultrapure water obtained

from Milli-Q® equipment (Millipore).

Figure 1 depicts the chemical structure of PA. The dimensions of this pollutant
molecule were determined by using Advanced Chemistry Development software
version 8.14 (ACD/Labs). Other physiochemical characteristics of PA were obtained
from the ChemIDplus Advanced database (see Table 1). The concentration of PA in
aqueous solution was determined with a UV-visible spectrophotometer Genesys 5 at a

wavelength of 231 nm.

2.2. Activated carbon

Two commercial activated carbons, Sorbo Norit (S) and Ceca AC40 (C), were used as
adsorbents. The activated carbon particle size was 0.45-1.00 mm. These carbon samples
were chemically and texturally characterized, recording the surface area, pore volume
accessible to water, pore size distribution, elemental analysis, ash content, oxygen
surface groups, and pH of the point of zero charge. Detailed descriptions of the
techniques and methods used for this characterization were previously reported [16 -

18].
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Figure 1. Species distribution of phthalic acid as a function of solution pH.

Table 1. Properties of phthalic acid.

Molecular  Molecular Volume ” Solubility logk,," Pka, pka, ®
Weight Size ¥ (cm*/mol) in water d)
(g/mol) (%, ¥, 2) (A)) (g/L)
166.13 8.90 x 8.90 x 3.40 114 12.50 1.15  2.90 5.40

a) Dimensions of phthalic acid molecule shown in Figure 1.
b) Volume at boiling point.

¢) Log octanol-water partition coefficient.

d, e) pka depicted in Figure 1.

The hydrophobicity of the activated carbons was determined by measuring immersion
enthalpies in benzene AH;(C¢Hg) and water AH;(H,O), using a SETARAM C80
calorimeter. For this purpose, 0.10 g of activated carbon was degasified in a glass
capsule at a pressure of 10” mbar and temperature of 383 K for 12 h. The sample was

then left to stabilize in the calorimeter for 3 h at 303 K before the experiment.

2.3. PA adsorption on activated carbon
PA adsorption isotherms on the activated carbon samples (S and C) were obtained by
placing 0.10 g of activated carbon in flasks, adding 100 mL of PA aqueous solution at

increasing concentrations (50-500 mg/L), and determining the PA concentration after
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equilibrium was reached (7 days). Adsorption isotherms were obtained at a temperature
of 298 K, the solution pH was around 4, and solutions were stirred on a thermostatic

mechanical shaker operating at constant agitation speed (135 rpm).

The influence of the solution pH on PA adsorption was studied by adding 0.1 g of
activated carbon to Erlenmeyer flasks containing 100 mL of PA solution (500 mg/L) at
different pH value for each flask, ranging from 3 to 10. The working pH was obtained
by adding the appropriate volume of KH,PO4 (50 mM) and K;HPO4 (50 mM) to the
solution. A CRISON micropH2002 meter was used to measure the final solution pH.

The effect of the presence of electrolytes on PA adsorption was analysed by placing 100
mL of PA solution (500 mg/L) with increasing concentrations of NaCl (0.0-0.01 M) in
contact with 0.10 g of activated carbon. The ionic strengths of these solutions are

similar to that of many types of natural water.

PA adsorption isotherms were obtained in the presence of bacteria (bioadsorption),
seeding the microorganisms from unfiltered effluent water samples taken at the outlet of
a bioreactor in our laboratory. Briefly, 1 mL of unfiltered sample was cultivated in
Tryptone Soy Broth (dehydrated culture medium) (Difco Lab) with 50 mL distilled
water at 37°C for three days with slight agitation (45 rpm). Next, the sample was
centrifuged for 15 min at 4000 rpm to recover the cells, washing the sediment three
times with sterile distilled water and finally resuspending the cells in 50 mL of sterile
distilled water, thereby obtaining a suspension with a high concentration of bacteria
[19]. Adsorption isotherms were obtained as described above, adding 5 mL of bacteria
suspension, with absorbance (0.08-0.118) at a wavelength of 520 nm and (0.07-0.105)
at a wavelength of 600 nm, to each flask containing both activated carbon and PA.
These experiments were repeated in the absence of activated carbon in order to

determine the biodegradability of PA.
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In PA bioadsorption experiments, some of the bacteria are adsorbed on the activated
carbon. In order confirm this adsorption, scanning electron microscopy (SEM) images
of the carbon samples were taken before and after of PA bioadsorption, using a LEO

GEMINI-1530 high resolution electron microscope (Carl Zeiss).

All the above adsorption experiments were run in triplicate in order to determine the

mean values and their standard deviation.

PA adsorption was also studied in dynamic regime, passing a solution of PA (100 mg/L)
through a glass column (6.6-cm high, 1-cm diameter) well packed with approximately 2
g of activated carbon. Distilled water was passed through the bed overnight before each
experiment. A peristaltic pump was used to pass the PA solution through the active
carbon beds at a flow of 1.6 mL/min. As in the isotherm determination, solutions with
no pH buffer were used. Samples of solution were taken periodically at the column
outlet until saturation was reached. Carbon column breakthrough curves and column

characteristics were obtained from these experiments [20-23].

Natural water samples (ground water, and surface water) from a drinking water
treatment plant and wastewater samples from a wastewater treatment plant were
supplied by Aguas y Servicios de la Costa Tropical de Granada in Motril (Granada).
Standard methods [24] were used to determine their characteristics, which are listed in
Table 2. After their characterisation, samples were filtered and stored in cold until their

use as medium to carry out PA adsorption experiments.

3. RESULTS AND DISCUSSION

3.1. Characteristics of activated carbon

Table 3 shows the textural characteristics of the two activated carbons used in this
study. Both had a large surface area (>1200 m?/g) and a highly developed porosity, with
a very large volume (>0.80 cm’/g) of pores accessible to water. The pore size

distribution of the carbon is important for the adsorption of a compound in aqueous
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solution, because pores that are not accessible to water will not be effective in the
adsorption process. The external surface area (corresponding to pores with diameter >

6.6 nm) was larger for carbon S (46.90 mz/g) than for carbon C (21.30 mz/g).

Micropore volumes (W) obtained by N, adsorption were 0.391 cm’/g (carbon S), and
0.406 cm’/g (carbon C), which were both considerably higher than those determined by
CO,; adsorption (see Table 3). The Wy(N,)/ Wo(CO;) ratio was higher for carbon C
(1.60) than for carbon S (1.40), with both values indicating a very heterogeneous

micropore distribution.

CO; is only adsorbed in smaller micropores (ultramicropores), whereas N, is adsorbed
on the surface of all micropores [25, 26]; therefore, N, adsorption data give the total
micropore volume, W, (N3); thus the mean micropore size (L,) was higher when

determined by N, adsorption (Table 3).

Table 4 lists the chemical characteristics of the activated carbons. The pH of point of
zero charge was 9.0 for carbon S and 6.0 for carbon C, which means that carbon C has a
chemical nature more acidic than carbon S, which is due to the higher concentration of
carboxyl, lactone and phenolic groups of carbon C. The ash content was < 8.5% in both

activated carbons.

Table 5 shows the water and benzene immersion calorimetry results for these activated
carbons. Adsorption enthalpy values determined by immersion calorimetry of an
activated carbon in water depend on: the interactions with polar sites (acidic or basic),
the micropore filling, and the external surface wetting. Hence, the first of these three
processes is specific and corresponds to relatively high energies, whereas the other two
are due to lower energy non-specific interactions [27, 28]. Because of this specific
interaction, a relationship can be established between the water immersion enthalpy and

surface oxygen content of different carbons [29, 30].

Carbon C, with its higher oxygen and ash contents, shows a greater water immersion

enthalpy when water adsorption heat is expressed per gram of carbon (Table 5).
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Table 2. Chemical characteristics of the four types of water used.

Water pH TOC [HCO;] [Ca™] [Mg2+] Total hardness Conductivity”
(mg/L) (meq/L) (mmol/L) (mmol/L) CaCOj; (mg/L) (nS/cm)

Ultrapure water 6.80 0.0 0.0 0.00 0.00 0.00 0.055
Surface water 830 149 6.4 1.55 1.11 266 688
Ground water  7.45  29.7 8.8 2.53 2.18 471 1623
Wastewater 7.77  88.9 7.2 2.12 1.53 365 1578

a) Conductivity in pSiemens/cm at 298K.

Table 3. Textural characterization of the activated carbons used.

Activated  Sn,”  Sed” V2 V¥ Ve W, W, L, Lo W,(Ny)
Carbon  (m%g) (m'/g) (em'g) (em'g) (em¥g (V) (COP®  (N)”  (CO° /W,
(cm3/g) (cm3/g) (nm) (nm) (COy)

S 1225 4690 0.044  0.481 0.983 0.391 0.279 1.02 0.65 1.40
C 1201 2130 0.046 0.409  0.835 0.406 0.253 1.30 0.71 1.60

f) Surface area determined from N, adsorption isotherms at 77 K.

g) External surface area determined by mercury porosimetry.

h) Volume of pores with diameter of 6.6-50 nm determined by mercury porosimetry.
i)  Volume of pores with diameter >50 nm determined by mercury porosimetry.

j)  Volume of pores accessible to water determined by pycnometric densities.

f,g) Volumes of micropores determined by N, and CO, adsorption, respectively.

h, i) Mean widths of micropores determined with the Dubinin equation [46].
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Table 4. Chemical characteristics of the activated carbons

Activated Carboxyl Lactone Phenol Carbonyl Total Total pszcg) Oxygen Ashes

o
Groups” Groups” Groups® Groups? Acidic Basic (% wt) (Vo)
Carbon o )
(neq/g)  (neq/g)  (meq/g)  (peq/g) Groups” Groups
(neq/g)  (neq/g)
S 0.00 56.00 244.0 146.7 446.7 1080.0 9.0 9.80 6.07
C 44.60 156.10 557.6 149.4 907.7 96.0 6.0 10.00 8.30

h) Concentration of carboxyl groups determined by titration with NaHCO; (0.02 N).

i)  Concentration of lactone groups determined by titration with Na,CO; (0.02 N) - NaHCO; (0.02 N).
j)  Concentration of phenol groups determined by titration with NaOH (0.02 N) - Na,CO; (0.02 N).

k) Concentration of carbonyl groups determined by titration with NaOH (0.1 N) - NaOH (0.02 N).

1) Concentration of acidic groups determined by titration with NaOH (0.1 N).

m) Concentration of basic groups determined by titration with HCI1 (0.1 N).

n) pH of the point of zero charge.

Table 5. Results obtained from immersion calorimetry of activated carbon in water

and benzene.

Activated -AH;(CHe)" -AH;(H,0)"” HCO
carbon @) -g'l) (mJ -m'z) J -g'l) (mJ -m'z)

S 136.7 111.6 48.4 39.5 0.65

C 112.2 93.4 52.8 44.0 0.53

a) Benzene adsorption enthalpy.
b) Water adsorption enthalpy.
¢) Relative hydrophobicity coefficient.
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Furthermore, the adsorption enthalpy of the non-polar benzene molecule, AH;i(C¢Hg), is
less dependent on the chemical nature of carbon surface than on the distribution of its
porosity [27, 28]. In the present study, the data obtained from calorimetry with benzene
showed an inverse relationship with mean L, (N;) and L, (CO;) micropore size (Table

3).

Given the polar nature of the water molecule and non-polar nature of benzene, the
relative hydrophobicity of carbon can be determined by means of the hydrophobicity

coefficient given in Equation (1).

— (AHi(H20)>
=\ 1
AH, (CgHg) %
Table 5 shows the relative hydrophobicity coefficients for activated carbon. The
hydrophobicity of a carbon is a key factor in its effectiveness as an adsorbent in aqueous
phase and was higher for carbon S than for carbon C, attributable to the lower oxygen

and ash contents of the former.

3.2. Phthalic acid adsorption process

Figure 2 depicts the PA adsorption isotherms for the two activated carbon samples.
They both showed the L form in the classification of Giles et al. [31, 32], indicating that
the aromatic ring of the PA molecule is adsorbed parallel to the carbon surface and there
is no major competition between PA and water molecules for active adsorption centres

on the carbon.

The Langmuir isotherm model was applied to the experimental adsorption isotherm
data. It is the most widely used model for this type of process and is represented

mathematically as:

Ceq_Coq, 1

Xeq Xm BXp @)
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where Cgq is the equilibrium concentration (mg/L), X.q is the amount of adsorbate
adsorbed at the equilibrium (mg/g), Xy, is the adsorption capacity (mg/g), and B is a
constant related to the adsorption energy. Langmuir model assumes the presence of a
finite number of binding sites, homogeneously distributed over the adsorbent surface,
presenting the same affinity for sorption of a single layer, and with no interaction

between adsorbent species.
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Figure 2. Adsorption isotherms of PA on activated carbons S (e) and C (o). pH 4, T
298 K.

Results obtained are shown in Table 6. The adsorption capacity (X,) of the carbon
samples was high: 274.5 mg/g for carbon C and 242.9 mg/g for carbon S. Langmuir
constant (B) values, related to the adsorption energy, and relative affinity (BX,,) values

were lower than those reported for the adsorption of aromatic compounds on activated
carbon [33, 34].

The PA adsorption capacity of the activated carbons was expressed per unit of carbon
surface area, X'y, to permit comparisons (Table 6). PA adsorption capacity was higher

for carbon C than for carbon S, despite the former’s lower surface area, external surface
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area, water-accessible pore volume, and hydrophobicity. Therefore, the higher
adsorption capacity of carbon C may be related to its greater content of phenolic groups
(Table 4), which are electronic activators of the aromatic rings of carbon graphene
planes, favouring the adsorption of aromatic compounds like PA, which can be
adsorbed by dispersion interactions between 7 electrons of its aromatic ring with &
electrons of the carbon graphene planes [35]. Hence, the presence of two electron-
withdrawing carboxylic groups in the aromatic ring of PA reduces its electronic density
and, therefore, the adsorbent-adsorbate interactions, which may explain the low B

values obtained (Table 6).

Table 6. Parameters obtained by applying the Langmuir equation to PA
adsorption isotherms on activated carbon samples.
Carbon Xm® (mg/g) X’m (mg/m°) B” (L/mg) BX,? (Lgh)
S 2429+ 1.6 0.20 0.15 36.4
C 2745+1.3 0.23 0.08 21.6

a) X,,: Adsorption capacity
b) B: Langmuir constant
¢) BX,,: Adsorbent-adsorbate relative affinity

Because the solution pH during the PA adsorption process was around 4, the charge
density of both activated carbon samples was positive (pHpzc of both activated carbons
>4), while the PA molecules were deprotonated and therefore had a negative charge
(Figure 1). Under these experimental conditions, attractive electrostatic interactions

between adsorbent and adsorbate would be established.

According to the above observations, we conclude that PA adsorption on these activated
carbons was largely determined by dispersion and by electrostatic adsorbent-adsorbate

interactions.

3.3. Influence of both medium pH and solution ionic strength on PA adsorption
Figure 3 shows the influence of solution pH on PA adsorption on both activated carbon

samples. The adsorption process was highly dependent on the solution pH, finding that
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the adsorption capacity was elevated at acidic pH, markedly decreased with higher pH

up to pH 6, and then remained virtually constant at higher pH values.
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Figure 3. PA adsorption capacity of activated carbons S (e) and C (©) as a function of

the final solution pH, T 298 K.

Adsorption on activated carbons in aqueous phase is governed by electrostatic and non-
electrostatic interactions [33]. The electrostatic interactions mainly derive from the
surface charges generated on carbon after water immersion and from the ions in solution
[33]. Non-electrostatic interactions are largely of the Van der Waals type [33, 36].
Results in Figure 3 demonstrate that adsorbent-adsorbate electrostatic interactions play a
major role in this adsorption process and are affected by the solution pH, which is
attributable to two factors: 1) the pH,,. of the carbon samples (Table 4), and 1ii) the
species distribution of PA as a function of solution pH (Figure 1). Thus, both activated
carbons have a positive charge density at pH values lower than their pH,, and a
negative charge density at higher pH values. PA is deprotonated at pH >2.90; therefore,

PA molecules show a negative charge density at pH >3.

According to the above data, the behavior shown in Figure 3 is due to electrostatic

interactions between carbon surface and PA molecules with increased solution pH.
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Oxygenated acidic groups on the carbon surface are progressively ionized with higher
solution pH, increasing the negative surface charge of the carbon, enhancing repulsive

electrostatic carbon-PA interactions, and consequently reducing PA adsorption.

The solution ionic strength can influence the adsorption yield of electrolytes [33, 37].
Figure 4 depicts the results of PA adsorption on the activated carbon samples in the
presence of an increasing NaCl concentration at a solution pH of around 4 (no reagents
were added to control this pH). As shown, the presence of ionic strength in solution did
not have a major influence on PA adsorption. The slight decrease in PA adsorption
observed with the presence of NaCl in solution may be due to a screening effect [37]
between the positively charged activated carbon surface and the PA molecule, which is

negatively charged at the working pH.
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Figure 4. PA adsorption capacity of activated carbons S (0) and C (©) as a function of

ionic strength. pH 4, T 298 K.

3.4. Influence of the presence of microorganisms on PA adsorption (bioadsorption)
The presence of microorganisms has a major influence on the effectiveness of activated

carbon in water treatments because they can be adsorbed on the carbon and form
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bacteria colonies on its surface (biological activated carbon) [38, 39]. Their presence on
the carbon surface can have beneficial effects, including: 1) prolongation of carbon bed
life by transforming organic biodegradable matter into biomass, carbon dioxide, and
waste products, thereby avoiding carbon saturation [39]; and 2) formation by the
adsorbed microorganisms of a biofilm that changes the texture of the carbon and its
surface charge, which can improve the adsorption of some cation/metal contaminants
[38]. Bacteria range in size from 0.3 to 30 um [40, 41], therefore their adsorption on the
carbon has a direct effect on the largest micropores, although they also exert an indirect

effect by blocking the entrance of smaller pores.

Figure 5 depicts the adsorption/bioadsorption isotherms of PA on carbon S in the
presence and absence of microorganisms. Application of the Langmuir equation to these
isotherms (Table 7) showed that the presence of microorganisms during PA adsorption
increased the adsorption capacity of carbon S by 15% and slightly enhanced the
adsorbate-adsorbent relative affinity value (BX,,) by around 3%. PA biodegradation
kinetics with the bacteria under study were investigated before obtaining the
bioadsorption isotherms, observing a slight biodegradation (around 5 mg of PA per mL

of bacteria solution) of this compound under the present experimental conditions.
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Figure 5. Adsorption isotherms of PA on carbon S in the presence (0) and absence (®)

of microorganisms. pH 4, T 298 K.
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Table 7. Results obtained by applying the Langmuir
equation to PA adsorption isotherms on carbon S in the

presence and absence of microorganisms.

Activated Without Bacteria With bacteria
carbon Xm BXn, Xm BX,,
(mg/g) (L/g) (mg/g) (L/g)
S 242.9+1.6 36.4 279.5+£2.5 37.5

According to previous reports [38, 39], the effects of microorganism adsorption on the
chemical and textural properties of activated carbon S include: i) a decreased external
surface area, due to pore blocking; and ii) a reduced pHpzc value, increasing the
negative charge density on the activated carbon surface. Moreover, because the external
walls of bacteria are formed by phospholipids [42, 43], their adsorption on activated
carbon (Figure 6) increases the hydrophobicity of the carbon surface. The results
depicted in Figure 5 and Table 7 may be explained by this increased hydrophobicity of
the activated carbon surface, known to considerably favour the adsorption of pollutants
in aqueous phase. Moreover, bacteria on activated carbon produced extracellular

polymeric substances (Figuere 6, b and c) that could be involved in PA adsorption.

3.5. Influence of the chemical characteristics of the water matrix on PA adsorption
Table 2 lists the chemical characteristics of the four types of water (ultrapure water,
surface water, ground water, and wastewater) used to determine their influence on PA
adsorption on activated carbon. The wastewater contained a large amount of organic
matter (high TOC concentration), while the surface, ground, and waste waters had high
concentrations of calcium and magnesium ions and the ground water showed a high

degree of mineralization, with elevated electric conductivity and hardness values.

Figure 7 depicts the capacity of the two activated carbons to adsorb PA as a function of
the type of water. The adsorption capacity of carbon C was higher than that of S in all

four water types and varied as a function of water type in the order: ground water <

surface water ~ ultrapure water < wastewater.
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Figure 6. SEM images of carbon S before and after PA bioadsorption. a) Carbon S; b)

and c¢) Carbon S + bacteria + PA.
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Figure 7. Adsorption capacity of PA on activated carbons S and C in difference water

types.
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The elevated PA removal from the wastewater can be attributed to the formation of
organic phthalates with a low water solubility [44], which is increased by the presence
of a high concentration of organic matter (Table 2). PA removal may also be enhanced
by the formation of complex species [45] from reactions of phthalate anions and metal

cations present in wastewater.

3.6. PA adsorption on activated carbon in dynamic regime

Figure 8 depicts the breakthrough curves for PA adsorption on columns of activated
carbons S and C. These curves were used [20-23] to determine the characteristics of the
columns, which are exhibited in Table 8. In both activated carbon samples, the amount
of PA adsorbed at the breakthrough point of the column (X ;) was much lower than
that obtained from the isotherms in static regime (Table 6). This less effective
adsorption in dynamic versus static regime can be attributed to problems of PA
diffusion to the interior of carbon pores and the shorter adsorbent-adsorbate contact time

in dynamic regime.
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Figure 8. Breakthrough curves for PA adsorption on activated carbons S (0) and C (o)

in ultrapure water. T 298 K, pH 4.
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Comparison between the characteristics of the columns (Table 8) reveals that the
volume treated at the breakthrough point of the column (Vy ), i.e., the amount of
PA adsorbed at this point (Xo,02), was much higher for carbon C than for carbon S:
this confirms the finding in static regime of a much higher adsorption capacity for
carbon C than for carbon S. In addition, the height of the mass transference zone
of the bed was lower for carbon C than for carbon S, indicating that the water
treatment was more effective with carbon C than with carbon S, as confirmed by
the higher degree of utility of carbon C bed (81.5%) than of carbon S bed
(17.6%). These are highly relevant findings from an application standpoint,
indicating that carbon C can be used as column bed for the effective removal of

PA from aqueous solution.

Table 8. PA adsorption characteristics of the activated carbon columns.

X0 Vo @9 Hyrz® Ryrz x10°° Du’

Carbon
(mg/g) (mL) (cm) (cm/min) (%)
S 50.3 1016.0 0.75 7.37 0.17 17.6
C 176.2 3801.6 0.62 2.33 0.22 81.5

a) Xg0: Amount of PA adsorbed at the breakthrough point of the column.
b) Vo Volume treated at the breakthrough point of the column.

c) ©: Fractional capacity of the mass transference zone.

d) Hyrz: Height of the mass transference zone.

e) Rurz: Rate of movement of the mass transfer zone.

f) Du: Degree of utility.

4. CONCLUSIONS

The high PA adsorption capacity of the activated carbon samples used in this study is
largely attributable to dispersion and electrostatic adsorbent-adsorbate interactions. The
PA adsorption process is highly dependent on the solution pH, with an elevated capacity
at acidic pH that markedly reduces with increased pH up to pH 6 and then remains
practically constant at higher pH values. This behavior is explained by the electrostatic
interactions between carbon surface and PA molecules with increased solution pH. The
presence of ionic strength in solution does not have a major influence on PA adsorption;

a slight decrease observed when NaCl is present in solution may due to a screening



Capitulo 3 183

effect between the positively charged activated carbon surface and the PA molecule,

which is negatively charged at the working pH.

The presence of microorganisms during PA  adsorption increases the
adsorption/bioadsorption capacity of activated carbon by around 15% and slightly
enhances the adsorbate-adsorbent relative affinity values (by ~ 3%.) These results can
be explained by an increase in carbon surface hydrophobicity produced by adsorption of

the bacteria. PA removal varies as a function of the water type, increasing in the order:

ground water < surface water ~ ultrapure water < wastewater. The high removal of PA

from wastewater would be due to the formation of organic phthalates and complex
species. The adsorption yield is much lower in dynamic versus static regime,
attributable to difficulties of PA diffusion into the carbon pores and the shorter

adsorbent-adsorbate contact time in dynamic regime.

From all these results we can conclude that the system based on the use of activated
carbons is appropriate to treat natural water and wastewater contaminated with phthalic
acid which is extensively adsorbed on these carbons. Our recommendation is to use
activated carbons with both a high content of phenolic groups and a negative charge
density at the working experimental conditions, as well as to carry out this treatment at

acidic pH.



184 Capitulo 3

5. REFERENCES

[1] M. Castillo D. Barceld, Anal. Chim. Acta. 426 (2001) 253.

[2] LD. Nascimento Filho, C. von Miihlen, P. Schossler, E. Bastos Caramao,
Chemosphere 50 (2003) 657.

[3] M.J. Bauer, R. Herrmann, Sci. Total Environ. 208 (1997) 49.

[4] D. Wu, B. Hu, P. Zheng, M. Qaisar, J. Environ. Sci. (China). 19 (2007) 1252.
[5] W. Jianlong, C. Lujun, S. Hanchang, Q. Yi, Chemosphere 41 (2000) 1245.

[6] W.J. Kozumbo, R. Kroll, R.J. Rubin, Environ. Health Perspect. 45 (1982) 103.
[7] J.E. Huff, W.M. Kluwe, Prog. Clin. Biol. Res. 141 (1984) 137.

[8] Z. Zheng, H. Zhang, P. He, L. Shao, Y. Chen, L. Pang, Chemosphere 75 (2009)
180.

[9] M.J. Bauer, R. Herrmann, A. Martin, H. Zellmann, Water Sci. Technol. 38 (1998)
185.

[10] G. Mailhot, M. Sarakha, B. Lavedrine, J. Céceres, S. Malato, Chemosphere 49
(2002) 525.

[11] A. Imai, K. Onuma, Y. Inamori, R. Sudo, Environ. Technol. 19 (1998) 213.
[12] F. Kargi, M. Yunus Pamukoglu, Process Biochem. 38 (2003) 1413.

[13] S. Venkata Mohan, S. Shailaja, M. Rama Krishan, P.N. Sarma, J. Hazard. Mater.
122 (2007) 278.

[14] C. Zhang, Y. Wang, Waste Manage. 29 (2009) 110.
[15] E. Ayranci, E. Bayram, J. Hazard. Mater. 122 (2005) 147.

[16] M. Sénchez-Polo, J. Rivera-Utrilla, Carbon 41 (2003) 303.



Capitulo 3 185

[17] J. Rivera-Utrilla, M. Sanchez-Polo, Langmuir 20 (2004) 9217.

[18] M.I. Bautista-Toledo, J.D. Mendez-Diaz, M. Sanchez-Polo, J. Rivera-Utrilla, M. A.
Ferro-Garcia, J. Colloid Interface Sci. 317 (2008) 11.

[19] D.J. Brenner, N.R. Krieg, J.T. Staley, G.M. Garrity, Bergey's Manual of Systematic
Bacteriology, Springer, New York, 2005.

[20] J. S. Zogorski, S. D. Faust, in: P. H.Cheremesinoff, E Ellerbusch (Eds.), Carbon
Adsorption Handbook, Ann ArborScience, Michigan, 1978, p. 753.

[21] M.A. Ferro-Garcia, F. Carrasco-Marin, J. Rivera-Utrilla, E. Utrera-Hidalgo, C.
Moreno-Castilla, Carbon 28 (1990) 91.

[22] M.A. Ferro-Garcia, J. Rivera-Utrilla, M.I. Bautista-Toledo, M.D. Mingorance,
Carbon 28 (1990) 545.

[23] J. Rivera-Utrilla, G. Prados-Joya, M. Sanchez-Polo, M.A. Ferro-Garcia, M.L
Bautista-Toledo, J. Hazard. Mater. 170 (2009) 298.

[24] APHA, AWWA, WPCF. American water works Association; and Water Pollution
Control Federation, Washington DC, 1998.

[25] J. Garrido, A. Linares-Solano, J.M. Martin-Martinez, M. Molina-Sabio, F.
Rodriguez-Reinoso, R. Torregrosa, Langmuir 3 (1987) 76.

[26] F. Rodriguez-Reinoso, A. Linares-Solano, in: P.A. Thrower (Ed.), Microporous
Structure of Activated Carbons as Revealed by Adsorption Methods, Marcel
Dekker, New York, 1988, p. 18.

[27] M.V. Lopez-Ramon, F. Stoeckli, C. Moreno-Castilla, F. Carrasco-Marin, Carbon
37 (1999) 1215.

[28] M.V. Lopez-Ramoén, F. Stoeckli, C. Moreno-Castilla, F. Carrasco-Marin, Carbon
38 (2000) 825.



186 Capitulo 3

[29] R.H. Bradley, I. Sutherland, E. Sheng, J. Chem. Soc., Faraday Trans. 91 (1995)
3201.

[30] S.S. Barton, M.J.B. Evans, J.A.F. MacDonald, Langmuir 10 (1994) 4250.
[31] C.H. Giles, D. Smith, A. Huitson, J. Colloid Interface Sci. 47 (1974) 755.
[32] C.H. Giles, D. Smith, A. Huitson, J. Colloid Interface Sci. 47 (1974) 766.

[33] L.R. Radovic, C. Moreno-Castilla, J. Rivera-Utrilla, in: L.R. Radovic (Ed.),
Chemistry and physics of carbon, Marcel Dekker, New York, 2001, p. 227.

[34] R. Xu, Y. Wang, D. Tiwari, H. Wang, J. Environ. Sci. 21 (2009) 927.
[35] R. W. Coughlin, F. S. Ezra, Environ. Sci. Technol. 2 (1968) 291.

[36] J. Lyklema, Solid-liquid interfaces: Fundamentals of interface and colloid science,

Academic press, New York, 1995.

[37] M.V. Lopez-Ramoén, C. Moreno-Castilla, J. Rivera-Utrilla, R.L. Radovic, Carbon
41 (2002) 20009.

[38] J. Rivera-Utrilla, M.I. Bautista-Toledo, M.A. Ferro-Garcia, C. Moreno-Castilla,
Carbon 41 (2003) 323.

[39] J. Rivera-Utrilla, M.I Bautista-Toledo, M.A Ferro-Garcia, C. Moreno-Castilla, J.
Chem. Technol. Biotechnol. 76 (2001) 1209.

[40] D.P. Wilcox, R. Chang, K.L. Dickson, K.R. Johansson, Appl. Environ. Microbiol.
46 (1983) 406.
[41] T.J. Beveridge, R.J. Doyle, Metal Ions and Bacteria, John Wiley & Sons, New

York, 1989.

[42] M.N. Hughes, R.K. Poole, J. Gen. Microbiol. 137 (1991) 725.



Capitulo 3 187

[43] H. Mikaido, H. Vaara, in: F.C. Neidhardt (Ed.), Cellular and Molecular Biology,
American Society for Microbiology, Washington D.C, 1987, p 3.

[44] J. Ejlertsson, M. Alnervik, S. Jonsson, B. H. Svensson, Environ. Sci. Technol. 31
(1997) 2761.

[45] R. Ghosh,V.S.K. Nair, J. Inorg. Nucl. Chem. 32 (1970) 3033.

[46] M. M. Dubinin, Carbon 23 (1985) 373.






CAPITULO 4

ESTUDIO COMPARATIVO DE LA
FOTODEGRADACION DEL BISFENOL A
CON RADICALES HO®, SO,*, Y CO;*/HCO;’
EN FASE ACUOSA

" g ...P !
- - Drganic

Malgcuia

5 d . Radical & 0

"2 Organic
o Mokscula







COMPARATIVE STUDY OF THE PHOTO-
DEGRADATION OF BISPHENOL A BY HO®, SO,*
AND CO;*/HCO;* RADICALS IN AQUEOUS
PHASE

Manuscript submitted for publication

Highlights
Removal of Bisphenol A (BPA) using UV, UV/H,0,,
UV/K,S,0s4, or UV/Na,CO; was studied.
The reaction rate constants between BPA and HO®, SO,*",
and CO;°*/HCO;"® were obtained.
Both the solution pH and temperature had a major effect on
BPA photodegradation
The UV/K,S,05 system was the most efficient to remove
and mineralize BPA.
The three oxidation systems showed 100% effectiveness to
remove BPA from wastewater

ABSTRACT
The aim of this study was to determine the effectiveness of oxidation processes based on
UV radiation (UV, UV/H,0,, UV/K,S,0s, and UV/Na,COs3) to remove Bisphenol A (BPA)
from aqueous solution. Results showed that UV radiation was not effective to remove BPA

from the medium, due to its low quantum yield (@, = 2.37x10°mol/Einstein). The addition
of radical promoters such as H,O,, K,S,0g or Na,CO; markedly increased the effectiveness
of UV radiation through the generation of HO®, SO,*, or CO;*/HCO;* radicals,
respectively. The reaction rate constants between BPA and HO®, SO,*, and CO;*/HCO,"*

radicals were kygepps =1.70£0.21 x10" M's!, k . =137+0.15x10° M s,
SO; BPA

and k . . =389+0.09x10°M's"!, respectively. Regardless of the system
CO3 /HCO3BPA

considered, the results obtained showed that the BPA degradation rate was higher with
lower BPA concentrations. The solution pH had a major effect on BPA degradation with
the UV/H,0,, UV/K,S,05, and UV/Na,CO; systems. The BPA photooxidation was
enhanced at higher temperatures with UV/K,S,05g systems but decreased with UV/H,0, and
UV/Na,CO; systems. All oxidation systems in this study showed 100% effectiveness to
remove BPA from wastewater, due to its large content of natural organic matter (NOM),
which can absorb UV radiation and generate excited triplet states (NOM*) and various
reactive oxygen species. The lowest BPA degradation was detected in ground water, due to
its higher content of metal species and bicarbonate ions, which act as radical scavengers.
With all three systems, the total organic carbon in the medium was markedly decreased
after five minutes of treatment. The toxicity of byproducts was higher than that of BPA
when using UV/H,0,, similar to that of BPA with the UV/Na,COs; system, and lower than
that of BPA after 40 min of treatment with the UV/K,S,0; system.
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1. INTRODUCTION

Endocrine-disrupting chemicals (EDCs) have attracted considerable attention due to
their adverse health and ecological effects. EDCs mimic hormonal activity and interfere
with endocrine system functions [1]. EDCs are associated with various adverse effects,
including spontaneous abortion, neural behavioral disorders, impaired immune function,

and some cancers [1].

Bisphenol A (BPA), considered representative of EDCs, causes reproductive damage to
aquatic organisms and is widely used as a raw material in the production of
polycarbonate plastics and epoxy resins. Because of its wide applications, there is
increasing interest in effective remediation technologies to remove BPA from
contaminated waters [2]. It has been detected in all types of environmental waters, in
concentrations up to 17.2 mg/L in hazardous waste landfill leachate [3], 12 pg/L in

stream water [4], and 0.1 pg/L in drinking water [5].

Various techniques have been examined for the removal of BPA from aqueous solution
by physical, chemical, and biological processes [3, 6, 7]. Biological treatment is
effective to eliminate only very low concentrations of BPA from aqueous solution and

requires a long treatment time [8-10].

Technologies based on advanced oxidation processes (AOPs) have proven highly
effective to degrade organic compounds in aqueous solution. AOPs generate species
with high oxidizing power (e.g., HO® radicals) that interact with the pollutant and
degrade it into byproducts with lower molecular weight, and they can even achieve its

complete mineralization.

Hydroxyl radicals have been used to eliminate BPA from aqueous phase in various
studies. Rosenfeldt et al. [11] used ultraviolet radiation (UV) combined with H,O, and
reported that BPA degradation was more effective with the UV/H,0, system than with
direct photolysis, obtaining a reaction rate constant of hydroxyl radical (HO®) with BPA
of 1.02 + 0.23x10'° M's”. Rivas et al. [12] studied both the elimination and



194 Capitulo 4

mineralization of BPA with multiple technologies, i.e., UV, O3, UV/O;, UV/Os/carbon,
UV/03/Ti0,, and UV/O3/TiO,/carbon. They found that ozonation or photooxidation
effectively remove BPA from water but that the mineralization levels are rather low,
whereas the combination of O3;/UV/carbon completely mineralized the organic matter.
Katsumata et al. [13] studied the photodegradation of BPA in the presence of the Fenton
reagent and found the degradation rate to be strongly influenced by the solution pH and
the initial H,O, and Fe (II) concentrations. Total BPA degradation was achieved after 9
min of treatment under optimal conditions, and the formation of CO, due to BPA
mineralization was observed during the photo-Fenton process, with >90% conversion of

BPA to CO, after 36 h of treatment.

Unlike the hydroxyl radical, the sulfate and carbonate radicals are selective transient
species against organic compounds with a high oxidization potential (E° = 2.6 V and E°
= 1.78 V, respectively). The most frequent methods to generate sulfate radicals, SO,*,
are by the photochemical, thermal, or chemical decomposition of SZng'. The COs*
"HCO;" radical is usually formed via a reaction between bi/carbonate ions and hydroxyl

radicals or by quenching the aromatic ketone triplet excited state [14, 15].

Various studies have found the UV/K;S,0g system to be more effective than the
UV/H,0; system to treat organic compounds in aqueous solution, offering a higher
percentage degradation within a shorter treatment time and reducing the medium
toxicity to a greater extent [16, 17]. For its part, the carbonate radical is one of the most
extensively studied inorganic radicals, due to its ubiquitous nature in the environment
and relatively long lifetime. However, there has been little research on the use of this

radical species to degrade organic compounds [18].

With this background, the main aim of this study was to investigate the effectiveness of
HO®, SO4*", and CO3*/HCOs’radicals in the photodegradation of BPA in aqueous
solution, studying the influence of some operational parameters, i.e., initial
concentration of BPA, initial concentration of H,O,, K;S,0g or Na,COs, solution pH,

temperature, and chemical composition of the water. A further aim was to determine the
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variation in the total organic carbon and in the toxicity of BPA photodegradation

byproducts during these treatments.
2. MATERIALS AND METHODS

2.1. Reagents

All reagents used in the present study (atrazine, hydrogen peroxide (H,0O,), potassium
peroxodisulfate (K,S,;0g), sodium carbonate (Na,CO3), sodium dihydrogen phosphate
(NaH,PO,), disodium hydrogen phosphate (Na,HPO,), bisphenol A, phosphoric acid,
and methanol) were high-purity analytical grade reagents supplied by Sigma-Aldrich.
All solutions were prepared with ultrapure water obtained from Milli-Q® equipment

(Millipore). Figure 1 depicts the molecular structure and species distribution diagram of

BPA as a function of solution pH.
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Figure 1. Molecular structure and species distribution of BPA as a function of solution

pH.

2.2. Experimental methodology
BPA degradation experiments were conducted in a photoreactor formed of concentric

tubes: a stainless steel outer tube (inner diameter [i.d.] of 13 cm x height of 18 cm) and
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quartz inner tube (i.d. of 5.5 cm x height of 23 c¢cm). The inner tube is equipped with a
medium pressure mercury lamp (Heraeus Noblelight TQ718-700W) emitting in a range
from 238 to 334 nm. The irradiating intensity of the lamp (Ip = 3.75x10” Einstein s™")
was measured by using atrazine as the actinometer according to the procedures reported
by Canonical et al. [19]. In the annular space of the photoreactor there is a sample
holder with a capacity for six quartz reaction tubes (i.d. of 1.6 cm x height of 20 cm,
with capacity =~ 40 mL). Solutions in reaction tubes were maintained at constant
temperature by using a Frigiterm ultrathermostat, and they were kept in agitation by

means of a magnetic agitation system.

2.3. Bisphenol A degradation by UV, UV/H;0,;, UV/K;S,;0s, and UV/Na,CO3
systems
BPA photodegradation experimental data were obtained as follows: a concentrated (100
mg/L) BPA solution was prepared by adding 0.1 g of BPA to a 1 L flask and filling with
ultrapure water. An aliquot (15.0 to 29.4 mL) of ultrapure water was placed in the
reaction tubes, and an aliquot (15.0 to 0.6 mL) of concentrated BPA solution was added
to obtain a total volume of 30 mL at the desired initial concentration. Several samples
were drawn from the reactor at regular time intervals to measure the BPA concentration,
total organic carbon (TOC), and toxicity of photodegradation byproducts as a function

of treatment time.

Reaction rate constants of BPA with HO®, SO4*", and CO;*/HCO;°® radicals were

determined by competitive kinetic experiments using atrazine (Atr) as reference

compound kpo®arr = 1.80x10"° M 71, kso" o 1.4x10° M 71, and
4 atr

k . . = 1.60x10” M™! s1) [18, 20, 21]. For these experiments, 2.5, 5.0 or 10.0
CO;5 /HCOg3atr

mg/L BPA was photooxidized in the presence of 5.0 mg/L of Atr and 1000 uM of H,O»,
K,S,0g, or Na,COs. Then, the concentrations of BPA and Atr were obtained at different

treatment time intervals and the rate constants kygegpa, k. .. ,andk

SO; BPA CO3 /HCO3BPA’

were calculated using the following equation:
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Lo (fpats)

krad BPA — kradAtr [ Atl‘ (1)
([Atr )

Natural water samples (ground and surface waters) from a drinking water treatment
plant and wastewater samples from a wastewater treatment plant were supplied by
Aguas y Servicios de la Costa Tropical de Granada in Motril (Granada). Standard
methods [22] were used to determine their characteristics, which are listed in Table 1.
After their characterization, samples were filtered and stored in cold until their use as

media for the BPA photodegradation experiments.

Table 1. Chemical characteristics of different water types.

Water pH TOC  [Ca™] Mgl  [HCO;] T %Y
(mg/L) (meq/L) (meq/L) (meq/L)

Ultrapure water 6.8 0.0 0.0 0.0 0.0 100
Surface water 8.3 14.9 1.6 1.1 6.4 97
Ground water 7.6 29.7 2.5 22 8.8 99
Wastewater 7.8 88.9 2.1 1.5 7.2 64

9 Transmittance % at 271 nm

2.4. Analytical methods

The solution pH was adjusted to the desired value by addition of phosphoric acid,
sodium dihydrogen phosphate, and/or disodium hydrogen phosphate. The pH was
measured with a pH meter (CRISON micropH 2002).

BPA and Atr concentrations were determined using a high performance liquid
chromatography (HPLC) (Thermo-Fisher) equipped with a UV-detector and
autosampler with capacity for 120 vials. The column used was Nova-Pak® C;g (4 um
particular size and 3.9x150 mm). Five-point linear standard calibration curves were

measured before and periodically during the period of analyses to verify the stability of
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the system. Triplicate samples were prepared and analyzed for each experimental

condition.

The mobile phase for BPA was 50% of 0.4% phosphoric acid solution v/v and 50%
methanol in isocratic mode at flow of 1.5 mL/min, detector wavelength was set at 270
nm, and injection volume of BPA was 100 pL. For atrazine, it was 50% 1 mM
ammonium acetate solution and 50% acetonitrile in isocratic mode at flow of 1 mL/min,

with detector wavelength set at 226 nm and injection volume at 20 L.

Total organic carbon (TOC) present in the medium was determined by using a
Shimadzu V-CSH analyzer with ASI-V autosampler, calculating the TOC in the water
samples by subtracting the inorganic carbon (IC) value from the total carbon (TC)
value. The TC value was determined by injecting the water sample (1.20 mL) into a
reaction chamber (at 680°C) filled with oxidant catalyst; under these conditions, the
organic carbon and IC are both transformed into CO,, which was measured with a non-
dispersive infrared detector. The IC was determined by injecting the water sample (1.20
mL) into another reaction chamber under acid conditions; in this situation, IC alone is
transformed into CO,, which was measured with an infrared detector. Analyses of TC

and IC were performed in triplicate to ensure the correct TOC value was obtained.

Degradation byproducts were determined after 60 min of treatment with the UV/H,0,,
UV/K;S,0s, or UV/Na,COj systems with an initial BPA concentration of 50 mg/L at 25
°C and pH = 7. BPA degradation by-products were separated from the water by using an
UPLC (Waters, USA) equipped with a C;g analytical column (2.1x100 mm, 1.7 pm)
and coupled to a mass spectrometer (Waters, USA). The mobile phase was 50 % water
and 50% methanol in isocratic mode; the column temperature was kept at 25°C and the

injection volume was 50 pL.

Assessment of the toxicity of degradation byproducts was based on the normalized
biotest (UNE/EN/ISO 11348-2) [23, 24] of luminescent inhibition of Vibrio Fischeri
bacteria (NRRL B-11177, using the LUMIStox 300 system (Dr. LangeGmbH) with a
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LUMIStherm incubator. Toxicity is expressed as percentage inhibition at 15 min of

exposure with reference to a stock saline solution (control).

3. RESULTS AND DISCUSSION

3.1. Photolysis of BPA

Results for the direct photodegradation of BPA showed that only 15.11 % of the initial
BPA was degraded after 180 min of treatment (Exp. No. 1, Table 2). The BPA
absorption spectrum shows a maximum absorption peak at a wavelength of 275 nm (€ =
329 m?*/mol), and only 1.48 % of the total energy emitted by the lamp corresponded to
this wavelength, implying that the amount of radiation absorbed at 275 nm was
inadequate to induce electron state transitions capable of transforming BPA, explaining
the low degradation rate. Previous studies using low pressure lamps for BPA photolysis

reported similar results [11, 12].

The effectiveness of UV light to degrade a given compound is directly related to its
quantum yield, i.e., the number of degraded moles of the compound divided by the
number of photons absorbed by the system. The quantum yield of BPA was assessed by

using the following equation:

kq
2.303x Y33 Ex e

2)

D239 10 334 nm) =

where @239 (5334 nm) 18 the quantum yield of BPA depletion (mol Einstein™), k; is the
pseudo-first-order rate constant of BPA photodegradation (min”), E is the photon
fluence rate in the wavelength interval of 239 to 334 nm (Einstein/m*/min), ¢ is the
molar absorption coefficient of BPA at the wavelength interval of 239 to 334 nm

(m?/mol).

The experimental BPA photolysis data were fitted to a first order kinetic model,
yielding a reaction rate constant value k, = 9.09+0.23x10™ min™. The quantum yield
obtained was ® = 2.37x10° mol/Einstein, demonstrating the low effectiveness of direct

BPA photodegradation.
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Table 2. Photodegradation of bisphenol A under different experimental conditions for a treatment time of 180 min.

Exp. [BPA] [H20:] [K>S:05] [Na,COs3] T Ce o k.x10° .
No.  (mg/L) (UM) (UM) (UM) (°0O) pH 1- (CO) <100 (%) (min™) 7D
1 10 0 -- -- 25 7.0 15.11 0.91+0.23  1.79
2 10 100 -- -- 25 7.0 26.63 1.72+0.00  0.01
3 10 200 -- -- 25 7.0 56.15 4.58+0.03  0.01
4 10 300 -- -- 25 7.0 61.48 5.30+0.71  0.01
5 10 400 -- -- 25 7.0 66.16 6.02+0.02  0.01
6 10 500 -- -- 25 7.0 67.53 6.25+0.00  0.00
7 10 1000 -- -- 25 7.0 91.73 13.85+0.03  0.09
8 2 1000 -- -- 25 7.0 100.00 61.16+1.54 1.40
9 5 1000 -- -- 25 7.0 99.98 48.08+2.08 6.45
10 25 1000 -- -- 25 7.0 71.84 7.04+0.15  1.75
11 50 1000 -- -- 25 7.0 39.91 2.83+0.06 0.72
12 10 1000 -- -- 25 2.0 33.18 2.24+0.32  6.32
13 10 1000 -- -- 25 4.0 29.98 1.98+0.11  1.93
14 10 1000 -- -- 25 9.0 28.32 1.85+0.50  4.09
15 10 1000 -- -- 35 7.0 90.99 13.37+0.17 8.28
16 10 1000 -- -- 45 7.0 90.28 12.95+0.25 2.22
17 10 -- 100 -- 25 7.0 30.98 2.06+0.17  0.85
18 10 - 200 -- 25 7.0 49.18 3.76+0.27  1.48
19 10 - 300 -- 25 7.0 69.02 6.5140.34  1.78
20 10 - 400 -- 25 7.0 81.11 9.26+0.49  2.71
21 10 - 500 -- 25 7.0 89.80 12.68+0.88  3.86
22 10 - 1000 -- 25 7.0 91.46 13.67+0.64 2.77
23 2 - 1000 -- 25 7.0 100.00 199.59+11.60 9.62
24 5 -- 1000 -- 25 7.0 100.00 125.12435.72 4.21
25 25 -- 1000 -- 25 7.0 78.73 8.60+0.21  3.02
26 50 -- 1000 -- 25 7.0 59.92 5.08+0.19 2.55




Capitulo 4 201

Table 2. Degradation of bisphenol A under different experimental conditions at treatment time of 180 min
(continued).

Exp. [BPA] [H:0;] [K;S:05] [Na;COj] T & o k.x10° o
No. (mg/L) (UM) (UM) (LM) (°C) pH 1- ( CO) %100 (%) (min™) %o D
27 10 -- 1000 -- 25 2.0 99.04 25.80+£2.22 15.76
28 10 -- 1000 -- 25 4.0 97.25 19.97+0.85 6.22
29 10 -- 1000 -- 25 9.0 65.92 5.98+0.68 10.64
30 10 - 1000 - 35 7.0 100.00 61.80+0.00 7.46
31 10 - 1000 - 45 7.0 100.00 66.89+0.00 14.21
32 10 -- - 100 25 94 24.89 1.59+0.15 0.48
33 10 -- - 200 25 9.5 44.89 3.31+0.12 0.46
34 10 -- - 300 25 9.7 54.05 4.32+0.11 0.65
35 10 - - 400 25 10.0 61.69 5.33+0.48 2.34
36 10 - -- 500 25 10.1 66.16 6.16+0.22 1.23
37 10 - -- 1000 25 10.3 68.23 6.37+0.12 0.68
38 2 - -- 1000 25 10.3 98.20 22.324+2.03 18.34
39 5 - -- 1000 25 10.3 88.47 12.00+1.39 11.90
40 25 - -- 1000 25 10.3 50.53 3.91+0.16 2.35
41 50 - -- 1000 25 10.3 40.88 2.92+0.02 0.92
42 10 - -- 1000 25 2.0 25.43 1.63+0.21 3.65
43 10 - -- 1000 25 4.0 26.23 1.69+0.01 1.53
44 10 - -- 1000 25 7.0 67.65 6.27+0.25 0.37
45 10 - -- 1000 35 10.3 50.44 4.14+0.00 1.02

46 10 -- -- 1000 45 10.3 51.50 3.67+0.00 2.54




202 Capitulo 4

3.2. Indirect photodegradation of BPA
3.2.1. BPA degradation by the UV/H,0, system
The UV/H,0, system generates HO® radicals following reactions (3-8) [25].

H,0,+ hv — 2HO® 3)

H,0,+ HO® — HO? + H,0 )
2HOS — H,0,+ O, (5)

H,0,+ HO; — HO®* + O, + H,0 (6)
H,0,+HO® — 03"+ H" + H,0 (7)
RH + HO® — Oxidation byproducts (8)

Determination of the reaction rate constant of the radical with the pollutant is critically
important for the good design of a treatment system. The value of the HO® radical

reaction rate constant determined by equation (1) was

Kiorppa = 1.70 £ 0.21 x 10" M's"!, slightly higher than the value of 1.02 + 0.23x10"°
M's reported by Rosenfeldt et al. [11]. This difference may be due to the difference in
reference compound for the competitive kinetics, which was isopropyl alcohol in the

study by Rosenfeldt et al. and atrazine in the present experiments.

The effectiveness of the UV/H,0, system was assessed by studying the influence of
some operational parameters (initial concentration of BPA, initial concentration of
H,0,, pH, temperature, and water chemical composition) on BPA degradation kinetics.
Table 2 shows the experimental conditions for each study parameter. BPA degradation
kinetics were interpreted by using a pseudo first-order kinetic model, represented by the

following equation:

d[Cgpa,/Cgpa,]
dt

= 'kt[CBPAt/ CBPAO] 9)

Percentage deviation values were calculated by using equation (10) and are given in

Table 2.
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]

x100 (10)

0 _
oD— NZ

The results in Table 2 (Exp. Nos. 1-7) demonstrate that BPA degradation was enhanced

CBPA exp]

by the presence of H,0O,. For example, the addition of 1000 uM of H,O, produced
around a 15-fold increase in the reaction rate constant, k, , from 0.91+£0.23x107 to
13.85 + 0.03x10” min™, producing an increase in BPA degradation from 15.11% to
91.73%. Moreover, there was a linear increase in percentage degradation (from 26.63 to
91.73 %) with a rise in the initial HO; concentration from 100 to 1000 uM. This is
because a higher dose of H,0, increases the HO® generation rate, enhancing BPA

oxidation.

The effect of BPA concentration on the BPA degradation rate was investigated by
varying the initial BPA concentration from 2 to 50 mg/L while keeping the H,O,
concentration constant (1000 uM). Table 2 exhibits the k; values and percentage
degradation values obtained (Exp. Nos. 7-11), showing that 100 % degradation was
achieved at low BPA concentrations. The main reason for the rise in reaction rate
constant at lower initial BPA initial concentrations is the increase in the [HO®]/[Cgpalo

ratio.

The influence of solution pH on BPA degradation was studied in the pH range from 2 to
9 (Exp. Nos. 7, 12-14, Table 2). The highest k; value was observed at pH 7. The BPA
degradation rate was markedly reduced at acidic and basic pH values, because the PO4™,
HPO42', and HoPO, ions in the system under these conditions act as scavengers of HO®
radicals, with rate constants of k = 1.0x10’ M s'l, k=1.5x10° M s'l, and k =2.0x10*
M s respectively [26]. HO® radicals can also be recombined at acidic pH to form
H,0,, reducing their effectiveness in BPA oxidation. Furthermore, most of the oxidation
reactions of organic compounds with HO® in aqueous phase are reduced at acidic pH
due to the presence of H', because H' ions act as HO® radical scavengers with a rate
constant of k =7x10° M's [26]. A solution at basic pH favors the decomposition

of H,O, to form water and oxygen instead of HO® radicals, and, moreover, the
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conjugate base of H,O, (HO,) acts as an HO® radical scavenger by the following

reactions [26]:

H,0, + HO" « HO, + H,0 (11)
HO, + HO®* - H,0 + 0" (12)
0, +HO® - 0, +OH" (13)
OH®+OH - O0* +H,0 (14)
0* + 0, + H,O - 20H + 0O, (15)

The effect of reaction temperature on BPA photodegradation with the UV/H,0, system
was investigated in experiments conducted at 25, 35, and 45° C. The results in Table 2
(Exp. Nos. 7, 15, 16) show that k; values were very similar at the three temperatures,

indicating that the temperature had no substantial effect on the BPA degradation rate.

The Arrhenius equation was applied to the experimental data to estimate the activation

energy (E,) by using the following equation (16):

K = A o(T) (16)

where k; is the degradation rate constant, A is the pre-exponential factor, E, (J/mol) is
the activation energy, R is the gas constant (8.3145 J/mol/K), and T is the temperature
(K). Ea values are listed in Table 3.

The thermodynamic parameters for BPA photooxidation by UV/H,O, (Gibbs free
energy change [AG°], enthalpy change [AH°], and entropy change [AS°]) were
calculated by using the thermodynamic relation (17-19) [27]; the results are given in
Table 3. According to the positive free energy change values, the reaction was non-
spontaneous. Moreover, the negative value of AH°® indicates that the process was

exothermic, and the negative value of AS® demonstrates a decrease in entropy.

AG® = AH® - T x AS° (17)
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AH® = m Ln (11) (18)
(T,-T)) ko
AH®-AG®
—— (19)
Table 3. Thermodynamic parameters for the photooxidation of BPA.
Oxidants Temperature E, AG® AH® AS°
(1000pM) (K) (kd/mol) (kJ/mol) (kJ/mol) (J/mol/K)
298 +20.75 -78.51
H0, 308 2.65 +21.53 -2.65 -78.51
318 +22.32 -78.51
298 +20.78 +124.53
K;8,05 308 58.62 +1734 5789 +131.66
318 +18.29 +124.53
298 +22.67 -136.94
Na,CO; 308 18.35 +24.69 -18.13 -139.04
318 +25.41 -136.94

In order to analyze the applicability of the UV/H,0, system in the treatment of BPA-

contaminated water, experiments were conducted with surface water, groundwater, and

wastewater; their chemical characteristics are listed in Table 1. The wastewater

contained a large amount of organic matter and had a high TOC concentration, while

the ground water had the highest transmittance value. Table 4 exhibits the reaction rate

constants for BPA photodegradation in these three types of water and in ultrapure water

and gives the percentage degradation values after 180 min of treatment. In general,

reaction rate constants decreased in the following order: wastewater > surface water >

ultrapure water > groundwater. The k; value was almost four-fold higher for wastewater

than for ultrapure water.
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Table 4. Reaction rate constants for the photodegradation of BPA, radical inhibition

rates, and percentage degradation for a treatment time of 180 min in different water

types.

o 3 C L4 0
Water type Oxidants  k¢x10 1-(C—e)><100 (%) r %oD

(500uM)  (min™) 0 ™)

H,0,  6.25+0.00 67.53 1.11x10°  0.00
Ultrapure

K,S,05 12.68+0.88 89.80 3.86
water

Na,CO;  6.16+0.22 66.16 1.23

H,0, 12.91+0.97 90.21 3.03x10°  11.95
Surface 10

K,S,05 36.36+0.21 99.86 1.25x10"°  0.56
water

Na,CO;  1.34+0.00 21.43 1.29x10°  1.30

H,0,  0.28+0.02 4.92 5.70x10%  2.68
Ground

K,S,05  0.29+0.02 5.09 1.72x10"°  2.68
water

Na,CO; 1.86+0.12 28.45 2.54x10°  1.86

H,0,  67.10+0.02 100.00 1.54x10°  3.22
Wastewater  k,5,0; 98.27+4.44 100.00 1.41x10"°  1.58

Na,CO; 77.16£0.93 100.00 7.64x10°  1.10

In order to explain these results, the inhibition rates of HO® radicals by the species

present in each water matrix were calculated using Eq. (20).
r* =k [H'] +k  [TOC] + ko3 [HCO3] (20)

where 1° is the inhibition rate of HO® radicals due to the presence of H', TOC, and

HCO;5; the kinetic rate constants of HO® for H', TOC, and HCO; are

ki =7x10° M s, kpoe =2x10° M ' s, and k. o =8.5x10° M ! [26, 28-30];

3
and [H+], [TOC], and [HCO5] are the initial concentrations of each species in the water.

M, is the molarity of natural organic matter, based on the moles of carbon and was
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assumed to be 12 g mol”. Table 4 lists the inhibition rate of HO® radicals for the
different water types, showing that wastewater had the highest HO® radical inhibition
rate, reducing the concentration of HO® radicals in the medium. These results suggest,
therefore, that the high degradation of BPA in wastewater may be related to its
considerable content of NOM, which can absorb UV radiation and generate excited
triplet states CNOM®*) and various reactive oxygen species, including additional HO®
radicals, singlet oxygen ('0,) and H,0, [31-33], which enhance BPA degradation. The
lowest ki and BPA percentage degradation values were observed for groundwater,
which may be attributable to its elevated content of ionic metal species and bicarbonate

ions, which act as radical scavengers of HO® radicals [26].

The BPA degradation by-products detected with the UV/H,O, system were
monohydroxylated bisphenol A and quinone of monohydroxylated bisphenol A.

3.2.2. BPA degradation by the UV/K,S,0g3 system
The UV/K,S,05 system generates SO, ™ radicals through reactions (21-32) [34, 35].

S,0% +hv — 2S05 (21)
SO; +RH, — SOF +H + RH® (22)
RH® +S,0: - R+S0O7 +H' +S0; (23)
SO +RH —R®+SO7 +H" (24)
2R*®* — RR (dimer) (25)
SO;” +H,0 — HSO; + HO® (26)
HSO; —» H' +S0% (27)

1
HO® +S,03” — HSOj + SO + 502 (28)

1

SO;” +HO® — HSO; + 502 (29)
2HO. — 2H202 (30)
HO. + Hzoz - Hzo + HO; (3 1)

S,0% +H,0, — 2H" + 2807 + 0, (32)
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The rate constant for the reaction of BPA with SO, radicals was determined by using

Eq. (1), which yielded a value of kso"BPA =1.37+0.15 x10° M"'s’!; this value is in the

4

range of values reported for the degradation of aromatic compounds with SOZ' radicals
[17, 36]. Moreover, the rate constant is lower for the UV/K,S,0g system than for the
UV/H,0; system, indicating that the reaction is faster between BPA and HO® radicals
than between BPA and SO,* radicals.

The effect of the initial K,S,0g concentration was assessed by carrying out experiments
at an initial BPA concentration of 10 mg/L (44 uM) and K,S,0g concentrations of 100,
200, 300 400, 500, and 1000 uM (Table 2, Exp. Nos. 17-22). In most cases, the addition
of K;,S,0g to the system produced a slight increase in the BPA degradation rate in
comparison to the rate obtained for the same concentration of H,O, in the UV/H,0;
system. Thus, under the same conditions, the percentage BPA degradation was 1.3-fold
higher with UV/K,S,0¢ than with UV/H,0, (Table 2, Exp. 6, 21), attributed to the
generation of both HO® and SO,*" radicals in the UV/K;,S,05 system, (reactions 21 and
26). The results in Table 2 also show that the addition of elevated concentrations of

K»S,0s5 (e.g., 1000 uM) did not substantially increase the BPA degradation rate due to

. . o- . . . .
an excessive generation of SO, radicals, which can recombine according to the

following equations [26].

SO; +S05 — S,0F k=4.0x10" M ¢! (33)
SOS +8S,08 — SO7 +S,08 k=6.1x10° M ¢! (34)

The influence of the initial BPA concentration was studied by performing experiments
at different initial BPA concentrations (2, 5, 10, 25 and 50 mg/L) with the same initial
K;S,0g3 concentration (1000 uM) (Table 2, Exp. Nos. 22-26). The k; values obtained, as
in the UV/H,0; system, show that the degradation kinetics became much faster with a
decrease in the BPA concentration. However, at both low and high BPA concentrations,

the UV/K,S,0s system was considerably more effective than the UV/H,0, system.
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The effect of the solution pH on BPA degradation by the UV/K,S,03 system was also
studied. Results obtained (Table 2, Exp. Nos. 22, 27-29) show that the percentage BPA
degradation with a treatment time of 180 min remained constant from pH = 2 to 7, with

values higher than 90 %. At basic pH (9) however, the degradation rate was reduced by

up to 25%. These results can be attributed to an excessive generation of HO® and SO}
radicals, which can recombine via reactions (35) and (36) [26], thereby reducing their

effectiveness to eliminate BPA.

SO} + OH —S0; +HO*® k=73%x10" M g! (35)

1
SOf” +OH" — HS0; +50, k=1.0x10""M"g! (36)

The working temperature is an important factor that influences the decomposition of
persulfate to generate SO;° radicals [37]; therefore, the influence of temperature on
BPA degradation was examined. The results (Table 2, Exp. Nos. 22, 30, 31) show an
increase in BPA degradation rates with a rise in temperature from 25 to 45 °C.

The positive free energy values obtained for the UV/K;S,0s system (Table 3) indicate
that the BPA degradation was non-spontaneous, and the positive AH® value indicates
that it was endothermic, i.e., in contrast to UV/H,0,, increased temperature favors this

process, as experimentally demonstrated (see above).

SO4* radical inhibition rates for the species in each water matrix were calculated, Eq.

(20), by using the kinetics rate constants of SO, radicals with TOC and HCOs

(ktoc = 1.60x10° M. ! s and k. o= 1.95x10° M s) [38, 39]. Table 4 lists the

3

results obtained for the photodegradation of BPA in ultrapure water, surface water,
ground water, and wastewater. The fastest BPA degradation was obtained in
wastewater, followed by surface water, ultrapure water, and groundwater. These results
confirm that BPA photodegradation in wastewater is mainly by photosensitized
degradation due to the photolysis of organic matter. The lowest percentage BPA
degradation was in ground water. These results are similar to those obtained from the

UV/H,0, system.
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The BPA degradation by-products with the UV/K;0S, system were 4-
isopropenylphenol and monohydroxylated 4-isopropenylphenol.

3.2.3. Bisphenol A degradation by the UV/Na,COj; system

Several chemical reactions have been employed to generate CO; "~ radicals in aqueous
solutions. These include one-electron oxidation of bicarbonate or carbonate by hydroxyl
radical [14], the sulfate radical anion [15], or the quenching of the excited triplet state of
a sensitizer such as an anthraquinone sulfonate or duroquinone [15]. Photolysis of the
cobalt (III)-tetraaminocarbonate ion has also been used to generate CO;*” radicals [40].
However, no data are available on the generation of CO;*" or HCO;® radicals by UV

radiation in the presence of CO32' or HCOxs'.

Figure 2 depicts the BPA photodegradation kinetics in the presence of different doses of
Na,COs. It shows that the addition of Na,CO; produced an increase in the BPA
degradation rate, which rose from 24.89% to 68.23% with an increase in initial Na,COs
dose from 100 to 1000 uM. The initial solution pH of the above experiments ranged
from 9.4 to 10.3. Under these experimental conditions, carbonate anions are in

equilibrium with hydrogen carbonate anions according to the following reaction [41]:

HCO; o COs”+H' pK,=10.25 (37)

Hence, the solution contains 85 % of bicarbonate at a solution pH of 9.4, which reduces

to 45 % at a pH of 10.3.

Experiments were conducted under the same experimental conditions as above but in
the absence of UV radiation to investigate the possibility of CO3;*/HCO;*® radicals
generation in the UV/Na,CO; system due to the formation of complexes between BPA
and Na’, CO32' and/or HCO3™ anions. Results obtained showed that the absorbance of
BPA solutions remained constant over time, indicating that these complexes are not
formed. Therefore, the explanation for the results in Figure 2 is the formation of

carbonate radicals CO;’~ and bicarbonate radicals HCO3® via the following reactions:
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+36.0 Kcal/mol

OH + hv ———— HO® (38)
. +50.9 Kcal/mol . _
HO®+HCO; ————— HCO}$ + OH 39)

° + o-
HCO3 T H3O +CO3 (40)

2

This mechanism was corroborated by means of the program Gaussian09 (CCSD/aug-cc-
pVTZ) obtaining the corresponding reaction enthalpies. Thus, the energy of our UV

system was enough to carry out the above reactions.

1.0
0.8
= 0.6
=
®,
S
0.4 ‘:__
O 100 pM Sy
o 200 pM
A 300 pM
021 o 400 um
+ 500 pM
& 1000 uM
0.0 ' ' ' : '
0 30 60 90 120 150 180
Time (min)

Figure 2. Effect of initial concentration of Na,CO; on BPA degradation with the
UV/Na,COs system. [BPA]y =10 mg/L, T = 25°C.

k; values obtained at different initial concentrations of Na,COs are given in Table 2.
These values were lower than those obtained for the UV/H,0, and UV/K,S,0s systems,
which may be due to the lesser reactivity of CO;*/HCO;* radicals in comparison to
HO® and SO,* radicals. To test this hypothesis, the value of the radical reaction rate

constant (k ) was determined by using Eq. (1), which yielded a value of

CO3 /HCO3BPA

k . . =3.890+0.09 x10° M s!. This value is within the range of values
CO3 /HCO3BPA
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reported for the degradation of aromatic compounds with CO; ~ radicals [14]. The
reaction rate constant was lowest between BPA and CO;°*/HCOs"® radicals, followed by
SO,* radicals and HO® radicals; i.e., the capacity to attack BPA was lower for CO;*
/HCO;® radicals than for SO4*" and HO® radicals.

The influence of the initial BPA concentration on its photodegradation with the
UV/Na,COs system was investigated (Figure 3 and Table 2, Exp. Nos. 37-41). The BPA
degradation rate constant was lower at higher initial concentrations of BPA. Thus, it
was 22.32+2.03x10~ min™ for a concentration of 2 mg/L and 2.92+0.02x10~ min™ for
one of 50 mg/L, respectively. Once again, BPA degradation rates were lower with this

system than with the UV/H,0, or UV/K;S,0s systems.

1.0 - - - - -
S O BPA 2 mg/L
\\g O BPA 5 mg/L
v N\ AL S * BPA 10 mg/L
0.8 M N AL 9o A BPA 25 mg/L |
. K CL AT~ O BPA 50 mg/L
S S ¥ S N
06 - \\ \\\ ‘-'A__‘---\O\ \E
g ¢ Sk _ AL
= & TNy B
@ S *‘\
04 AN =S
* \0 ﬁ/k\_
S o ‘\é{
\e‘
0.2 ¢ Tt
=
0.0

0 30 60 90 120 150 180

Time (min)
Figure 3. Effect of initial concentration of BPA on its degradation with the UV/Na,CO;
system in ultrapure water. [Na,COs3]p = 1000 uM, T = 25°C, pH = 10.3.

The effect of temperature on BPA photodegradation with the UV/Na,CO3 system was
investigated. As shown in Table 2 (Exp. Nos. 37, 45, 46), the BPA degradation rate
decreased with higher temperatures, indicating that, like the UV/H,0O, system, this
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process is exothermic, as corroborated by the AH°® value (Table 3). The activation
energy and thermodynamic parameters were calculated by using equations (16-19) and
are shown in Table 3. The activation energy with UV/Na,CO; was around 7-fold higher
than with UV/H,0, and around 3-fold lower than that obtained with UV/K5,S,0Os.

CO;°® radical inhibition rates by the species in each water matrix were calculated by Eq.

(20), using the kinetic rate constants of COs*" radicals with TOC and HCOs

(ktoc = 1.0x10° M, " s! and ko= 7.50x10° M 1) [15, 41]. Table 4 exhibits the

3

BPA photodegradation parameters with the UV/Na,COj; system in the different water
types (ultrapure water, surface water, ground water, and wastewater). The BPA
degradation rate was highest in wastewater, followed by ultrapure water, groundwater,
and surface water. As in the case of the UV/H,0; and UV/K,S,0g systems, these results
confirm that the presence of high amounts of NOM in water enhances BPA
photooxidation. The percentage BPA degradation in ground water was higher with
UV/Na,COj3 than with UV/H,0; and UV/K;S,0s systems, which may be attributable to
the high bicarbonate content of this type of water (Table 1). This increases the
generation of CO3*/HCOs® radicals with UV/Na,CO;, whereas HCO; acts as a
scavenger of the HO® and SO,* radicals generated with the UV/H,0O, and UV/K,S,05

systems, respectively.

The BPA degradation by-products with the UV/Na,COj3 system were similar to those
detected with the UV/H,0, system.

3.3. Time course of TOC and toxicity.

Figure 4 depicts TOC values as a function of treatment time, showing a marked
reduction in the TOC concentration during the first five minutes of treatment with all
three systems used. The reduction in TOC for 60 min of treatment was 57% with the
UV/H;0, system, 76% with UV/K,S,0g, and 38% with UV/Na,COs; Hence,
UV/K;S,05 was the most effective system to mineralize the organic matter present in

the medium.
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Figure 4. Evaluation of TOC with treatment time. [BPA]y = 20 mg/L, [H,0:]y =
[KzSzOg]o = [N32CO3]0 =500 |JM, T =25°C.

Figure 5 depicts the percentage inhibition of Vibrio Fischeri bacteria as a function of
treatment time with the UV/H,0,, UV/K;S,0s, and UV/Na,CO; systems. The highest
percentage was obtained with the UV/H,0;, system, indicating the formation of
degradation byproducts that are more toxic than BPA. Moreover, the remaining H,O, is
toxic and may contribute to increasing the percentage inhibition of Vibrio Fischeri
bacteria. In the case of the UV/K,S,0g system, the percentage inhibition increased
during the first ten minutes of treatment and then started to decrease with longer
treatment time. These results indicate that the degradation byproducts generated by the
treatment are less toxic than BPA. With the UV/Na,COs3 system, percentage inhibition

values remained virtually constant throughout the treatment time.

According to these results, the UV/K,S,0g system is the most appropriate for reducing
both the medium toxicity and TOC.



Capitulo 4 215

100

80
=
S 60
=
=
= 40
X

20 -&-UV/H,0,

*®-UV/Na,CO,
0 1 1 1 1 1
0 10 20 30 40 50 60

Time (min)
Figure 5. Time course of medium toxicity during treatment with UV/H,O,,
UV/K,S,0s, or UV/Na,COs . [BPA]p = 20 mg/L, [H202]o = [K2S205]p = [Na,COs]p =
500 uM, T =25°C.

3.4. Comparisons among UV/H,0,, UV/K;S,0s, and UV/Na,CQOj; systems
Figure 6a) depicts the BPA photodegradation kinetics with UV/H,0,, UV/K,S,0s, and
UV/Na,COs systems in ultrapure water. The results show that the degradation was most

effective with the UV/K,S,0g system, followed by the UV/H,0, and UV/Na,COs

systems, which may be attributable to its formation of both HO® and SOZ' radicals. The
UV/Na,CO; system also had the lowest BPA degradation rate constant, because CO3*"

/HCO;* has a lower radical reaction rate constant,

K o o =3.89+0.09x10°M"'s! and oxidizing power (E° = 1.78 V) in
CO3 /HCO3BPA

comparison to the oxidizing power of HO® (E°=2.80 V) and SOZ' (E°=2.05V).

The solution pH and temperature proved to be key determinants of the efficacy of the
systems used to oxidize BPA. The optimum solution pH for BPA photoxidation was 7,
2, and 7 for UV/H;0,, UV/K;S,03, and UV/Na,COs, respectively. Hence, the
UV/K,S,0g system, the most effective process to remove BPA from aqueous solution,
was most effective at acidic solution pH, whereas the UV/H,O, and UV/Na,COs

systems were more effective at neutral solution pH. Temperature also played an
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important role in the degradation of BPA with these systems, reducing BPA
photooxidation by the UV/H,0,, and UV/Na,CO; systems when it was increased and
enhancing BPA photooxidation with the UV/K,S,0g system when it was increased.

In relation to the application of these systems, Figures 6b), c¢), and d) depict BPA
photodegradation values with UV/H,0,, UV/K;,S,;0s, and UV/Na,CO; systems in
wastewater, surface water, and ground water, respectively. As shown in Figure 6b), all
three oxidation systems proved to be adequate for removing BPA from wastewater,
showing an efficacy of 100 % after 30 minutes of treatment. This may be related to its
high content of NOM, which can absorb UV radiation and generate excited triplet states
(*NOM*) and various reactive oxygen species [31-33]. The trend for surface water was
similar to that for ultrapure water, but the effectiveness of both UV/K,S,0g5 and
UV/H,0, systems was higher in surface water, whereas the effectiveness of the
UV/Na,COs system was lower. As depicted in Figure 6d), all three oxidation systems
showed lower BPA degradation in groundwater than in the other water types, which
may be attributable to its high content of metal species and bicarbonate ions, which act
as HO® and SO4° radical scavengers [26]. The highest BPA degradation rate with the
UV/Na,COs system was obtained in ground water, which may be attributable to an

increase in carbonate radicals due to the presence of bicarbonate.

According to the results of this study, the selection of one of these BPA degradation
systems depends on the water type. UV/K,S,0s is a good option to treat both ultrapure
water and surface water, reducing the TOC and producing less toxic byproducts. The
UV/Na,COs system is the best choice for ground water, whereas all three systems are
effective for treating wastewater. However, from an economic standpoint of view, the
higher cost of K,S,05 (30-35 $/kg) than of H,O, (0.6-1.3 $/kg) and Na,CO; (0.2- 0.5

$/kg) systems may play an important role in the system selection.
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Figure 6. Photodegradation of BPA with UV/H,0,, UV/K,S,0s, and UV/Na,CO; systems in a) ultrapure water b) wastewater,
¢) surface water, and d) ground water. [BPA], = 10 mg/L, [H,O,]o = [K,S,05]o = [Na,CO;3]o = 500 uM, T = 25°C.
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4. CONCLUSIONS

UV light has inadequate energy to degrade Bisphenol A, and the quantum yield of this

system was close to zero, demonstrating its low effectiveness.

The UV/H;0; system was adequate to degrade BPA, yielding a reaction rate constant of

BPA with HO® radicals of kyo'gpa = 1.70 £0.21 x10" M s The percentage BPA
degradation depended on the solution pH. The photoxidation process of BPA with
UV/H,0; was slightly exothermic.

The UV/K;S,0s system was more effective than UV/H,0, to degrade BPA, achieving a
higher percentage removal in a shorter time due to the generation of SO;*" and HO®
radicals. Moreover, both removal of TOC and reduction of toxicity were the highest

when using the UV/K,S,0g system. The reaction rate constant of BPA with SO,*

radicals was kso"BPA =1.37+0.15 x10° M! s°. The solution pH had a major influence
4

on BPA degradation in the UV/K;S,0g system, and the lowest degradation percentage
was at pH = 9. The photoxidation of BPA with UV/K,S,03 was endothermic.

The UV/Na,CO; system was less effective to degrade BPA in comparison to the
UV/H,0, and UV/K,S,0s systems. The reaction rate constant of BPA with CO3*

/HCO;® radicals wask . . =3.89+£0.09 x10° M' s!. This reaction was
CO; /HCOSBPA

exothermic.

BPA oxidation varied as a function of the water type when the UV/H,0,, UV/K;S,0s,
and UV/Na,COj; systems were used, decreasing in order: wastewater > surface water >
ultrapure water > ground water. The high degradation of BPA in wastewater may be
related to its large content of organic matter, which generates additional hydroxyl
radicals from the photolysis of organic matter. BPA degradation was lowest in ground
water, due to its high content of metallic species and bicarbonate ions, which act as

radical scavengers for both HO® and SO,* radicals.
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With regard to their application, UV/K,S,0g was the most effective to remove BPA and
TOC from the different water types with the exception of ground water, for which the
UV/Na,COs system was the most suitable.
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Highlights

* The degradation of 2,4-D with the UV/TiO,/activated carbon
(AC) system was studied.

e The presence of ozonated AC enhances 2,4-D
photodegradation by the UV/Ti0, system.

e Carboxyl groups of AC participate in the additional
generation of OH" radicals.

* The UV/TiO,/AC-ozonated system mineralized 40 % of the
organic matter.

 The toxicity of the degradation byproducts was much lower
than that of 2,4-D.

ABSTRACT

The objective of this study was to photocatalytically degrade the pesticide 2,4-dichlorophenoxyacetic
acid (2,4-D) by using the integrated UV/TiO,/activated carbon system and to study the degradation

kinetics and the role of the chemical and textural properties of activated carbon in this process.
Results obtained show that the presence of activated carbon during the catalytic photodegradation
(UV/Ti0,) of 2,4-D considerably increases its percentage removal. After 60 min of treatment, the
highest percentage 2,4-D degradation is obtained in the presence of the activated carbons with the
greatest content of carboxyl groups. In order to determine the role of activated carbon in this process,
we determined the adsorptive and photocatalytic contribution (UV/TiO,) to the overall 2,4-D
removal. The total percentage removal by the UV/TiO,/activated carbon system is much higher than
the value obtained by summing the adsorptive and catalytic contributions, mainly when the carbon
has an elevated carboxyl group content. No relationship was observed between the textural properties
of activated carbons and their synergistic activity; however, the carbons with the greatest carboxyl
group content showed the highest synergistic activity. Together with the results of chemical and
superficial characterization of the carbon samples after their utilization in the photocatalytic process
(UV/Ti0,), these findings demonstrate that the reduction of superficial carboxyl groups to alcohol
groups is the main pathway by which activated carbon enhances the additional generation of HO'
radicals in the medium. Experiments conducted in the presence of radical scavengers (carbonate ions,
sulfate ions, and t-butanol) revealed that H', e, , and HO" species participate in the 2,4-D
photodegradation. According to the time course of total organic carbon and toxicity during 2,4-D
photodegradation, its complete mineralization is not achieved, and the toxicity of the degradation
compounds is lower than that of 2,4-D.
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1. INTRODUCTION

In general, polluted waters are effectively treated by biological treatment plants using
adsorbents or conventional chemical processes (chlorination, ozonation, or oxidation
with permanganate). However, these procedures are occasionally unable to degrade the
pollutants present to the levels required by law and for subsequent use of the effluent.
Over the past few years, new technologies have been developed, known as advanced
oxidation processes (AOPs), which have proven highly effective in the oxidation of
numerous organic and inorganic compounds. The mechanism underlying all of these

processes is the generation of free radicals, especially the hydroxyl radical (HO®) [1].

An alternative to the generation of free radicals is photocatalysis on the surface of a
semiconductor. Heterogeneous photocatalysis consists of the direct or indirect
absorption of visible or ultraviolet (UV) radiant energy by a solid that, in its excited
form, acts as a catalyst for degradation reactions with compounds at the solid-liquid
interface. Various semiconductor materials possess suitable characteristics for their
utilization as photocatalysts, i.e., stability, economically affordability and no
requirement for excessively energetic radiation, and those that are activated by the
radiation of the visible spectrum are of particular interest. The literature includes studies
of photocatalysts such as TiO,, ZnO, SnO,;, W03, ZrO,, CeO,, CdS, and Fe oxides,
which have all evidenced a good performance in the removal of numerous pollutants [2-

7].

It was recently reported that carbon materials can markedly improve the photocatalytic
process, largely through one of the three following mechanisms: i) minimization of the
recombination of photogenerated electron-hole pairs; ii) modification of the band gap of
the photocatalyst to higher wavelengths; and iii) presence of adsorption centers that

accelerate contact between pollutant and catalyst [8-15].

Various researchers have reported a clear correlation between the photocatalytic activity
of carbon/TiO, composites and the chemical and textural properties of the activated

carbon (AC) used as support [16]. The variation in degradation rate as a function of the
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properties of the carbon material has been described as a synergistic effect in the
literature. Thus, Matos et al. [16] studied the photocatalytic degradation of phenol, 4-
chlorophenol, and 2,4-D in the presence of TiO, and two commercial activated carbons
(L and H) and found that the presence of carbon H improved the photocatalytic
degradation of pollutants with a synergistic factor of 2.5, 2.4, and 1.3, respectively.
Cordero et al. [17] used a carbon prepared from Tabebuia pentaphyla wood and
activated with CO, at 450-1000°C and reported that it exerted a synergistic effect on the

catalytic activity of TiO,, enhancing the degradation of 4-chlorophenol.

A possible mechanism by which activated carbon increases the photocatalytic activity
of TiO, was proposed by Silva et al. [10], who reported that the presence of mild
concentrations of oxygen-containing surface groups, mainly carboxylic acids and
phenols, may improve the photocatalytic activity of multi-walled carbon nanotubes—
TiO, composite catalysts in the photocatalytic oxidation of benzene derivatives in

aqueous SUSanSiOHS.

In a previous study, Ocampo-Perez et al. [8] investigated the photocatalytic degradation
of cytarabine in aqueous phase (UV/TiO,) in the presence of activated carbon with
different chemical and textural properties. Results obtained suggested that the reaction
of e,q, from the UV-TiO, interaction, with the activated carbon carboxylic acids are
responsible for the increased photocatalytic activity of TiO,. We therefore hypothesized
that the interaction between e,y and surface carboxylic acids on oxidized carbons
reduces carboxylic acids to aldehydes, generating H,O, that can be decomposed into
HO'’ radicals, and that these aldehydes can be transformed into a surface alcohol group
that generates additional HO" radicals. The proposed mechanism is given by the

following reactions.

AC-COOH +H,0 -3 AC-COH+H,0, (1)
H,0, +hv(UV)— 2HO® )

2eaq N
AC-COH +2H,0 — AC-CH,OH+2HO 3)
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With this background, the main aim of the present study was to experimentally confirm
this mechanism, thereby advancing knowledge of the UV/Ti0O,/activated carbon system
and assisting selection of the most appropriate carbons for obtaining the maximum
degradation and mineralization of pollutants. For this purpose, we photocatalytically
degraded herbicide 2,4-D, selected as model compound, using the UV/TiO,/activated
carbon system and determined the degradation kinetics, the influence of operational
variables, the effect of the chemical nature of the carbon, and the modifications of the

carbon surface chemistry during the photooxidation process.

2,4-D is a herbicide in extensive use worldwide [18], thanks to its low cost and good
selectivity [19], and it has been detected in waters in various regions [20]. It is
considered moderately toxic, with a maximum allowed concentration in drinking water
of 100 ug/L. 2,4-D has been eliminated from aqueous solutions with varying degrees of
success by means of microbial, chemical, and photochemical processes [21, 22].
Photocatalysis has been reported as a good alternative for the degradation of recalcitrant

compounds [23] and represents another potential technology for removing 2,4-D.
2. EXPERIMENTAL METHOD

2.1. Reagents

All chemical reagents used in this study (2,4-D, acetonitrile, -butanol, sodium sulfate,
and sodium carbonate) were high-purity analytical grade reagents supplied by Sigma-
Aldrich. All solutions were prepared with ultrapure water obtained from Milli-Q"
equipment (Millipore). Figure 1 depicts the molecular structure of 2,4 D and the species

diagram of 2,4-D as a function of pH.

2.2. Activated carbons

Three commercial powdered activated carbons were used: Sorbo (S), Merck (M), and
Witcot (W). The particle size range was 0.05-0.08 mm. Activated carbon W was
oxidized with ozone (Wq3) in an OZOKAV ozonator with a maximum capacity of 76
mg/min, placing 0.50 g of activated carbon W in a column with upward O; flow and

keeping the activated carbon in suspension to ensure its homogeneous oxidation. Two
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carbon samples were obtained after ozone exposure of 30 min (Wp3.30) and 120 min
(Wo3-120). All activated carbon samples were stored in a sealed container and placed in

an oven at 110°C before their use.
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Figure 1. Molecular structure and species diagram of 2,4-D as a function of pH.

The physical characterization (surface area from adsorption of N, at 77 K) and chemical
characterization (functional groups and pH of the point of zero charge) of the five

carbon samples were previously reported [8], and some of these characteristics are

given in Table 1.

Table 1. Textural and chemical characteristics of the activated carbons

Activated  Sppr” pHpzc Basic Carboxyl Phenol Lactone Total acid

carbon (m%/g) P groups groups groups  groups groups
(meq/g) (meq/g) (meq/g) (meq/g)  (meq/g)
S 1225 10 1.08 0.00 0.24 0.060 0.30
M 1301 7.7 0.44 0.04 0.16 0.120 0.32
W 1110 6.5 0.76 0.32 0.42 0.035 0.78
Woss0 670 33 0.05 1.42 0.15 0.99 2.56
Wos-120 655 29 0.03 1.55 0.11 1.86 3.52

a) Surface area
b) pH of the point of zero charge
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After the photocatalytic process, the carbon samples were again physically and
chemically characterized to determine the chemical changes undergone by the activated
carbons during 2,4-D degradation by the UV/TiO,/activated carbon system. A detailed

description of the characterization methods was previously published [8, 24, 25].

2.3. Titanium dioxide

TiO; used in this study was supplied by Degussa. X-ray diffraction (XRD) analysis
revealed 93% anatase content and 7% rutile content. The surface area of TiO, was 60.9
m?/g. After the photocatalysis, the TiO, sample was again analyzed by XRD in order to

determine changes in its crystal structure.

2.4. Adsorption isotherms of 2,4-D on both activated carbon and TiO;

The experimental data for the adsorption equilibrium of 2,4-D on activated carbon or
Ti0, were obtained as follows. A mass of 10 mg of activated carbon or TiO; and 30 mL
of 2,4-D solution at T = 25°C and pH=7 were added in the batch adsorber; the 2,4-D
solution, at initial 2,4-D concentrations of 10-100 mg/L, remained in contact with the
activated carbon or TiO, particles until equilibrium was reached. Preliminary
experiments revealed that two days were sufficient to attain equilibrium. After reaching
equilibrium, the solutions were centrifuged and filtered with Millipore disc filters (0.2
um) to remove activated carbon or TiO,, and the final 2,4-D concentration was
determined. The mass of 2,4-D adsorbed at equilibrium was calculated by a mass

balance method.

2.5. Photoreactor design

2,4-D degradation experiments in the presence of activated carbon and/or TiO, were
conducted in a photoreactor formed by concentric tubes: a stainless steel outer tube
(inner diameter [i.d.] of 13 cm x height of 18 cm) and quartz inner tube (i.d. of 5.5 cm x
height of 45 cm). The inner tube contained a low-pressure Hg lamp (Heraeus Noblelight
model TNN 15/32, nominal power 15 W, [y = 1.027x10* Einstein s m™ at A = 254
nm). The annular space of the photoreactor contained a sample holder with a capacity
for six quartz reaction tubes (i.d. of 1.6 cm X height of 20 cm). Solutions in reaction

tubes were kept at constant temperature by using a Frigiterm ultrathermostat, and the
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suspension within reaction tubes was maintained in agitation by means of a magnetic

agitation system.

2.6. Photocatalytic degradation of 2,4-D in the presence of activated carbon and/or
TiO;

Experimental 2,4-D photodegradation data were obtained as follows. A concentrated
solution of 2,4-D (1000 mg/L) was prepared by adding 0.1 g of 2,4-D to a 100 mL flask
with ultrapure water; 28.5 mL of ultrapure water were placed in the reaction tubes and
different masses of activated carbon and TiO, were added. The suspension was
homogenized by manual agitation and placed inside the photoreactor, where agitation
continued. An aliquot (1.5, 0.75, or 0.30 mL) of 2.4-D solution was added to the
reaction tubes to obtain an initial 2,4-D concentration of 50, 25, or 10 mg/L,
respectively, simultaneously activating the photoreactor lamp. For all experiments the
solutions were in anoxic conditions which were achieved by bubbling N,, and the
solution pH was 7. Photocatalytic degradation of 2,4-D was monitored by taking 1.0-
mL samples at regular time intervals for 2,4-D concentration measurement. After
samples were withdrawn, they were immediately filtered with Millipore disc filters

(0.20 pm- GSWP) to remove the activated carbon and TiO,.

Photocatalytic degradation of 2,4-D in the presence of radical scavengers was carried
out using the same methodology but adding an aliquot of t-BuOH, Na,SO,4, or
Na,C0O3/Na,SO4 solutions to reaction tubes to obtain the desired concentration of 1 M

of each radical scavenger.

2.7. Determination of 2,4-D concentration in aqueous solution

The 2,4-D concentration in aqueous solution was determined by reverse-phase high
performance liquid chromatography (HPLC) using a liquid chromatograph (Thermo-
Fisher) equipped with a visible UV detector and an autosampler with capacity for 120
vials. A Nova-Pak® C;s3 chromatographic column was used (4pum particle size; 3.9%150
mm). The mobile phase was 20 % acetonitrile and 80 % water in isocratic mode at a
flow of 1.0 mL/min; the detector wavelength was 280 nm, and the injection volume was

100 L.
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2.8. Determination of total organic carbon
Total organic carbon (TOC) present in the system was determined by using a Shimadzu

V-CSH analyzer with ASI-V autosampler.

2.9. Determination of degradation byproduct toxicity

Degradation byproduct toxicity was determined by using the LUMIStox 300 system and
LUMIStherm incubator (Dr. LangeGmbH), based on the normalized biotest
(UNE/EN/ISO 11348-2) of luminescent inhibition of Vibrio Fischeri bacteria (NRRL
B-11177) [26, 27]. Toxicity was expressed as percentage inhibition at 15 min of

exposure with reference to a stock saline solution (control).

3. RESULTS AND DISCUSSION

3.1. Adsorption isotherms and adsorption Kinetics of 2,4-D on activated carbon

We first determined the adsorptive capacity of the activated carbons to enable
subsequent interpretation of the results of catalytic photooxidation of 2,4-D in their
presence. Figure 2a depicts the adsorption isotherms of 2,4-D on the five carbon

samples.

The experimental data were interpreted with the Langmuir adsorption isotherm, which

is mathematically represented as follows:

q,,KC,
1+KC,

qQ= 4)

where C, is 2,4-D concentration at equilibrium (mg/L), q is the mass of 2,4-D adsorbed
per mass unit of carbon (mg/g), qm is the maximum amount of 2.4-D adsorbed per

adsorbent mass unit (mg/g), and K is the Langmuir constant (L/mg).

Table 2 lists the values of the above parameters and the percentage mean absolute

deviation, %D, which was estimated from the following equation:
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Figure 2. Adsorption of 2,4-D on activated carbons, (a) adsorption isotherms, (b)

adsorption kinetics. T =25° C and pH = 7.

1 N

>

i=1

%D =

q exp - qpred
q exp

x100% (5)




Capitulo 5 237

where N is the number of experimental data points, qeyp (mg/g) is the experimental mass
of 2,4-D adsorbed, and qprq (mg/g) is the mass of adsorbed 2,4-D predicted with the

Langmuir adsorption isotherm.

Table 2. Results obtained by applying the Langmuir equation to the

equilibrium adsorption data.

Activated carbon qm K %D
(mg/g) (L/mg)

S 412.1 0.207 11.1

M 321.1 0.307 3.1

W 190.8 0.507 5.1

Wos-30 104.1 1.074 14.5

Wos-120 90.3 1.074 8.2

According to the data in Table 2, the highest adsorption capacity was obtained with
sample S, followed by samples M, W, Wo3.30, and Wo3.120, With qm values ranging from
412.1 mg/g (sample S) to 90.3 mg/g (sample Wo3.120). The low adsorption capacity of
ozonated carbons Wops.30 and Wos.20 is explained by two factors: a) under the
experimental conditions used in this study (pH = 7, T = 25 °C), there is an increase in
repulsive electrostatic interactions between 2,4-D and carbon surface, because 2,4-D is
in deprotonated form (Figure 1) with a negative charge (pK, = 2.85) and the carbon
surface is negative (pHgowtion > pHpzc) and becomes more negative with lower pH,,
(Table 1); and b) oxidation of the activated carbons increases the number of surface
carboxyl groups (electronic deactivators of aromatic rings) and reduces the
concentration of phenol groups (electronic activators of these rings), weakening TETt
adsorbate-adsorbent dispersion interactions through a reduction in the electronic density

of carbon graphene planes [28-31].

Figure 2b shows the percentage 2,4-D removal as a function of time over a 60-min
contact period with the different activated carbons at an initial 2,4-D concentration of 50

mg/L and carbon mass of 10 mg. This figure demonstrates that the percentage 2,4-D
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removal markedly increased after longer contact times with carbons S, M, and W and
remains almost constant over time with samples WO3_3p and WOs_159. After 60 min of
contact, the highest percentage removal (72%) was with carbon S, followed by carbons
M (56%), W (23%), WO3.30 (3%), and WOs;_129 (4%). Hence, carbon S has the highest
adsorption capacity and removal rate. It should be noted that the adsorption rate of
organic compounds on granular activated carbon is generally controlled by intraparticle
diffusion (diffusion in pore volume or superficial diffusion) [32, 33]; however, external
mass transport was more important in the present study, in which a very small particle
size (0.05-0.08 mm) was used in order to achieve a maximum reduction in diffusion

effects, considerably reducing the intraparticle trajectory of 2,4-D molecules.

3.2. Photocatalytic degradation of 2,4-D in the presence of the activated carbons

Figure 3a depicts the variation in percentage 2,4-D degradation as a function of
treatment time with the UV/TiO; system in the presence of carbons S, M, and W, while
Figure 3b depicts this variation in the presence of carbons Woj3.30 and Wos.120. Figure 3a
shows that the highest percentage 2,4-D removal after 60 min of treatment was
obtained with carbon S (80%), followed by carbons M (72%) and W (59%). Comparing
with the results in Figure 2b, the removal of 2,4-D was 1.1, 1.38, and 2.57-fold higher,
respectively, with the combined UV/TiO,/activated carbon process than with the
adsorption process. The role of activated carbon in the UV/TiO,/activated carbon
system was analyzed by determining the contributions of adsorption and photocatalysis
(UV/Ti03) to the removal of 2,4-D at 60 min of the combined treatment. The results in
Table 3 show that: 1) the greatest adsorptive contribution to the global removal process
is made with carbons S and M ; ii) with these two carbons (S and M), the contribution
of the photocatalytic process (UV/Ti0,) is very low in comparison to the contribution of
the adsorptive process, and iii) with carbon W, the total percentage removal obtained by
the UV/TiOx/activated carbon system is markedly higher than the result of summing the
adsorptive and catalytic contributions, indicating that its presence has a synergistic

effect on the 2,4-D removal process.
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Figure 3. 2,4-D photodegradation by means of the UV/TiO; system in the presence of

different activated carbons. T = 25° C, pH = 7, [2,4-D]= 50 mg/L, mass of TiO, and
activated carbon =5 mg, and V =30 mL.

The results in Table 3 were compared with the chemical and textural properties of the

activated carbons. No clear relationship was observed between the surface area and the

synergistic contribution to the global removal process, given that the three activated
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carbons have a similar surface area ({01200 m*/g). However, the content of carboxyl and
phenol groups is higher in carbon W than in carbons S or M (Table 1). Hence, the
synergistic activity of carbon W in the removal of 2,4-D by the UV/TiO,/activated
carbon system may be related to the elevated carboxyl group content on its surface (0.32
meg/g vs. 0.00 meq/g on carbon S and 0.04 meq/g on carbon M), as proposed in a
previous study [8].

Table 3. Adsorptive and photocatalytic contributions to the removal of 2,4-D with the
UV/TiO,/activated carbon system.

Activated Carbon Total Adsorption UV/TiO, Synergistic
(%) (%) (%) contribution
(%0)

S 80 72 14 0

M 72 56 14 2

W 59 23 14 22
Wos3o 70 3 14 53
Wos-120 70 4 14 52

The role of carboxyl groups in the photocatalytic process was examined by increasing
the carboxyl group content of carbon W through oxidation with ozone for 30 min (Wos.
30) and 120 min (Wo3.120) and then texturally and chemically characterizing these
samples (Table 1). The ozone treatment reduced the surface area value by 50%,
increased the content of carboxyl and lactone groups, and reduced the content of phenol
groups. The mechanism by which ozone interacts with the activated carbon surface has

been reported in various publications [25, 34].

Figure 3b depicts the photocatalytic degradation of 2,4-D in the presence of these
ozonated samples (Wos.30 and Wos.1p0), demonstrating that the degradation was
markedly enhanced by their presence, achieving 70% removal of 2,4-D after 60 min in
both cases. This is much higher than the percentage removal obtained with the untreated

carbon (W). As shown in Table 3, i) these ozonated carbon samples (Wos.30 and Wos.
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120) make a very low adsorptive contribution (<4%) to the global 2,4-D removal process,
and i1) they make the highest synergistic contribution to this global process (>50 %).

In order to identify the mechanism by which ozonated carbon samples enhance 2,4-D
photocatalysis, we chemically characterized sample Woj3.390 by exposing it to UV and
UV/TiO; radiation in the absence of 2,4-D. The results in Table 4 show: 1) similar
values of surface acid groups between UV-treated and untreated samples, and ii) a lower
concentration of carboxyl groups and markedly higher content of phenol and lactone

groups in the UV/TiO,-treated versus untreated samples.

Table 4. Chemical characteristics of the Wos.39p sample after treatment with UV or

UV/TiO,.

Activated carbon pHpz Basic Carboxyl Phenol Lactone Acid
treatment C groups groups groups groups groups

(meq/g)  (meq/g) (meq/g) (meq/g) (meq/g)

Wos.30 33 0.05 1.42 0.15 0.99 2.56
UV/Wo330 3.2 0.02 1.40 0.11 0.97 248
UV/ TiO,/Wo3.30 3.8 0.05 1.12 0.23 1.21 2.61

These results verify the proposed mechanism (reactions 1-3), indicating that the main
pathway by which activated carbons enhance 2,4-D removal by the UV/TiO,/carbon
system is the reduction of superficial carboxyl groups to aldehyde groups and finally to
alcohol groups. Alcohol groups formed on the carbon surface may in turn react with
adjacent carboxyl groups in the graphene planes of the activated carbon, generating
lactone groups. This would explain the increase in lactone groups in sample Wo3.30 with
the UV/TiO2/Wo3.30 system. The increase in phenol groups in sample Wos3.30 would
result from the decarboxylation of carboxyl groups to CO, by HO® radicals, followed by

oxidation of the nascent surface carbons to phenol groups.

Figure 4 depicts the results from XRD analysis of the crystallinity of TiO, before and
after photocatalysis. The crystallinity phases (anatase and rutile) were computed by

using the following equation [35]
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2

R(T)=O.679( R )+o.312< lr ) ©6)

Ig+1a Igt1s

where R(T) is the rutile percentage, In is the intensity of the main anatase peak
(26=25.30°), and Iy is the intensity of the main rutile peak (26=27.44°). The content of
both samples was 93% anatase and 7% rutile. Hence, the crystallinity of TiO, is not
modified by interactions between the species generated in TiO, photoactivation and the

acid sites on the activated carbon.
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Figure 4. XRD of TiO; before and after treatment.

The 2,4-D degradation by-products obtained by using both UV/Ti0, and UV/TiO,/W 3.
30 systems were determined by means of a ultra-pressure liquid chromatograph (UPLC)
coupled to a mass spectrometer. In both cases the by-products detected were: 2-(2-
chloro-4-hydroxyphenoxy) acetic acid, 2-(2,4-dihydroxyphenoxy) acetic acid, 5-chloro-
2-methylphenol, and 4-methoxybenzene-1,3-diol.

3.3. Effect of the mass of activated carbon and TiO; on 2,4-D photocatalytic
degradation
The effect of the mass of TiO, and activated carbon on the percentage 2,4-D

degradation was assessed by using a three-level full factorial design with one center
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point. A total of 9 experiments were generated, taking the percentage degradation as
response and the masses of carbon and TiO, as independent variables. The initial

concentration of 2,4-D was 50 mg/L and the masses of carbon and TiO, were 0, 5, and

10 mg. The experimental response was fitted to the following equation:
% Degradation =p, x+f, x:+|33y-l-|3 4f+|35xy-l-ﬁﬁ K- +B_:K:}"‘|‘BEK:}': ™)

where, f;...ps are constants, x represents the carbon mass, and y is the TiO, mass.
Carbon Wo3.30 was selected for these experiments. Figure 5 depicts the variation in
percentage 2,4-D degradation as a function of the mass of TiO, and activated carbon.
The percentage 2,4-D degradation in the presence of carbon or TiO; is very low and is
markedly enhanced by increases in the mass of TiO, and carbon. Figure 5 also shows

that the highest percentage degradation was achieved with the addition of around 8 mg
of both carbon and TiO,.

%D= 0.70x-0.02 x2+ 4.10y - 0.22 y* + 3.53 xy - 0.20 xy*- 0.31 x%y+0.02 x°y*
100 [ \

®
>
v

9/, Elimination

Figure 5. Variation in percentage 2,4 D degradation by the UV/Ti02/Wo3.30 system

with different masses of TiO, and activated carbon. T= 25°C and pH = 7, [2,4-D], = 50
mg/L.
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3.4. 2,4-D photocatalytic degradation in the presence of radical scavengers
Radical species generated in the UV activation of TiO, may give rise to oxidation or

reduction reactions.

TiO, + hu(UV) — TiOs(ecs+hys") (8)

TiO»(hyg') + H,O - TiO, + H'+ HO® 9)
TiOs(hyg') + OH - TiO, + HO® (10)
TiOs(ecg) + 02 — TiO; + 0, (11)
TiOs(ecg) + H™ - TiO, + H® (12)

In order to study which of these species are involved in 2,4-D degradation, experiments
were conducted in the presence of radical scavengers (t-BuOH, COs>, or SO4%). The

reaction rate constant of these scavengers with e,q-, H* and HO® are given in Table 5.

Table 5. Reaction rate constant of radical scavengers with €,q-, H® or HO® radicals [36]

Scavengers Keag kar io®
(M-l s—l ) (M-l S-l ) (M-l s—l )
CO;™” 3.5x10° 3.9x10°
S04~ 1.0x10°
t-BuOH 4.0x10° 1.7x10° 6.0x10°

Figure 6 depicts the percentage 2,4-D degradation as a function of time with the
UV/Ti02/Wo3s.30 system in the presence of t-BuOH (1M), SO42'/CO32' ions (1M/IM)
and SO4* ions (1M). The percentage 2,4-D degradation after 60 min of treatment was
4%, 12%, and 38%, respectively. This figure also demonstrates that i) radical H®
participates in the 2,4-D photodegradation process, and ii) the reduction in 2,4-D
degradation rate is greater in the presence of t-BuOH (HO®, e, , and H® scavenger) than

in the presence of SO4*/CO5* (HO® and €aq SCavenger) or SO~ (eaq Scavenger) ions.

Based on the results in Figure 6, we calculated the contribution of each radical species

to the global 2,4-D degradation by the UV/TiO2/Wops.30 system as a function of
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treatment time by subtracting the degradation kinetics corresponding to each radical
from the overall degradation kinetics obtained by using the UV/TiO2/Wo3.30 system.
The results are depicted in Figure 7 and show that 1) the three radical species participate
in the decomposition of 2,4-D throughout the treatment period, ii) the contribution of H*
to the global removal process increases initially and then remains constant after 30 min
of treatment, iii) the contribution of HO® radicals reduces initially and then remains
constant after 30 min, and iv) the contribution of e,y increases initially and then remains

virtually constant after 30 min.

~1
=

7 Bl UV/TiOy/Wo, 5

ll UV/TiO, /W, 1,/SO,2
B UV/TiO, /W ;3 50/SO,2/CO;52

[ uv/Tio,/ Wy, 5/t- BuOH

th
= <=
1

40 -

% Degradation
LV
=

Time (min) 60

Figure 6. 2,4-D degradation by the UV/Ti02/Wo3.39 system in the presence of radical
scavengers, [t-BuOH]o = 1M, [SO4*]o = 1M, and [SO4*/CO5*Jo = IM/IM. T = 25° C,
pH=7, [2,4-D] = 50 mg/L, mass of TiO; and activated carbon = 5 mg, and V =30 mL.

Following the method reported above and using the same radical scavengers, we also
studied the contribution of the different radicals to 2,4-D degradation with the UV/TiO,
system, i.e., in the absence of activated carbon (results in Figure 8). In contrast to
observations in the presence of carbon Wos.39, 70% of 2,4-D degradation was due to the
contribution of electrons during the first 3 minutes, and this percentage gradually

decreased until it reached 20 % after 60 min, due to the higher contribution of HO®

radicals.
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Figure 7. Contribution of radical species to 2,4-D removal by the UV/TiO2/Wo3.30
system. T = 25° C, pH = 7, [2,4-D] = 50 mg/L, mass of TiO; and activated carbon = 5
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Figure 8. Contribution of radical species to 2,4-D removal by the UV/TiO; system. T =
25°C,pH =17, [2,4-D] = 50 mg/L, mass of TiO, and activated carbon = 5 mg.
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The results shown in Figures 7 and 8 again verify the action mechanism of ozonated
carbons (reactions 1-3) in the UV/TiO,/activated carbon system, confirming the
participation of the electrons initially generated in the production of HO® radicals when

the UV/Ti0,/W o330 system was used.

3.5. Time course of TOC and toxicity during 2,4-D degradation

Key aspects of the effectiveness of treatments of organic compound-polluted water are
(1) the transformation of dissolved organic carbon into CO,, and (ii) the toxicity of the
degradation byproducts. We therefore studied these parameters during 2,4-D
photodegradation.

Figure 9a depicts the variation in TOC concentration as a function of treatment time.
According to these results: 1) the UV/Wq3.39 system does not markedly reduce the TOC,
confirming the low adsorption capacity of the ozone-treated carbon; and ii) the greatest
percentage removal was achieved with the UV/Ti0,/Wo3.39 system, due to the higher

concentration in the medium of radical species, mainly HO® radicals.

Figure 9b depicts the percentage inhibition of Vibrio Fischeri bacteria during 2,4-D
photodegradation with UV/Wo3.39, UV/TiO,, and UV/TiO/Wos.3 treatments. This
percentage was 97 % for the 2,4-D aqueous solution, demonstrating the high toxicity of
2,4-D, but it was drastically diminished with the UV/Ti0O;, and UV/TiO,/W 339 systems
for 5 min o treatment, indicating that the degradation byproducts obtained have a lower
toxicity in comparison to 2,4-D; however for longer treatment times the byproducts

toxicity increased
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Figure 9. Variation in (a) TOC and (b) toxicity during 2,4-D photodegradation with
UV/TiOz, UV/W03_30, and UV/TiOz/W03_30 systerns. T = 25° C, pH = 7, [2,4-D]=50

mg/L, mass of TiO; and activated carbon = 5 mg.
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4. CONCLUSIONS
The presence of ozonated activated carbons with a high carboxyl groups content

enhances 2,4-D photodegradation by the UV/TiO; system.

Carboxyl groups in the graphene planes of the activated carbon participate in the
additional generation of HO" radicals by interacting with the electrons produced by the
UV/TiO, system. Consequently, the contribution of HO" radicals to the global 2,4-D

degradation process is greater at the beginning of the photocatalytic treatment.

The UV/TiO2/Wos.30 system mineralized 40 % of the organic matter present in the
medium, and the toxicity of the degradation byproducts was considerably lower than

that of 2,4-D.
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CONSTANTES DE VELOCIDAD DE REACCION
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HIDROGENO Y RADICAL HIDROXILO
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Highlights
Gamma radiation is effective for degradation of pollutants
from landfill leachates.
The efficiency of the radiation process decreases with
longer exposure time.
The highest efficiencies are achieved time
The degradation of the micropollutants mainly takes place
via oxidation pathway

ABSTRACT
Gamma radiation has been used to induce the degradation of phthalic acid (PA),
bisphenol A (BPA), diphenolic acid (DPA), 2,4- dichlorophenoxy-acetic acid (2,4-

D), and 4-chloro-2-methylphenoxyacetic acid (MCPA) in aqueous solution,
determining the dose constants, removal percentages, and radiation-chemical yields.
Moreover, the determination of the reaction rate constants of these compounds with
HO®, €aq , and H® was carried out. The reaction rate constants of hydroxyl radical
(HO®), hydrated electron (eaq) and hydrogen atom (H®) with these pollutants were
determined by means of competition kinetics, using 3-aminopyridine and atrazine as
reference compounds. The rate constant values of kpyo., ke and ky. were;
4.8+£0.12x10", 9.3£0.03x10°, and 5.5£0.25x10'M”'s™ for PA; 1.7+0.21x10",
7.0£0.07x10°, and 4.7+0.18x10” M"'s™ for BPA; 4.5+0.08x10'°, 7.6£0.12x10°, and
3.120.31x10" M's™" for DPA; 6.6£0.13x10", 9.8+0.35x10°, and 6.8+0.01x10" M''s’
! for 2,4-D; and 3.3£0.02x10"°, 1.5£0.17x10°, and 5.3£0.09x10” M''s™ for MCPA,
respectively. These results indicated that the elimination of these pollutants with
gamma radiation mainly follows the oxidative pathway through reaction with HO®
radical. These rate constant values have been related to the chemical composition of
the pollutant molecules.
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1. INTRODUCTION

Industrial and commercial growth in many countries around the world in the past
decades has been accompanied by rapid generation of municipal and industrial solid
waste, which creates the most serious environmental problems related to landfill such as
the generation of leachates during the decomposition process [1, 2]. Among the
emerging contaminants that have been detected in landfill leachates are plastic additives
and herbicides [3-5]. All these pollutants have potential toxicity towards humans and

animals and are suspected mutagens and carcinogens [6].

Recently, advanced oxidation processes (AOPs) have been demonstrated as potential
alternative processes for the treatment of effluents containing toxic organic chemicals
[7]. AOPs act as source of free radicals, principally hydroxyl radical (HO®). An
excellent source of free radicals for water treatment is ionizing radiation. The use of
gamma radiolysis in the environmental remediation of drinking and wastewater is a
promising technology, since it simultaneously generates oxidizing (HO®) and reductive

(eaq and H®) radical species, allowing to degrade a wide variety of compounds [8-10].

The determination of the reaction rate constants ky;qe, k . and kye is very important for
€aq

the good design of a treatment system based on the simultaneous generation of these
radicals. There are few studies related to the determination of these constants for
pollutants from landfill leachates[11-16]; hence, more effort is necessary to get the

constants data and, thus, to improve the radiation technology for water treatment.

With this background, the objective of this study was to investigate the elimination of
plastic additives (phthalic acid (PA), bisphenol A (BPA), and diphenolic acid (DPA))
and herbicides (2, 4- dichlorophenoxyacetic acid (2,4-D) and 4-chloro-2-
methylphenoxyacetic acid (MCPA)) by using gamma irradiation and to determine the
reaction rate constants of these compounds with HO®, e,y and H® radicals by using
competitive kinetic. These five compounds have been selected as model organic

micropollutants from landfill leachates.
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2. MATERIAL AND METHODS

2.1. Reagents

All chemical reagents used in this study (phthalic acid, bisphenol A, diphenolic acid,
2,4-  dichlorophenoxyacetic acid, 4-chloro-2-methylphenoxyacetic  acid, 3-
aminopyridine, atrazine, potassium nitrate, potassium chloride, potassium bromide, and
hydrochloric acid) were high purity analytical grade reagents supplied by Sigma-
Aldrich. All solutions were prepared with ultrapure water obtained from Milli-Q"
equipment (Millipore). Table 1 presents the physiochemical characteristics of the

selected organic pollutants from landfill leachates.

Table 1. Properties of the selected landfill leachate contaminants.

Molecular Solubility ir
Molecular
Pollutant Weight water  PKa, PKa, PKa,
formula
(g/mol) (g/L)
HO. 0 o
PA 166.13 12.50 290 540 @ --
._-I:H_.
BPA 22829 TSl 0.09 959 1130  --
HO o
DPA 286.33 o 0.40 466 9.70 10.45
2,4-D 221.00 2.16 298 - -
[+ G 5
MCPA  200.62 Yy o 1.38 3.14 - -

o

2.2. Irradiation sources

Irradiation studies were performed using a J.L. Shepherd & Associates MARK-I, model
30J, gamma irradiator in the Experimental Radiology Unit of the Biomedical Research
Center of the University of Granada (Spain). The equipment includes four self-

contained sources of '*’Cs with a total combined activity of 3.70x10"* Bq (1000 Ci).
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The irradiation chamber has a useful volume of 8.25 L and is equipped with a rotation
system to ensure a uniform dose throughout the irradiation volume. All samples were
irradiated in 2 mL vials sealed with screw caps to prevent the entry of air. The
experiments were performed at room temperature (25 = 2 °C). The samples were

bubbled with N,, previously to be irradiated, to avoid the presence of dissolved O;.

2.3. Analytical methods

The concentrations of the five pollutants, as well as of atrazine and 3-aminopyridine, in
aqueous solution were determined by high performance liquid chromatography (HPLC)
in reverse phase, using a liquid chromatograph (Thermo-Fisher) equipped with a UV-
detector and autosampler with capacity for 120 vials. The chromatographic column was
a Nova-Pak® Cig (4 um particle size; 3.9x150 mm). Table 2 presents the experimental

conditions used to determine the concentration of these compounds.

Table 2. Experimental conditions used to determine the concentration of the

selected compounds.

Wavelength  Flow

Compound Mobile phase
(nm) (mL/min)
10% acetonitrile
PA 280 1.0
90% water
50% of 0.4% phosphoric acid
BPA 270 1.5
50% methanol
50% of 0.4% phosphoric acid
DPA 270 1.50
50% methanol
20% acetonitrile
2,4-D 280 1.0

80% water
50% of 0.4% phosphoric acid
MCPA 270 1.0
50% methanol
Atrazine 50% 1 mM ammonium acetate

(Atr) 50% acetonitrile

226 1.0

3-Aminopyridine  20% of 10% orthophosphoric acid
(3-Ampy) 80% water

270 0.5
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2.4. Determination of radiation-chemical yields and dose constants
The effectiveness of the irradiation process is given by the radiation-chemical yield (G-

value) which is calculated by using the following equation.

_[Co-CINy 0
Dx6.24x10'°

where C, is the initial contaminant concentration (mol/L), C is the contaminant

concentration at dose D (mol/L), D is the absorbed dose (Gy), N is the Avogadro

number (6.023x10* molecules/mol) and 6.24x10'¢ is the conversion factor of Gy at 100

eV/L. G-values are expressed in pmol/J, considering 1 moleculesx(100 eV)'= 0.10364

umol/J.

The dose constant, k, was determined by considering that solute degradation kinetic data

fit a pseudo-first order kinetics. The model of pseudo-first order is given by the

following equation:

C=C,xe*P )

Furthermore, the doses required to degrade 50%, Dso, and 90%, Dgo, of the initial

contaminant concentration were calculated using Egs. (3) and (4), respectively.

D Lnk(2) 3)
Dog— Lni{ 10) @)

2.5. Determination of reaction rate constants (kge, kyoe and k _ )
€aq

2.5.1. Determination of kyye

Reaction rate constants of each pollutant with H°® radical were determined by

competitive kinetic experiments using 3-Aminopyridine (3-Ampy) kH;A =2.20x10°
-Ampy
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M's™ as reference compound using the procedure reported elsewhere [17]. In a vial of 2
mL solutions of each compound at pH 1 (HCl 1 M) were added to obtain the desired
concentrations (20 mg/L for each pollutant and 10, 20 and 40 mg/L for each reference
compound) [18]. At pH 1, the G-value of e,q tends to zero and, therefore, the radiation-
chemical yield of H" is increased. Besides, an aliquot of potassium chloride was added
to achieve a concentration of C1” ions of 1000 mg/L since CI ions act as HO" scavenger.

Table 3 summarizes the reaction constants of each radical scavenger used in this study.

Table 3. Radical scavenger reaction rate constants [18].

ke;q kH‘ kHO.
Scavenger 44 o
o' s o' s M s
Cr 4.3x10°
Br 2.8x10’ 1.6x10"
NO5y 9.7x10° 1.4x10° —

The concentration of both compounds (pollutant and reference) was obtained at
different time intervals and the rate constant kye was calculated using the following

equation:

[Pollutant]t)
Ln ([Pollutant]o

ke pottutant = Ki* 3-Ampy Ln ([3 AmpY]t) )
[3-Ampy],

2.5.2. Determination of reaction rate constants (kyoe and k . )
€aq

The same methodology indicated in section 2.5.1 was used to determine the reaction

rate constants kyoe and k . except that the reference compounds were 3-Ampy
€aq

k. =6.10x10°M™'s™ and Atr kyog =1 80x10'° M's7'[17, 19]. Potassium nitrate or

eaq 3-Ampy
potassium bromide were added to the solution and the medium pH was 5.2 or 7.5,
respectively. Nitrate anions act as an e, and H® scavenger with rate constants of

9.7x10° and 1.4x10° M''s, respectively (Table 3) [18, 20]. Therefore, the effective
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concentration of HO® radical is increased by minimizing recombination of e, and HO®
radicals and enhanced the oxidative reactions [21]. On the other hand, Br ions can react
with HO® and H® radicals with rate constants of 1.60x10'° M!s™! and 2.8x10” M's™,
respectively [22, 23], removing them from the medium and leaving free e, in the

aqueous solution.

3. RESULTS AND DISCUSSION

3.1. Degradation induced by gamma irradiation

Highly reactive radical species, mainly HO®, H* and e, are produced in water
radiolysis (Eq. (6)). The extent of their production depends on various factors, including
solution pH, temperature, energy emitted per unit of distance travelled by the incident

radiation in aqueous medium, absorbed dose, dose rate, and presence of dissolved gases.

H,0 s [2.8]HO® + [2.7]e;q + [0.6]H® + [0.72]H,0, + [2.7]H;0" + [0.45]H, (6)

Figure 1 shows the degradation kinetics of the five pollutants by gamma irradiation as a
function of the dose absorbed, at initial concentrations of 20 mg/L and at a dose rate of
1.66 Gy/min. As shown in this figure, the relative concentration (Ca/Cp,) decreased
with the increase in the absorbed dose for all compounds, and it is noticed that the
degradation kinetic of these compounds exponentially decreases with higher absorbed
dose which can be well represented by Eq. (2). Thus, the dose constant, k, for each
experiment was obtained from the slope of the plot of Ln(C/Cao) versus adsorbed dose.
The k values obtained are given in Table 4, where it is observed that PA presented the
highest values of k and MCPA the lowest ones. Furthermore, k values markedly
decreased with higher initial pollutant concentration. An explanation of this behavior is
that a rise in the initial solute concentration increases the byproducts produced, which
compete to react with the radicals species formed in radiolysis and, therefore, the

number of radical species available to react with the pollutant is reduced.

The dose constant, k, was used to calculate the dose required to produce 50% and 90%

pollutant degradation (Dsy and Dyy values) by means of Eqs. (3) and (4). Dsp and Dy
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values (Table 4) were different for all pollutants studied, which confirms the high
influence of the chemical structure of compounds on their degradation by gamma

radiation.

1.0

N
L 0.0
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Figure 1. Degradation of all contaminants as a function of radiation dose. [Cao] = 20

mg/L. Dose rate = 1.66 Gy/min, T = 25°C, and pH = 4.0.

The efficiency of gamma radiation in the degradation of the pollutants was studied
evaluating both degradation percentage and G-values. As an example, the results
obtained for PA (Table 4, Exp. No. 2) are plotted in Figure 2. The G-values for the
radiolytic decomposition of PA were in the range from 0.57 to 0.05 for absorbed doses
lower than 1000 Gy. Interestingly, the G-value diminished with augmenting
accumulated radiation dose but the removal percentage increased. According to these
results, the efficiency of the gamma irradiation process decreases with longer exposure
time. This trend can be explained by (i) the competition for solute molecules between
the reactive radicals produced by water radiolysis, (ii) the competition for reactive
radicals between parent compound and reaction by-products and (iii) radical-radical

recombination reactions, including HO', e,qand H [10]. Because the radical species

increase at higher radiation dose rates, the absolute rates for radical-radical
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recombination reactions also increase, reducing the effective radical concentrations for
reaction with PA. Similar results were obtained for the rest of pollutants, whose
corresponding plots showed a cross point of both curves for dose values in between
100-150 Gy; therefore, gamma radiation is an efficient process for degradation of these
pollutants when using doses of around 100 Gy, because, for these doses high

degradation percentages and radiation-chemical yield are obtained.

3.2. Determination of the radical reaction rate constants kgge, k . and kye
€aq

Figure 3 shows, as an example, a typical graph of a competitive kinetics where
Ln([PA]/[PA]y) is plotted versus Ln([3-Ampy]/[3-Ampy]o). As described in the
experimental section, from this type of figures, the corresponding reaction rate constants
were determined. Table 5 shows the reaction rate constants of the five pollutants with
hydroxyl radical HO", hydrated electron e,q, and hydrogen atom H'. The values of these
constants are similar to those reported by other authors [11-16] for organic compounds
of analogous characteristics to these studied in the present work. It is noteworthy that
the highest rate constant for the degradation of these compounds is kyge. Thus, the

order found was kyge > k . > kye, which indicates that the elimination process of these
€aq

pollutants by gamma radiation mainly follows an oxidative pathway through reaction

with HO® radical.
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Table 4. Experimental conditions and kinetic parameters obtained by gamma radiation at a dose rate of 1.66 Gy/min.
Exp. [PAl, [BPA], [DPA], [24-D], [MCPAl, Gx10  kx10' Dy D, %

No  (mgL) (mgL) (mgL) (mg/L) (mgL) (umold) (Gy-l) (Gy)  (Gy) Degradation
1 10 - - - - 5.7 12.1+£0.6  57.1 189.7 100.0
2 20 - - - - 5.7 4.5+0.3 154.0 511.7 100.0
3 50 - - - - 6.7 29+0.2 2398 796.7 98.0
4 - 10 - - - 1.7 4.3+0.3 162.3 539.3 100.0
5 - 20 - - - 2.8 3.3+20.2  212.6 706.3 98.1
6 - 50 - - - 2.5 1.4+0.1 4814  1599.0 76.5
7 - - 10 - - 1.9 54+0.2  129.1 428.8 100.0
8 - - 20 - - 22 3.0£0.1 2334 775.3 94.6
9 - - 50 - - 4.9 23+0.2 3040 1009.9 86.7
10 - - - 10 - 5.4 6.7+1.3 103.8 344.7 99.8
11 - - - 20 - 5.0 3.0£04 2334 775.3 88.7
12 - - - 50 - 53 1.2+0.1 5729  1903.0 64.0
13 - - - - 10 1.5 3.2+0.2  220.1 731.0 99.5
14 - - - - 20 24 2240.1 3194  1061.1 85.6
15 - - - - 50 24 0.9+0.0  761.7  2530.3 55.5
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Figure 2. G-values and degradation percentage of PA as a function of radiation dose.
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Figure 3. Competitive kinetics data obtained for PA [20 mg/L] and 3-Ampy [10, 20 and
40 mg/L]. Dose rate = 1.66 Gy/min, T = 25°C, and pH=1.0.
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Table 5. Rate constants for the reaction of the selected compounds with species

from water radiolysis.

Kyo k;. Kyyo

Pollutant I_{IO 4 faa i{ 4

(M s™) 0 ) ™m's™h
PA 4.840.12x10" 9.3+0.03x10° 5.5+0.25%10’
BPA 1.7£0.21x10" 7.0+£0.07x10° 4.7+0.18x10’
DPA 4.5+0.08x10"° 7.6+0.12x10° 3.1£0.31x10’
2,4-D 6.6+0.13x10'° 9.8+0.35%x10° 6.8+0.01x10’
MCPA 3.34£0.02x10"° 1.5£0.17x10° 5.3+0.09x10’

The ky;oe values follow the order 2,4-D > PA > DPA > MCPA > BPA, which is similar

to the order found for k _ and kye. This trend could be explain assuming that the radical
€aq

reactions of these pollutants started with the attack of the radical electron to the benzylic
positions of the pollutant molecules, in such a way that C atom in the benzylic position
stabilizes the radicals initially formed. For 2,4-D this possibility does not exist because
there is not C atoms in that position, and, therefore, the reaction progress will be more
rapid than in the rest of pollutants. In the case of BPA, the presence of two aromatic
rings stabilizes the benzylic radicals formed after the attack to the pollutant molecules,

and, therefore, the reaction progress will be slower.
4. CONCLUSIONS

Gamma radiation is an effective treatment for degradation of PA, BPA, DPA, 2,4-D and
MCPA in aqueous solutions. The efficiency of these processes decreases with longer

exposure time. The highest efficiencies are achieved using radiation doses of around

100 Gy.

The reaction rate constants kyge, k . and ky» were determined for these compounds by
Caq

using competition kinetics. The reaction rate constants values obtained are very high
and they demonstrated that the degradation process of these micropollutants mainly

takes place via oxidation pathway.
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The order followed by the reaction rate constants of these pollutants with HO', hydrated

electron e,q, and hydrogen atom H' can be explained by the stability of the benzylic

radicals formed after the attack of these species.
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TRATAMIENTO DE AGUA CONTAMINADA
CON ACIDO DIFENOLICO MEDIANTE
RADIACION GAMMA EN PRESENCIA DE
DIFERENTES COMPUESTOS
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ABSTRACT

The elimination of diphenolic acid (DPA) from contaminated water is an urgent
challenge. The aim of this study was to investigate DPA degradation by gamma
radiation, studying the influence of the dose rate, initial DPA concentration, solution
pH, the presence of O,, and the presence of different additives (e.g., Br', CI’, C032',
NO,", NO3", and SO42'). A further objective was to study the effect of the water
matrix (ultrapure water, surface water, and wastewater) and the variation in total
organic carbon and toxicity as a function of absorbed dose. Results obtained showed
that: gamma radiation was effective to remove DPA from aqueous solution; the dose
constant was slightly dependent on the dose rate; and the solution pH had a major
influence on DPA degradation, which was highest at pH 7. DPA degradation was
reduced in the presence of Br', CI, CO;Z', NO,’, NO3", and SO42' and was lower with
higher concentrations of these species, largely due to their competition with DPA for
the reactive radicals generated, especially HO®. Lower degradation rate constants
were obtained with wastewater and surface water than with ultrapure water due to
the presence of organic matter and HCO;', CI', SO42', and NOj™ ions, which react
with the reactive radical species (HO®, H® and €aq )- The TOC and toxicity of the
medium decreased during DPA degradation in all water types studied.
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1. INTRODUCTION

Endocrine-disrupting compounds (EDCs) are natural and synthetic chemicals that cause
adverse effects in humans and animals by influencing the endocrine system. They are
considered to be a significant cause of reproductive and sexual disorders in animals [1].
Various EDCs are released into the aquatic environment, mainly via the effluent of
sewage treatment plants [2]. EDC concentrations detected in the aquatic environment
range from ng/L to pug/L [3, 4]. Even at low concentrations, EDCs can pose a serious

threat to the endocrine system of humans and animals.

The widespread presence of EDCs in waters indicates that they are inadequately
removed by conventional wastewater treatment processes and are eventually released
into surface waters [2]. Advanced oxidation processes (AOPs) have been proposed as
alternative methods for the treatment of EDCs [5-9]. They are based on the generation
of species with high oxidizing power (e.g., HO® radicals), which interact with the
pollutant, degrading it into byproducts with lower molecular weight and even achieving
its complete mineralization. However, the oxidative pathway is very slow for some
pollutants, for which reductive radicals (e.g., electrons, e,q, or hydrogen radicals, H®)

are more effective [10].

Ionizing radiation is a promising water treatment option because it simultaneously
generates oxidizing and reductive radical species (HO®, H® and e, ) from water
radiolysis (Equation (1)) [11], allowing the degradation of a wide variety of compounds.
Guo et al. [12] found that bisphenol A (BPA) degradation with gamma radiation was a
feasible and effective to remove BPA from aqueous solution, which was largely
attributed to HO® radical oxidation. Other authors have used gamma radiation to
degrade EDCs [12- 14], pesticides [15, 16], nitroaromatic compounds [17], herbicides
[18], and pharmaceutical compounds [10, 19, 20].

H,0 s [2.8]HO" + [2.7]e;q + [0.6]H" + [0.72]H,0, + [2.7]H;0" +[0.45]H, (1)
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The values in square brackets in Equation (1) are the number of molecules formed with

the absorption of 100 eV of energy in an air-free medium at pH 7.0 [11].

Few studies have been published on the removal of diphenolic acid (DPA), a typical
EDC, from aqueous phase by adsorption and photocatalytic processes. Guo et al. [13]
studied the photocatalytic degradation of DPA in the presence of B-cyclodextrin (B-CD)
under UV radiation, reporting its enhancement in the presence of B-CD. Likewise, Guo
et al. [14] investigated the photochemical behavior of DPA in the presence of B-CD and
TiO, suspensions and found that DPA degradation was increased in their presence,
mainly due to the adsorption of DPA on TiO, surface, which facilitates DPA
degradation in the presence of hydroxyl radicals photoproduced by TiO,.

With this background, the aim of this study was to determine the effectiveness of
gamma radiation to degrade DPA in aqueous solution, studying: i) the effect of
operational variables such as: initial concentration, dose rate, medium pH, and the
presence of Oy; ii) the effect of the presence of Br', CI, CO32', NO,", NO;3", and SO42';
iii) the influence of the chemical composition of the water, using natural water samples
(surface water and wastewater); and iv) determining the variation in total organic carbon

(TOC) and toxicity of DPA byproducts.

In this study, DPA was selected as a model EDC pollutant because of its frequent
detection in the aquatic environment [21]. Over the past decade, considerable attention
has been paid by researchers to DPA as a replacement for bisphenol A (BPA) in the
synthesis of new polyesters and polycarbonates [22-27]. DPA is now commercially
available at a much cheaper price than BPA and can be utilized to introduce functional
carboxyl groups into the polymer structure [28]. However, DPA poses the same
environmental risks as BPA, of which it is a derivative. Both compounds exert a strong
estrogenic endocrine disrupting effect and have been associated with cancer, liver
damage, and obesity-promotion, among other adverse health effects. It is therefore

important to remove DPA from waters before their domestic utilization [22].
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2. MATERIAL AND METHODS

2.1. Reagents

All chemical reagents used (diphenolic acid, potassium chloride, sodium nitrite, sodium
carbonate, sodium nitrate, sodium sulfate, potassium bromide, hydrochloric acid,
sodium hydroxide, phosphoric acid, and methanol) were high-purity analytic grade
reagents supplied by Sigma-Aldrich. All solutions were prepared with ultrapure water
obtained with Milli-Q® equipment (Millipore). Figure 1 presents the chemical structure

and species distribution diagram of DPA as a function of solution pH.

1.0
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= =[DPAJ
=< [DPA]>
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Fraction of DPA
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Figure 1. a) Species distribution diagram of DPA as a function of solution pH, b)
Molecular structure of DPA.

2.2. Irradiation sources

Irradiation studies were performed using a J. L. Shepherd & Associates MARK-I model
30J gamma irradiator in the Experimental Radiology Unit of the Biomedical Research
Center of the University of Granada (Spain). The equipment includes four sources of
7Cs with a total combined activity of 3.70x10" Bq (1,000 Ci). The equipment has
three irradiation positions for different dose rates: position 1, 3.83 Gy/min; position 2,
1.66 Gy/min; and position 3: 1.06 Gy/min. DPA samples were irradiated in 2 mL vials

sealed with screw caps to prevent air entry. The experiments were performed at room
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temperature (25 £ 2 °C). Samples were bubbled with N, before irradiation to avoid the

presence of dissolved O,.

2.3. Collection and characterization of water samples

Surface water samples were collected from a drinking water treatment plant and
wastewater samples from a wastewater treatment plant. Both types of waters were
supplied by Aguas y Servicios de la Costa Tropical de Granada in Motril (Granada,
Spain). Standard methods [29] were used to determine their characteristics, which are
listed in Table 1. After their characterization, samples were filtered and stored in cold

until their use.

Table 1. Chemical characteristics of different water types.

Water pH TOC [HCOs] [CIT] [SOs] [NOs]
(mg/L) (mg/L) (mgL) (mg/L) (mgL)

Ultrapure water 6.8 0.0 0.0 0.0 0.0 0.0
Surface water 8.2 14.9 3.6 1.7 59.8 4.28
Wastewater 8.0 103.2 9.2 3.6 88.9 5.99

2.4. Analytical methods

DPA concentration in aqueous solution was determined by high performance liquid
chromatography (HPLC) in reverse phase, using a liquid chromatograph (Thermo-
Fisher) equipped with a UV-detector and autosampler with a capacity for 120 vials. The
chromatographic column was a Nova-Pak® Cjg (4 um particle size; 3.9%x150 mm). The
mobile phase was 50% of 0.4% phosphoric acid solution v/v and 50% methanol in
isocratic mode at flow of 0.5 mL/min; detector wavelength was 270 nm, and injection

volume was 100 pL.

The total organic carbon (TOC) concentration of solutions was determined by using a
Shimadzu V-CSH equipment with an ASI-V autosampler. The toxicity of DPA
byproducts was determined by using a standardized biotest (DIN/EN/ISO 11348-2) of
the inhibition of Vibrio Fischeri bacteria (NRRL B-11177) [30]. Bioluminescence was
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measured with LUMISTOX 300 equipment [31], and results were expressed as

percentage luminescence inhibition at 15 min of exposure.

Degradation byproducts were determined at different irradiation doses (0 to 1000 Gy)
with an initial DPA concentration of 50 mg/L at 25 °C and pH = 7. DPA degradation
by-products were separated from water by means of an ultra-pressure liquid
chromatograph (UPLC, Waters, USA) equipped with a C;g analytical column (2.1x100
mm, 1.7 pm) and coupled to a mass spectrometer (Waters, USA). The mobile phase was
50 % water and 50 % methanol and it was run in isocratic mode. The column

temperature was kept at 25°C and the injection volume was 50 pL.

2.5. Determination of radiation-chemical yields and dose constant
The effectiveness of the irradiation process is given by the radiation-chemical yield (G-

value) which is calculated by using the following equation [32]:

[Cy-CIN
_ 0 A16 @)
Dx6.24x10
where Cy is the initial DPA concentration (mol/L), C is the DPA concentration at dose
D (mol/L), D is the absorbed dose (Gy), N, is the Avogadro number (6.023x10%
molecules/mol), and 6.24x10'° is the conversion factor of Gy at 100 eV/L. G-values are

expressed in pmol/J, considering 1 molecule x (100 eV)'=0.10364 pmol/J.

The initial radiation-chemical yield (Gy) was estimated by fitting the equation (3) to the

experimental data (G vs. D), where d is the rate of variation of G against D.
G = Gyx &P 3)
The dose constant, k, was determined by considering that pollutant degradation kinetic

data fit a pseudo-first order kinetics. The pseudo-first order model is given by the

following equation:
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C=C,xe kP 4)

Furthermore, the doses required to degrade 50%, Dsop, and 90%, Dgg, of the initial

contaminant concentration were calculated using Egs. (5) and (6), respectively.

2
Dso= Lnli ) &)
Doy Lni 10) ©)

3. RESULTS AND DISCUSSION

3.1. Radiolytic degradation of DPA in aqueous solution

Figure 2 depicts the degradation kinetics of DPA by gamma irradiation as a function of
the dose adsorbed, for initial concentrations of 20, 50, and 100 mg/L at a dose rate of
1.66 Gy/min (Table 2, Exp. Nos. 1-3). As shown in this figure, DPA removal increased
with higher absorbed dose, and this effect was more marked at lower initial
concentrations. Table 2 shows the k values obtained and the doses required to degrade
50% and 90% of the initial DPA concentration. As can be observed, the k value
markedly decreased from 3.37+0.00x10° to 1.21+0.01x10° Gy for initial
concentrations of 20 mg/L and 100 mg/L, respectively. One explanation is that a rise in
the initial DPA concentration produces an increase in byproducts, which react with the
radicals species formed in radiolysis and reduce the number of radical species available

to react with DPA.

G-values were calculated for different initial DPA concentrations at a radiation dose of
1.66 Gy/min. They increased with higher initial DPA concentrations (Figure 2), as
previously observed for nitroimidazoles by Sanchez-Polo et al. [20]. This is because the
reactive radicals produced by water radiolysis at higher DPA concentrations had a
greater opportunity to react with DPA molecules, yielding a higher removal efficacy, as

shown by the G-value obtained (Table 2).
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Figure 2. G-values (black symbols) and % DPA removal (white symbols) during
gamma radiation. Initial concentration of DPA: 20 mg/L (o, e), 50 mg/L (o, m), and
100 mg/L (A, A), Dose rate = 1.66 Gy/min, pH = 7.0, and T = 25°C.

The effect of the irradiation dose rate on DPA degradation was investigated by
conducting the degradation kinetics under the same experimental conditions, with an
initial DPA concentration of 50 mg/L, at dose rates of 1.06, 1.66, and 3.83 Gy/min
(Figure 3). There was a slight increase in dose constant with higher irradiation dose
rates, with values of 2.29+0.02x107, 2.74+0.03x10 , and 3.20+0.01x10” Gy for 1.06,
1.66, and 3.83 Gy/min, respectively (Table 2, Exp. Nos. 2, 4, 5), indicating that gamma
radiation is more effective at elevated dose rates. The G-value for the three dose rates
was lower at higher irradiation doses. To facilitate study of the influence of operational
variables on the effectiveness of DPA irradiation, a dose rate of 1.66 Gy/min and an

initial DPA concentration of 50 mg/L were selected for the experiments.
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Table 2. Gamma radiation of DPA-contaminated water: experimental conditions and kinetic parameters.

Exp. [DPA], Dose rate  [Br] [Cr] [COs™]  [NOy] [NOs] [SOZ]  Gyx10 k x10° Ds, %
N° (mg/L) (Gy/min) (mg/L) (mg/L) (mgL) (mg/L) (mg/L) (mg/L) (umold) (Gy)) (Gy) (Gy)
1 20 7.0 1.66 - - - - - - 2.75 3.37£0.00 2056  683.0
2 50 7.0 1.66 - - - - - - 6.61 274£0.03 2526 8393
3 100 7.0 1.66 - - - - - - 6.72 1212001 5729  1903.3
4 50 7.0 1.06 - - - - - - 6.19 229+0.02  303.1  1006.7
5 50 7.0 3.83 - - - - i ) 6.05 3.20£0.01 2165 7192
6 50 2.0 1.66 - - - - - - 0.84 0.48£0.05 14547 48323
7 50 12.0 1.66 - - - - - - 5.50 1.93£0.01  359.9  1195.7
8 50 7.0 1.66 5 - - - - - 2.94 235£0.02 2947  979.8
9 50 7.0 1.66 20 - - - - - 2.66 1.25£0.01 5524 18349
10 50 7.0 1.66 50 - - - - - 1.42 0.84£0.02  822.6 27326
11 50 7.0 1.66 100 - - - - - 0.90 0.58£0.01 12079  4012.5
12 50 7.0 1.66 1000 - - - - - 1.40 0.59+0.01 11789 39162
13 50 5.1 1.66 - 5 - - - - 392 255£0.11 2718  903.0
14 50 5.1 1.66 - 20 - - - - 3.65 1.9540.01 3565  1184.1
15 50 5.2 1.66 - 50 - - - - 3.32 1.74£0.14 3393  1326.5
16 50 5.6 1.66 - 100 - - - - 3.02 1.30£0.06 5324  1768.6
17 50 5.7 1.66 - 1000 - - - - 1.93 0.97£0.03 7157 23776
18 50 8.2 1.66 - - 5 - - - 3.62 2.60£0.07  266.6  885.6
19 50 8.2 1.66 - - 20 - - - 3.17 2.08+0.15 3331 11064
20 50 8.5 1.66 - - 50 - - - 3.33 1.84£0.14 3777 1254.6
21 50 9.2 1.66 - - 100 - - - 2.78 1.46£0.01 4753 15789
22 50 9.9 1.66 - - 1000 - - - 2.60 1.0940.06 6334  2104.0
23 50 6.4 1.66 - - - 5 - - 3.87 238+0.05 2912 9675
24 50 6.4 1.66 - - - 20 - - 3.52 1.9740.09 3513  1167.1
25 50 72 1.66 - - - 50 - - 2.40 1.34£0.04 5163 17157
26 50 7.6 1.66 - - - 100 - - 1.42 0.84£0.02 8226 27326
27 50 7.9 1.66 - - - 1000 - - 1.20 0.60£0.01 11579  3846.6
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Table 2. Gamma radiation of DPA-contaminated water: experimental conditions and kinetic parameters (continued).

Exp. [DPA], pH Doserate [Br] [CI] [CO¥]  [NO;] [NO;] [SO7] Gyx10 Kk x1(1)3 Ds, Dy,
N°  (mg/L) (Gy/min) (mg/L) (mg/L) (mg/L) (mg/L) (mg/)  (mg/L) (umol/J) (Gy) (Gy) (Gy)
28 50 7.0 1.66 - - - - 5 - 3.41 2.60£0.02  266.6  885.6
29 50 7.0 1.66 - - - - 20 - 3.09 2.01£0.05 3448 11456
30 50 7.0 1.66 - - - - 50 - 1.91 1.61£0.03  430.5  1430.2
31 50 7.0 1.66 - - - - 100 - 1.16 1.10+0.09  630.1 20933
32 50 7.0 1.66 - - - - 1000 - 1.30 0.80+0.01  866.4 28782
33 50 7.0 1.66 - - - - - 5 4.05 2.65+0.05  106.6 3542
34 50 7.0 1.66 - - - - - 20 3.55 2.12+0.04  327.0  1086.1
35 50 7.0 1.66 - - - - - 50 373 2.01£0.10 3448  1145.6
36 50 7.0 1.66 - - - - - 100 311 1.64£0.03 4227  1404.0
37 50 7.0 1.66 - - - - - 1000 291 1.20£0.08  577.6  1918.8
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The effect of the irradiation dose rate on DPA degradation was investigated by
conducting the degradation kinetics under the same experimental conditions, with an
initial DPA concentration of 50 mg/L, at dose rates of 1.06, 1.66, and 3.83 Gy/min
(Figure 3). There was a slight increase in dose constant with higher irradiation dose
rates, with values of 2.29+0.02x107, 2.74+0.03x10 , and 3.20+0.01x10~ Gy for 1.06,
1.66, and 3.83 Gy/min, respectively (Table 2, Exp. Nos. 2, 4, 5), indicating that gamma
radiation is more effective at elevated dose rates. The G-value for the three dose rates
was lower at higher irradiation doses. To facilitate study of the influence of operational
variables on the effectiveness of DPA irradiation, a dose rate of 1.66 Gy/min and an

initial DPA concentration of 50 mg/L were selected for the experiments.
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Figure 3. G-values (black symbols) and % DPA removal (white symbols) during
gamma radiation. Initial DPA concentration of 50 mg/L; dose rate: 1.06 Gy/min (o, ®),

1.66 Gy/min (O, m), and 3.83 Gy/min (A, A), pH =7.0, and T = 25°C.

The radiation-chemical yield of species generated in water radiolysis is a function of the
medium pH [33, 34]. Therefore, the irradiation was studied in acidic and basic media

(Figure 4), irradiating DPA aqueous solutions at pH = 2.0, 7.0, and 12.0 (Table 2, Exp.
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N° 2, 6, 7). The lowest DPA degradation was observed at pH = 2.0, with a marked
reduction in the dose constant, k = 0.48+0.05x 107 Gy'l, which was not observed at the
other pH values studied. One explanation for this drastic decrease in DPA degradation
rate is that reaction (7) is favored at pH = 2.0 and the G-value of e,q tends to zero,
increasing the radiation-chemical yield of H®; this supports the hypothesis that H®
radicals are not involved in DPA degradation. Moreover, an increase in the H°
concentration favors the recombination of radicals (reaction (8)) and reduces the
concentration of HO® radicals in the medium, which contributes to decreasing the k

value.
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Figure 4. Effect of solution pH on DPA degradation during gamma radiation. Dose rate

= 1.66 Gy/min, [DPA]y =50 mg/L, and T = 25°C.

H;0" +¢;— H* +H,0 k=2.25x10""M" 5! (7)
HO® + H®* — H,0 k=7.00x10° M ¢! ®)
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Joseph et al. [34] established that the concentration of e, increases between pH = 6.0

and pH = 8.0 by reaction (9), explaining why the highest dose constant (k =
2.74+0.03x10~ Gy™) was observed at pH = 7.0.

H® +HO — H,0+¢;, k=2.0x10"M"s’! )

Finally, the equilibrium in reaction (10) gains in importance at a pH value of 12.0, when
HO?® radicals transform into the less reactive O™ species [34], explaining the lower dose

constant ( k = 1.93+0.01x10 Gy™) at this pH.
HO®*+OH =20 *+H,0 pK,=119 (10)

DPA degradation byproducts were determined at pH = 7 using different irradiation
doses, with an initial DPA concentration of 50 mg/L (see Experimental section). The
results obtained showed that the only stable byproduct found was monohydroxylated

diphenolic acid, whose concentration gradually increased with the absorbed dose.

3.2. Effect of the presence of O, on DPA degradation

Two sets of experiments were performed to examine the influence of O, on DPA
degradation: one with no initially dissolved O, in the solution (samples were bubbled
with N;), and another with a fully aerated solution. Results obtained are shown in
Figure 5. The slightly reduction in DPA degradation observed in the presence of O, may
be due to the reaction of O, with e, species, which shows a reaction rate constant, k =

1.9x10" M s [35].

3.3. Effect of the presence of Br, CI, CO;”, NO;, NOs, or SO,”, on DPA
degradation

Natural waters are complex matrixes containing anions that can interfere with the
radiolytic degradation of DPA by reacting with radical species formed during the
process (Table 3). To study the effect of the presence of anions on DPA degradation,

common anions found in natural water and industrial wastewater (Br’, CI, CO32', NO;,
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NOs5", and SO42') were each added to different 50 mg/LL DPA solutions before their
irradiation. Table 2, Exp. Nos. 8-37, and Figure 6 show the results obtained.
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Figure 5. Effect of the presence of O, on DPA degradation during gamma radiation.
Dose rate = 1.66 Gy/min, [DPA]y =50 mg/L, pH = 7.0, and T = 25°C.

Figure 6 depicts the variation in dose constant, k, as a function of the concentration of
species added to the DPA aqueous solution, showing a decrease in dose constant at
higher concentrations of each anion (Br, CI, C032', NO,, NO;3°, and SO42'). The
reduction in k varied among anions in the order: Br> NO,> NO3™> CI™> CO32'> SO42'.

These results can be explained by the reactions shown in Table 3.

Br ions can act as HO® radical scavengers (reaction 11), forming BrOH®*", which is
involved in reactions 12 and 13 to form Br,* radicals, which can contribute to remove
H*® and €4 species from the medium by reactions 14 and 15. However, the addition of
more than 100 mg/L of Br does not have an appreciably greater effect on the dose
constant (Table 2, Exp. Nos. 11, 12), indicating that this concentration is adequate to

remove all reactive radicals present in the medium.
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Table 3. Reactions of anions Br’, CI, CO32', NO,", NOs", and SO42' with the radiolytic

species HO®, H®, and e, .

Reaction number Chemical Reaction Rate Constant (M~ s™) Reference
(11) HO® + Br — BrOH*" 1.1x10" [35]
(12) BrHO®*" — Br®+ HO" 4.2x10° [36]
(13) Br*+ Br < Bry 1.0x10" [36]
(14) ¢t Bry—>2Br e [37]
(15) H® +Bry” —»2Br+H"* [37]
(16) CI'+HO® — CIOH* 4.3%10° [38]
(17) CIOH* — CI' + HO® 6.1x10° [38]
(18) CIOH" + ¢;, — CI' + HO' 1.0x10" [38]
(19) CIOH* + H;0" — CI* +2H,0 2.1x10" [38]
(20) ClI*+H* > ClI +H' 1.0x10'° [38]
1) CI®+CI' > ClI3 2.1x10" [38]
(22) Cly" + 5, — 2CI° 1.0x10" [38]
(23) Cly"+H® - 2CI' +H* 8.0x10° [38]
(24) HO® + CO3 — COY +HO 3.9x108 [38]
(25) HO*® + HCO; — COY + H,0 8.5x10° [38]
(26) e+ CO3 — COy 3.9x10° [39]
(27) e; + HCO3 — HCO3 6.0x10° [38]
(28) H® + HCO; — COY +H, 4.0x10* [38]
(29) HO*® + NO; — NO3 + HO 6.0x10° [40]
(30) HO® + NO; — HNO, 1.3x10° [41]
(31) H*® + NO; —» NO + HO" 7.1x10° [42]
(32) NOS + H® — HNO, 1.0x10"° [40]
(33) &;q + NO; — NO3* 3.5x10° [43]
(34) H* + NO; — HNO,4 (4.4-6.0)x10® [44]
(35) HO*® + HNO; — H,0 + NO3 (0.88-1.2)x10® [45]
(36) H*® + HNO; — H, + NO3 <1.0x10’ [46]
(37 NO$ + H,0 — HNO;+ HO® 3.0x10? [45]
(38) e; + NO3 — NO3™ 9.7x10° [20]
(39) NO3* + H" - NO, + HO" 4.5x10" [47]
(40) H® + NO; — NOS + HO® 4.4x10° [42]
(41) NOS + H®* — HNO, 1.0x10"° [40]
(42) HO® + NO§ — HONO, 1.0x10" [46]
(43) H® +NO$ — HNO; 1.0x10" [46]
(44) ¢;q + SOF — SOF 1.0x10° [15]
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Figure 6. Variation in dose constant as a function of the species concentration present

in the water. Dose rate = 1.66 Gy/min, [DPA], = 50 mg/L, and T = 25°C.

The presence of Cl ions (5-1000 mg/L) significantly reduced the dose constant (Table
2, Exp. N° 13-17). Chloride ions react with HO® radicals, as shown in reaction 16, but
the radical formed (CIOH®*") may again generate HO® radicals by reaction 17. CIOH*
may also react with e ,q or with H;0" ions (reactions 18 and 19) forming C1° radicals,
which are involved in reactions 20-23 and thereby contribute to removing H® and e,
species from the medium. In most of the present cases, the decrease in dose constant
was lower with the addition of CI” ions versus Br  ions, attributable to the higher
reaction rate constant between HO® radicals and Br” versus ClI'(k = 1.1x10" M s vs. k

=43x10° M s, respectively).

COs5” ions act as HO® radical scavengers (k = 3.9x10° M's™) and can also react with e

aq» although at a much lower reaction rate than with HO® radicals ( k = 3.9x10° M's™).

The equilibrium established in aqueous solution is HCO; < CO? +H', with pK, =

10.33; therefore, at the working pH solution (lower than 10.33), this equilibrium would

shift to the left, with a predominance of HCOj species, involving reactions 25, 27, and
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28 (Table 3). Moreover, CO3* radicals formed by reactions 24 and 28 (Table 3) have a
reduction potential of 1.58 V at pH = 12 and of 1.78 V at pH = 7; hence, CO;* radicals
can oxidize numerous organic compounds [48], including DPA This would explain the
less marked decrease in dose constant in the presence of CO3* than in the presence of

the other anions.

The experimental results showed that low concentrations of NO;" ions in the medium
produced a significant reduction in the dose constant, because NO, ions acted as
inhibitors of HO®, H® radicals, and e’ by reactions 29-33 (Table 3). NOs™ ions act as
scavengers of H® and e, radicals by reactions 34, 36-43 (Table 3) and can act as HO®
radical inhibitors by reaction 35; although the rate constant is lower with HO® (k = 0.88-
1.20x10° M's™) versus €aq (k = 9.7x10° M's™") radicals (Table 3). The dose constant

significantly decreased at higher NO3™ ion concentrations, as depicted in Figure 6.

SO, ions act as radical scavengers of only e’q by reaction 44 (Table 3). Therefore, the
presence of SO42' ions has the least influence on DPA degradation, attributable to the
presence of HO® radicals in the medium and demonstrating that DPA degradation

largely takes place via the oxidation pathway.

The results in Table 2 and Figure 6 show that, in general, the reduction in dose contact
was generally greater when the reaction rate constant of the anion with HO® radicals
was higher, confirming the predominance of the oxidative pathway in DPA degradation
through reaction with HO® radicals. Thus, the DPA degradation reduction was greater in
the presence of Br™ ions versus the other radicals because Br™ has the highest reaction
rate constant with HO® radicals. SO4> ions are not HO® scavengers, explaining why
they had the lowest impact on DPA degradation. To confirm this hypothesis, the rate

constants of the reactions of DPA with HO®, €aq, and H*® were determined (data not

shown), vielding: kyoppa = 4.50+0.08x10" M s, k _ oA 7.60+0.12x10° M 57,

€aq
and Kyrppa = 3.10£0.31x10" M 57!, verifying the key role of the oxidation pathway in

DPA degradation by gamma irradiation.
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3.4. Effect of water matrix on DPA degradation

In order to analyze the applicability of the radiolysis system for DPA degradation in
aqueous solutions, experiments were conducted with ultrapure water, surface water, and
wastewater at an initial DPA concentration of 50 mg/L. Table 1 shows the main
characteristics of these water samples. Concentrations of organic matter (TOC),
bicarbonate, chloride, sulfate, and nitrate ions were higher in wastewater than in surface

water and ultrapure water.

Table 4 lists the dose constants for DPA removal from the three water types, showing
the appreciably lower values in wastewater and surface water than in ultrapure water in
the order ultrapure water > surface water > wastewater (2.74+0.03x107, 1.20+0.11x10"
3, and 0.58+0.03x10~ Gy, respectively). One explanation for this decrease in dose
constant is that the radiolysis-generated species also react with other solutes in the
medium, including dissolved organic matter. This effect was tested by calculating the
inhibition rates of the radical species as a function of their solution pH, organic matter

content, and alkalinity, using the following equations:

THo® = Kyt [H*] +kroc[TOC] + kyco; [HCO3] + ke [CI]+ knos [NO3] (45)

where 1y is the inhibition rate of HO® radicals in s. 1<H+=7><109 Mls

kroc =2.0x10* M 571, k. =8.5x10° M5, kc1_=4.3><109M'1 s, and

Co;

ke = 1.04x10° M 57! [11, 15, 38]. [H'], [TOC], [HCO3], [CI], and [NO3] are the
3

initial concentrations of each species present in the water.

Tepy = Kt [H'] + kroc[TOC] + kiycos [HCO3] + kso; [SO1] + ko [NO3] (46)

where r _ is the inhibition rate of aqueous electron ¢,, in s ky+ =23x10"" M1 s,
Caq

kroc =1.0x10"M7's!, k  =6.0x10°M's?, k , =1.0x10°M's! | and
HCO; N
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kNo' =9.7x10° M ¢! [11, 15]. [SOi'] is the initial concentrations of each species
3

present in the water.

rys = ke [H'] + kroc[TOC] + kycos [HCO3] + ker [CI] + knos [NO3] (47)

where rye is the inhibition rate of H® radicals in s’ kH+=7.8X109 M st

_ 7 ag-l o1 _ 43 p-1 o1 _ 10 pg-1 -1
ktoc =1.7x10" M 57, kHco' 4.0x10" M s, kcr 1.0x10°" M~ s, and

3

ke =4.4x10° M s [11, 15, 38, 42].

O3

Table 4 shows the results obtained for the inhibitory capacity of the three water types

studied. HO®, e,

and H® radical inhibition rates were much higher in wastewater than

in surface water and especially ultrapure water, explaining the markedly decreased dose

constant in wastewater.

3.5 Time course of TOC and toxicity during DPA degradation

Radiolytic treatment of water polluted with organic products changes the structure of
the original compounds, generating byproducts with a lower molecular weight. These
can be mineralized to CO, producing a corresponding decrease in TOC. The usefulness
of radiolysis to treat DPA in water depends not only on the effectiveness of the
degradation but also on the mineralization of organic matter present and the reduction in
toxicity. Therefore, variations in TOC and toxicity were analyzed as a function of the

irradiation dose.

Figure 7 a) depicts TOC values in ultrapure water, surface water, and wastewater as a
function of the irradiation dose. TOC concentrations decreased at higher doses in all
water types. Thus, at a dose of 1000 Gy, the highest percentage mineralization (73%)
was obtained in ultrapure water, followed by surface water (58%), and wastewater

(25%), as expected given the latter’s high concentration of dissolved organic matter.
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Table 4. Dose constants for the removal of DPA from different water types with the HO®, e,, H®, and total radical
inhibition rates.

Gox10 k Xl()3 D5 Dy FHO- Ye- Iryg. I'Total

(nmol/J)  (Gy™") (Gy) (Gy) ) ) ) ™
Ultrapure water  6.61  2.74+0.03  252.64 83926  1.11x10° 3.65x10°  1.24x10° 5.99x10°

Type of water

Surface water 3.15  120+£0.11 557.62 191882  4.65x10° 6.83x10°  5.07x10° 1.65x10°
Wastewater 1.67  0.58+0.03 1195.08 3969.97 2.17x10° 1.02x10°  1.18x10°  4.37x10°




296 Capitulo 7

Figure 7 b) depicts the inhibition percentage of Vibrio Fischeri bacteria in ultrapure
water, surface water, and wastewater as a function of the irradiation dose. Percentage
bacteria inhibition values were lower after than before the treatment; thus, at a dose of
1000 Gy, the toxicity was reduced by around 42%, 32%, and 10% in ultrapure water,
surface water, and wastewater, respectively. These results confirm that the radiolytic

treatment of DPA is most effective in ultrapure water because of the presence of radical
scavengers in natural water samples.

[ Ultrapure water
B Surface water
B Wastewater

400
Dose (Gy) 600 1000
a)
[ Ultrapure water
B Surface water
astewater
100 - . W w
= 80
2
= 60
:E
= 40
[Ren}
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0

100
200
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600

1000
b)

Figure 7. Variation in TOC (a) and toxicity (b) during DPA degradation with gamma

radiation. Dose rate = 1.66 Gy/min, [DPA], = 50 mg/L, pH = 7, and T = 25°C.
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4. CONCLUSIONS

Gamma radiation is a feasible and effective treatment to remove DPA from aqueous

solutions. DPA degradation increases at higher irradiation doses.

The dose constant shows a slight dependence on the dose rate, while the solution pH
exerts a major influence on the DPA degradation rate, whose maximum values is

observed at pH = 7.

DPA degradation is reduced in the presence of Br’, CI, CO32', NO,, NO;5, or SO42', and
this decrease is greater at high concentrations of these anions, largely due to their

competition with DPA for the reactive radicals generated, particularly HO®

Dose constants are lower in wastewater and surface water than in ultrapure water
because they contain organic matter and HCOs', CI, SO42', and NOj™ ions that react with

the radiolytically generated reactive radical species (HO®, H® and e,q).

The TOC and toxicity of the medium are reduced during the DPA degradation,

confirming the suitability of gamma irradiation to treat water contaminated with DPA.
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La revision bibliografica realizada en esta Tesis Doctoral describe la relevancia
ambiental, asi como los procesos mas recientes aplicados para llevar a cabo la
eliminacion del 4cido ftalico, bisfenol A, acido difendlico, acido 2,4-
diclorofenoxiacético y dacido 4-cloro-2-metilfenoxiacético del agua destinada al
consumo humano, aguas residuales, lodos y suelos. En general, los compuestos
seleccionados se suelen encontrar en un amplio rango de concentraciones en los
distintos sistemas considerados, siendo, la mayoria de ellos, disruptores endocrinos. La
revision realizada muestra también que hay numerosos procesos utilizados para la
eliminacion de estos compuestos de los diferentes medios, destacando los procesos
quimicos y bioldgicos, sin embargo, son los procesos de oxidacion avanzada y las
diferentes combinaciones de los mismos los mas eficaces en la eliminacion de los

compuestos estudiados.

El estudio de las cinéticas de adsorcion de acido ftalico, bisfenol A, acido difendlico,
acido 2,4-diclorofenoxiacético y acido 4-cloro-2-metilfenoxiacético sobre carbones
activados comerciales mostré que el uso de modelos difusionales permite una mejor
simulacion de la velocidad de adsorcion de los contaminantes sobre los carbones, ya
que los supuestos considerados en estos modelos se aproximan en mayor medida al
proceso real de adsorcion. Los carbones activados seleccionados presentan una elevada
capacidad de adsorcion de acido ftalico, lo cual puede ser atribuido al establecimiento
de interacciones electrostaticas entre la superficie del carbon activado y el adsorbato. El
proceso de adsorcion del acido ftalico es altamente dependiente del pH de la disolucion,
sin embargo, la fuerza i6nica no tiene una influencia importante en el proceso de
adsorcion de este contaminante. Es interesante destacar el papel de los microorganismos
en el proceso de adsorcion, ya que la presencia de los mismos incrementd
considerablemente la capacidad de adsorcion de los carbones activados para extraer
acido ftalico. La composicion quimica del agua es otra variable importante en el
proceso de adsorcidn del acido ftalico; asi, la mayor capacidad de adsorcion se produjo

al utilizar agua residual, lo cual es debido a la precipitacion de los ftalatos organicos y



la formacidon de complejos entre el anion ftalato y los cationes metélicos presentes en el
agua residual. Ademads, los resultados obtenidos en régimen dinamico confirmaron la
existencia de fenomenos difusionales en el proceso de adsorcion del acido ftalico sobre

el carbon activado.

La eliminacién del bisfenol A mediante procesos de oxidacion avanzada basados en el
uso de radiacion ultravioleta puso de manifiesto que la radiacion ultravioleta no es
eficiente en la degradacion de este compuesto, determinandose un rendimiento cuantico
proximo a cero. Los estudios realizados con los sistemas UV/H,0O,, UV/K,S,;05 y

UV/Na,COs demostraron la gran reactividad del bisfenol A con los radicales hidroxilo

(kno*gpa = 1.70x10'° M s71), sulfato (k =1.37x10° M s7) y

SO; BPA

carbonato/bicarbonato (k =3.89x10° M s)). La velocidad de eliminacion

CO3; /HCO3 BPA
depende, al igual que en el proceso de adsorcion, de la matriz quimica del agua, del pH
de la disolucion y de la temperatura. En este proceso, la mayor velocidad de
eliminacion se observd en aguas residuales, lo cual es debido a una mayor generacioén
de radicales en el proceso de fotoxidacion de la materia organica disuelta. La
mineralizacion de la materia organica disuelta fue mas eficiente utilizando el sistema
UV/K,S,04, donde se obtuvo 76% de mineralizacion a los 60 min de tratamiento,
comparado con el 57 y 38% obtenido con los sistemas UV/H,0, y UV/Na,CO;3,
respectivamente. La aplicacion del sistema UV/K;S,0g redujo la toxicidad del medio,
indicando que los subproductos de degradacion generados son menos toxicos que el
compuesto original. Por otro lado, la aplicacion del sistema UV/H;0; incrementé la
toxicidad del medio después del tratamiento, lo cual representa una desventaja para su

aplicacion en sistemas de tratamiento de aguas.

Los resultados obtenidos en el proceso de fotocatélisis (UV/TiO,/carbon activado) del
acido 2,4-diclorofenoxiacético han permitido dilucidar el papel que presenta el carbon
activado en este proceso. Los datos obtenidos han mostrado que las propiedades
quimicas del carbon activado son las principales responsables del aumento de la
actividad catalitica del proceso combinado UV/Ti0,/carbén activado. Asi, la reduccion

de los grupos carboxilicos presentes en la superficie del carbon activado por los



electrones generados en el proceso fotocatalitico (UV/Ti0,) favorece la generacion de
radicales hidroxilo en el medio, incrementando, de este modo, la eliminacion del 2,4-D.
Ademas, la optimizacion del proceso ha permitido deducir que la variable mas
importante en el proceso basado en el uso simultaneo de UV/Ti0O,/carbon activado es la
dosis de carbon activado adicionada al sistema. Mas aun, el uso combinado de
UV/TiO,/carbon activado conduce a un incremento en el porcentaje de mineralizacion
de la materia organica y a una reduccion de la toxicidad de los subproductos de

degradacion.

La determinacion de las contantes de velocidad de reaccion del acido ftalico, bisfenol
A, acido difendlico, acido 2,4-diclorofenoxiacético y acido 4-cloro-2-metilfenoxiacético
con el radical hidroxilo, el electrén y el atomo de hidrégeno (principales productos
generados en el proceso radiolitico del agua) ponen de manifiesto que la radidlisis se
presenta como una alternativa prometedora en la eliminacion de contaminantes
organicos de las aguas. El efecto de las variables operacionales sobre la eficiencia del
proceso radiolitico se estudié usando como compuesto modelo el 4cido difendlico. Los
resultados obtenidos ponen de manifiesto que el pH de la disolucién desempefia un
papel fundamental en la velocidad de eliminacion. Asi, la maxima degradacion se
alcanza a pH 7. Ademas, los experimentos realizados en presencia de aniones
comunmente encontrados en las aguas naturales (Br’, CI, Cng', NO,, NO;3™ o SO42')
mostraron una reduccion en la velocidad de degradacion del &cido difendlico,
especialmente con aquellos aniones que actiian como atrapadores de radicales hidroxilo.
Es interesante destacar que, independientemente de las condiciones experimentales
utilizadas, la concentracion de la materia orgénica disuelta, asi como la toxicidad de los
subproductos de degradacion se reducen durante el proceso radiolitico del acido
difenolico. Finalmente, los resultados obtenidos con aguas naturales muestran que la
eficiencia del proceso radiolitico se ve reducida en aguas caracterizadas por presentar
elevada concentracion de materia organica disuelta, asi como con aguas caracterizadas
por presentar una elevada concentracion salina, ya que ambos factores actian como

inhibidores de radicales.
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This study investigated the adsorption of phthalic acid (PA) in aqueous phase on two activated carbons
with different chemical natures, analyzing the influence of: solution pH, ionic strength, water matrix
(ultrapure water, ground water, surface water, and wastewater), the presence of microorganisms in
the medium, and the type of regime (static and dynamic). The activated carbons used had a high adsorp-
tion capacity (242.9 mg/g and 274.5 mg/g), which is enhanced with their phenolic groups content. The

iey_"vord;" b solution pH had a major effect on PA adsorption on activated carbon; this process is favored at acidic
A(Cjt;;/:;go;ar on pHs. PA adsorption was not affected by the presence of electrolytes (ionic strength) in solution, but

was enhanced by the presence of microorganisms (bacteria) due to their adsorption on the carbon, which
led up to an increase in the activated carbon surface hydrophobicity. PA removal varies as a function of
the water type, increasing in the order: ground water < surface water ~ ultrapure water < wastewater.
The effectiveness of PA adsorption was lower in dynamic than in static regime due to the shorter adsor-

Phthalic acid
Microorganisms

bent-adsorbate contact time in dynamic regime.

© 2011 Elsevier Inc. All rights reserved.

1. Introduction

Industrial activity has led to the release of a large number of syn-
thetic organic chemicals into the environment [1], including plasti-
cizers and organic esters, which are added to polymers to facilitate
their processing and increase the flexibility and toughness of the fi-
nal product by internal modification of the polymer molecules [2,3].

The extensive use of plasticizers worldwide has resulted in the
presence of phthalates in multiple environments, with evidence of
phthalic acid esters (PAEs) in soils, natural water, and wastewater
[4]. Due to their very large production and wide distribution, PAEs
have become ubiquitous environmental pollutants [5], and some of
them are suspected to be mutagens [6] or carcinogens [7]. They are
also considered to be endocrine disruptors, a group of contami-
nants causing special concern [8].

Large amounts of PAEs are leached from plastics dumped at mu-
nicipal landfills [9]. PAE concentrations in wastewater from chem-
ical plants and nearby rivers ranged from 10 to 300 pg/L, reaching
30 mg/L in wastewater near plasticizer-producing factories [10].

Adsorption on activated carbon is proved to be the most effective
and reliable physicochemical non-destructive technique for landfill
leachate treatment, achieving a higher reduction in dissolved organ-

* Corresponding author. Fax: +34 958248526.
E-mail addresses: ppmendez@ugr.es (J.D. Méndez-Diaz), engdaim@ugr.es
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ic carbon in comparison to chemical methods [11-13]. In fact, the
USA Environmental Protection Agency has acknowledged that
adsorption on activated carbon, one of the oldest water treatments,
is one of the best methods available to remove organic and inorganic
pollutants from water intended for human consumption [14].

Despite its high effectiveness to remove lixiviate-derived con-
taminants, few data have been published on the use of adsorption
on activated carbon to eliminate PAEs from waters [13,15]. Fur-
thermore, there have been no studies on the effect of the aqueous
medium (i.e., natural waters) or of the presence of bacteria on this
process, which are highly relevant issues in the real-life treatment
of waters polluted with PAEs.

With this background, the objective of this study was to exam-
ine the adsorption of phthalic acid (PA), used as model PAE
compound, on two activated carbons with different chemical
characteristics, analyzing the influence of the medium pH and ionic
strength on the adsorption yield. The influence of water type was
studied by means of experiments in ultrapure, superficial, subter-
raneous, and waste waters. The effect on PA adsorption of the
presence of bacteria in the medium was also investigated.

2. Experimental
2.1. Reagents

All chemical reagents used in this study (phthalic acid, potas-
sium phosphates, hydrochloric acid, and sodium chloride) were
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of PAEs in aqueous solutions but also reports on their treatment in soil and sludge, as well as their effects
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1. Introduction

Legislation on the quality of wastewater discharged into the
environment has become increasingly strict and wastewater
reutilization more widespread over recent years, leading to the
development of novel technologies for treating wastewater and
removing new and emerging pollutants (Arévalo et al., 2009). There
is a constant generation of new contaminants with unknown short-
, medium-, or long-term effects on human health and the envi-
ronment, whose maximum permissible concentrations have yet to
be established. Industrial and pharmaceutical pollutants are
causing particular concern due to their continuous discharge into
water and their persistence, even at low concentrations (Klavarioti
et al., 2009).

Industrial waste has been poorly managed and is becoming
a major problem in industrialized regions. Agriculture, chemical,
textile and metallurgic industries consume large amounts of water
that are released into the environment after processing and contain
dissolved toxic substances such as acids, bases, toxic chemical
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compounds and heavy metals, all potentially harmful to the envi-
ronment (Navarro and Font, 1993).

Industrial activity has led to the release of a large number of
synthetic organic chemicals into the environment, including plas-
ticizers and organic esters, which are added to polymers to facili-
tate their processing and increase the flexibility and toughness of
the final product by internal modification of the polymer molecules
(Bauer and Herrmann, 1997; Nascimento Filho et al., 2003). They
are widely used in numerous products, such as medical equipment,
food film, upholstery, flooring, mouldings, gaskets, piping, rain-
wear, electrical wire insulation, roofing systems, vehicle trim/
undercoating, and pond liners, among others. They also serve to
endow paints with special coating properties.

The most widely used primary plasticizers have a low molecular
weight and are designated monomeric plasticizers, distinguishing
them from polymeric plasticizers, which are generally saturated
polyesters. The most common monomeric plasticizers are esters
derived from phthalic acid, although others are derived from
different organic acids, such as phosphates, trimetillates, citrates,
sebacates, and adipates, among others (Titow, 1990; Wickson,
1993). The content of phthalate in a finished plastic product
ranges from 10 to 60% by weight (IARC, 2000).

Polyvinylchloride (PVC) is an excellent example of the industrial
importance of plasticizers (Horn et al., 2004). PVC is one of the most
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The overall adsorption rate of single micropollutants present in landfill leachates such as phthalic acid
(PA), bisphenol A (BPA), diphenolic acid (DPA), 2,4-dichlorophenoxy-acetic acid (2,4-D), and 4-chloro-
2-methylphenoxyacetic acid (MCPA) on two commercial activated carbons was studied. The experimen-
tal data obtained were interpreted by using a diffusional model (PVSDM) that considers external mass
transport, intraparticle diffusion, and adsorption on an active site. Furthermore, the concentration decay
data were interpreted by using kinetics models. Results revealed that PVSDM model satisfactorily fitted
the experimental data of adsorption rate on activated carbon. The tortuosity factor of the activated car-
bons used ranged from 2 to 4. The contribution of pore volume diffusion represented more than 92% of
intraparticle diffusion confirming that pore volume diffusion is the controlling mechanism of the overall
rate of adsorption and surface diffusion can be neglected. The experimental data were satisfactorily fitted
the kinetic models. The second-order kinetic model was better fitted the experimental adsorption data
than the first-order model.
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1. Introduction

Among organic micropollutants detected in wastewater are
those from landfill leachates such as: phthalic acid (PA), bisphenol
A (BPA), diphenolic acid (DPA), 2,4-dichlorophenoxy-acetic acid
(2,4-D) and 4-chloro-2-methylphenoxyacetic acid (MCPA) [1-3].
PA, BPA, and DPA are used as plasticizers, flame retardants, fungi-
cides, antioxidants, and rubber chemicals, as well as in the produc-
tion of epoxy and unsaturated polyesters-styrene resins. They are
considered endocrine disruptor pollutants [4,5]. 2,4-D is a widely
used herbicide in the world [6]; it is commonly preferred because
of its low cost and good selectivity [7], and MCPA is frequently uti-
lized for control of a wide variety of broadleaf weeds in cornfield,
grasses, orchards, grapes, flax, sugarcane, pulses and non-crop
areas. Both herbicides have been frequently detected in drinking
water [8].

Activated carbon is the most commonly employed adsorbent for
industrial applications, especially to eliminate organic compounds
from aqueous solution due to its chemical and textural properties.
Adsorption on activated carbon has been recommended by the USA
Environmental Protection Agency as the best available technology
for removing non-biodegradable toxic organic compounds from
drinking water and industrial wastewater [9].

* Corresponding author. Fax: +34 958248526.
E-mail address: jrivera@ugr.es (J. Rivera-Utrilla).

0021-9797/$ - see front matter © 2012 Elsevier Inc. All rights reserved.
http://dx.doi.org/10.1016/j.jcis.2012.07.004

In previous works [10,11], the adsorption of PA and BPA in
aqueous solution on activated carbons with different chemical nat-
ure were investigated. It was found that the activated carbons used
had a high capacity to adsorb PA due to their phenolic groups con-
tent; moreover, the adsorption capacity was favored at acidic pHs
and it was not significantly affected by the presence of electrolyte.
The adsorption of BPA fundamentally depends on the chemical
nature of the carbon surface and the solution pH. Furthermore,
the presence of electrolytes in solution favored the adsorption pro-
cess due to a screen effect; however, the presence of mineral mat-
ter in carbons reduced their adsorption capacity because of the
hydrophilic nature of this matter. Ayranci and Bayram [12] studied
the adsorption behavior of PA and its three esters: dimethyl
phthalate, diethyl phthalate, and diallyl phthalate onto activated
carbon cloth, and they found that the adsorption process of these
phthalate species followed the first-order kinetic rate. Liu et al.
[13] investigated the adsorption of BPA on granular activated car-
bon modified with nitric acid and thermal treatment. They re-
ported that the experimental kinetic data were well described by
the pseudo-second order kinetic model, as well as that the ad-
sorbed amount of BPA decreased by increasing temperature and
pH. Aksu and Kabasakal [7] studied the adsorption of 2,4-D on acti-
vated carbon. The adsorption equilibrium data were satisfactorily
fitted by the Freundlich and Koble-Corrigan isotherm models,
and the adsorption rate data were interpreted with a pseudo
first-order kinetic model.






Applied Catalysis B: Environmental 126 (2012) 100-107

Contents lists available at SciVerse ScienceDirect

Applied Catalysis B: Environmental

journal homepage: www.elsevier.com/locate/apcatb

Role of activated carbon in the photocatalytic degradation of
2,4-dichlorophenoxyacetic acid by the UV/TiO,/activated carbon system

J. Rivera-Utrilla*, M. Sanchez-Polo, M.M. Abdel daiem, R. Ocampo-Pérez

Department of Inorganic Chemistry, Faculty of Science, University of Granada, 18071, Granada, Spain

ARTICLE INFO ABSTRACT

Article history:

Received 24 May 2012

Received in revised form 12 July 2012
Accepted 16 July 2012

Available online xxx

The objective of this study was to photocatalytically degrade the pesticide 2,4-dichlorophenoxyacetic acid
(2,4-D) by using the integrated UV/TiO, /activated carbon system and to study the degradation kinetics
and the role of the chemical and textural properties of activated carbon in this process. Results obtained
show that the presence of activated carbon during the catalytic photodegradation (UV/TiO,) of 2,4-D
considerably increases its percentage removal. After 60 min of treatment, the highest percentage 2,4-D
degradation is obtained in the presence of the activated carbons with the greatest content of carboxyl
groups. In order to determine the role of activated carbon in this process, we determined the adsorptive
and photocatalytic contribution (UV/TiO;) to the overall 2,4-D removal. The total percentage removal by
the UV/TiO,/activated carbon system is much higher than the value obtained by summing the adsorp-
tive and catalytic contributions, mainly when the carbon has an elevated carboxyl group content. No
relationship was observed between the textural properties of activated carbons and their synergistic
activity; however, the carbons with the greatest carboxyl group content showed the highest synergistic
activity. Together with the results of chemical and superficial characterization of the carbon samples
after their utilization in the photocatalytic process (UV/TiO,), these findings demonstrate that the reduc-
tion of superficial carboxyl groups to alcohol groups is the main pathway by which activated carbon
enhances the additional generation of HO® radicals in the medium. Experiments conducted in the pres-
ence of radical scavengers (carbonate ions, sulfate ions, and t-butanol) revealed that H*, e,q~, and HO*
species participate in the 2,4-D photodegradation. According to the time course of total organic carbon
and toxicity during 2,4-D photodegradation, its complete mineralization is not achieved, and the toxicity
of the degradation compounds is lower than that of 2,4-D.
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1. Introduction ultraviolet (UV) radiant energy by a solid that, in its excited form,

acts as a catalyst for degradation reactions with compounds at

In general, polluted waters are effectively treated by biological
treatment plants using adsorbents or conventional chemical pro-
cesses (chlorination, ozonation, or oxidation with permanganate).
However, these procedures are occasionally unable to degrade the
pollutants present to the levels required by law and for subsequent
use of the effluent. Over the past few years, new technologies have
been developed, known as advanced oxidation processes (AOPs),
which have proven highly effective in the oxidation of numerous
organic and inorganic compounds. The mechanism underlying all
of these processes is the generation of free radicals, especially the
hydroxyl radical (HO®) [1].

An alternative to the generation of free radicals is photocatalysis
on the surface of a semiconductor. Heterogeneous photocatal-
ysis consists of the direct or indirect absorption of visible or
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the solid-liquid interface. Various semiconductor materials pos-
sess suitable characteristics for their utilization as photocatalysts,
i.e., stability, economically affordability and no requirement for
excessively energetic radiation, and those that are activated by the
radiation of the visible spectrum are of particular interest. The lit-
erature includes studies of photocatalysts such as TiO,, ZnO, SnO,
WO3, ZrO,, CeO,, CdS, and Fe oxides, which have all evidenced a
good performance in the removal of numerous pollutants [2-7].

It was recently reported that carbon materials can markedly
improve the photocatalytic process, largely through one of the
three following mechanisms: (i) minimization of the recombina-
tion of photogenerated electron-hole pairs; (ii) modification of
the band gap of the photocatalyst to higher wavelengths; and (iii)
presence of adsorption centers that accelerate contact between
pollutant and catalyst [8-15].

Various researchers have reported a clear correlation between
the photocatalytic activity of carbon/TiO, composites and the
chemical and textural properties of the activated carbon (AC) used
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